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ABSTRACT 
 
It is now well established that a wide range of natural and anthropogenic chemicals 
present in the aquatic environment have the potential to disrupt the endocrine system of 
many organisms. In fish, many of these effects appear to be of a feminising nature, 
including stimulation of vitellogenin production and induction of intersex. In 
piscivorous birds these so called endocrine disrupting contaminants have been shown to 
impair reproduction, influencing reproductive behaviour, sex ratio, eggshell thickness 
and reproductive success. The effects seen in fish have been associated with high levels 
of oestrogenic activity in the effluent from waste water treatments works (WwTWs), but 
few studies have focused on the effects of WwTWs effluents on birds.  
 
In this thesis, the effects of effluents from WwTWs on fish and birds were investigated 
in the Tamar catchment, SW England. The work spanned making detailed assessment 
on the oestrogenic and anti-androgenic activity of 3 WwTWs effluents, using a variety 
of water sampling techniques and applying both recombinant yeast oestrogen screen 
(YES) and recombinant yeast androgen screen (anti-YAS) bioassays to quantify the 
different hormonal activities. A survey was undertaken of the hormonal activities at 13 
sites to determine concentrations of contaminants in the surface waters throughout the 
Tamar catchment, using both recombinant yeast screens and targeted analytical 
chemistry for specific pollutants (LC/MS-TOF and GCMS). An ELISA was developed 
to quantify vitellogenin (VTG) in the bullhead (our study fish sentinel) as a biomarker 
of oestrogen exposure, and evidence of endocrine disruption was investigated in wild 
populations of the bullhead, Cottus gobio and the dipper, Cinclus cinclus. 
Macroinvertebrates from upstream and downstream of three WwTW's effluent 
discharges and from three sampling sites were also sampled as an index of overall water 
quality in the Tamar catchment, and as an assessment of food availability for the 
bullheads and dippers.  
 
For the studies on the hormonal activities in three WwTWs in the Tamar catchment, 
samples were collected by both spot and passive sampling; passive samplers (in 
replicate) were placed in the effluent discharges for a three week period, and collected 
on days 7, 14 and 21, spot samples were taken simultaneously. Measurement of total 
oestrogenic and total anti-androgenic activity was conducted using the YES and anti-
YAS, respectively. Spot and passive samples were collected from 13 sites within the 
Tamar catchment (sampling sites were >2 km downstream of effluent discharges). 
Additionally, liquid chromatography mass spectrometry time-of-flight (LC/MS-TOF) 
was used to measure the concentration of oestrone (E1), 17β-oestrodiol (E2) and 17α-
ethinylestradiol (EE2) in each sample. Gas chromatography mass spectrometry (GCMS) 
was used to measure the concentration of individual PBDE and PCB congeners in the 
spot samples only.  
 
Levels of oestrogenic and anti-androgenic activity observed in the WwTWs effluent 
were comparable with those measured in effluents in the UK and in other countries. 
Surface waters of the Tamar, away from the WwTWs effluent discharges, contained 
very little oestrogenic activity (<1.1 ng E2 EQs L
-1
), and anti-androgenic activity was 
undetectable. Quantification of oestrogenic activity using passive samplers showed an 
increasing amount of total oestrogenic activity between days 7 and 21 when measured 
by the both the YES and LC/MS-TOF. Low levels of PBDE congeners 47, 99, 100, 138 
and 153 were detected in the spot samples taken from the Tamar catchment, with BDE 
47 being the most abundant. In contrast PCBs were undetectable. Neither PBDEs nor 
PCBs were detected in any of the extracts from the passive samples. 
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No assay was available to measure VTG (one of the most widely used biomarkers of 
oestrogen exposure in fish) in the bullhead and so an enzyme linked immunosorbant 
assay (ELISA) was developed for application to studies on wild bullheads in the Tamar 
catchment. The bullhead vitellogenin (bh-VTG) ELISA was developed successfully, 
and proved to be sensitive and robust, with a detection range between 10.5 and 300 ng 
bh-VTG mL
-1
 (undiluted), comparing favourably with other fish VTG ELISAs. Plasma 
VTG concentrations measured in male bullheads (collected from the same sites as for 
the water samples) ranged from below the limit of detection to 990 ng bh-VTG mL
-1
. 
Whether these upper levels in the range reflected VTG induction was difficult to 
conclude. Because of this controlled caged exposures with bullheads and trout were 
used to assess the relative levels of oestrogenicity in two key WwTWs effluent 
discharges and to determine the response sensitivity of the bullheads (and trout) to those 
effluents. These controlled exposures found no responses in plasma VTG in bullheads 
(ranging between 126 and 934 ng bh-VTG mL
-1
) suggesting a lack of sensitivity for 
VTG induction. This was supported by the inability to induce VTG in fish held in the 
laboratory and treated with steroidal oestrogens. For the effluent exposures on the caged 
rainbow trout, it was also found that there was no significant induction of VTG, a 
species normally sensitive to oestrogens. These findings may indicate that the fish were 
highly stressed due to the river being in spate and the movement of the cages during the 
controlled exposures. It may also be the case, however, that the use of immature female 
rainbow trout with a highly variable baseline plasma VTG concentration may prevent 
any detection of a response. 
 
There were no signs of sexual disruption in any of the gonads analysed from either male 
or female wild bullheads, demonstrating that any hormonal activity present in the 
catchment away from the WwTWs effluents was not sufficient to induce adverse effects 
on reproductive development. An interesting feature noted in the male testes of the 
bullheads was the presence of spermatid masses, which have been recorded in 10 other 
Cottidae species, but not previously in the bullhead.   
 
For the studies on dippers, eggs were collected from the nests of breeding dippers to 
measure for sperm numbers and morphology from sperm trapped in the perivitelline 
membrane (PVM), and the yolks were analysed for PBDEs, PCBs and organochlorine 
pesticides (OCPs) by GCMS, for E1, E2, and EE2 by LC/MS-TOF. Eggs of the dipper 
were collected from nests at the 13 sampling sites, plus an additional three sites and 
over three years of field study. The number of sperm trapped in the PVM ranged 
between three and 188, with a mean of 68.78 ± 8.78 SE. Dipper sperm had not 
previously been characterised, and was found to be similar to other passerine sperm, in 
that the head was helical, complemented by a mitochondrial helix or keel, which 
continued in a spiral around the flagellum. Sperm were classed as ‘abnormal’ if they did 
not adhere to this typical structure. No assessment of motility could be made in relation 
to the structural abnormalities seen. Contaminants in the dipper eggs were dominated by 
BDE 99, an unusual result considering the dippers aquatic lifestyle. PCB 153 was the 
most common PCB, and p,p’-DDE was the most abundant OCP; all other pesticides 
tested were below the limit of detection, as were the levels of all three steroid 
oestrogens. There was inter- and intra-nest variability between contaminant burdens in 
all eggs as well as the number of sperm trapped in the PVM, but there was no 
relationship between sperm number and the level of contaminant loadings in the eggs. 
 
There were no correlations between contaminants and oestrogenic activity measured in 
the water samples, and plasma VTG concentrations in bullheads or contaminant 
loadings in eggs, or indeed sperm number. Analysis of macroinvertebrate assemblages 
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proved that the surface waters of the Tamar catchment were of ‘very good’ quality, even 
in close proximity to WwTWs effluent discharges. Indeed the oestrogenicity and 
contaminant loadings in both eggs and surface waters were very low, and this study 
agrees with a national risk assessment that there appears to be no risk of intersex in fish 
in the Tamar catchment.  
 vi 
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CHAPTER ONE:  GENERAL INTRODUCTION 
 
1.1 Endocrine disruption 
 
A wide range of anthropological and natural chemicals enter the aquatic environment 
through several pathways, including point-source discharges (e.g. waste water treatment 
works [WwTWs] and factory waste discharges), atmospheric deposition (e.g. from 
waste incineration) and diffuse discharges (e.g. agricultural run-off or leachate from 
landfill).  
 
It has long been reported that many of these chemicals have the ability to interfere with 
or modulate the endocrine system of animals (Gress et al., 1973; Colborn et al., 1993; 
Tyler et al., 1998; Dawson, 2000; Vos et al., 2000). These chemicals have been termed 
endocrine disrupting chemicals (EDCs). EDCs are generally defined as exogenous 
substances that cause adverse health effects in an intact organism, or its progeny, 
consequent to endocrine function (European Commission, 1996). Understanding and 
assessing the environmental impact of endocrine disruption is difficult. There is not 
only a vast array of compounds that are suspected EDCs (McLachlan & de Kretser, 
2001), but the actions of EDCs differ and may act via multiple mechanisms of action 
(Eertmans et al., 2003). It is also expected that responses and sensitivities will differ 
across species and phyla (Ottinger et al., 2002). Over the last 40 years, many examples 
of reproductive and developmental abnormalities have been reported in a diverse range 
of wildlife, including molluscs, birds, fish and mammals (reviewed by Tyler et al., 
1998; Vos et al., 2000; Sumpter, 2002; Goodhead & Tyler, 2010), many of which are 
associated with chemical exposure.  
 
Many examples of endocrine disruption in wildlife involve animals that live, or are 
closely associated with, the aquatic environment. This is perhaps not surprising 
considering that surface waters act as repositories for large numbers of chemicals – the 
aquatic environment has been termed the ‘ultimate sink’ for both natural and 
anthropogenic chemicals (Sumpter, 1997). Aquatic organisms are particularly 
susceptible to the effects of EDCs. Fish, in particular may be especially susceptible to 
the effects of EDCs due to several aspects of their life history and physiology. For 
example, fish lay their eggs in water, and so their vulnerable early life stages are 
exposed to a complex cocktail of chemicals. Sex determination in fish is particularly 
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sensitive to the effects of steroid hormones and their mimics (Nagahama et al., 2003). 
Fish also take up EDCs by several different routes, including through the skin and/or 
gill epithelium, through dietary consumption, or through the maternal transfer of 
contaminants in the lipid reserves into eggs (Jobling & Tyler, 2003).  
 
Most EDCs identified to date are many times less potent than natural hormones. 
However, many are persistent organic pollutants [POPs], can be present in high 
concentrations in the environment, are able to bioaccumulate in biota, soils and 
sediments, and many are resistant to biodegradation. In addition, chemicals in the 
environment are often present as complex mixtures which may have additive or other 
interactive effects (Thorpe et al., 2001; Silva et al., 2002; Thorpe et al., 2003). Notable 
amongst these chemicals are those that possess oestrogenic activity. Environmental 
oestrogens comprise a diverse group of chemicals, including natural oestrogens 
(oestrone [E1] and 17β-oestradiol [E2]), synthetic oestrogens (17α-ethinylestradiol 
[EE2]), phytoestrogens, and xenobiotics with oestrogenic activity, for example, 
polychlorinated biphenyls (PCBs), polybrominated diphenyl ether (PBDEs) – a flame-
retardant sub-family of the brominated flame retardant group, Bisphenol A, and 
alkylphenols, including nonylphenol (NP). Both field and laboratory experiments have 
provided evidence that exposure to environmental oestrogens can lead to the disruption 
of development and reproduction by mimicking or modulating the actions of steroid 
hormones (Jobling et al., 1998; Danzo, 1998; Tyler et al., 1998; Nolan et al., 2001; 
Liney et al., 2005; 2006; Jobling et al., 2006; Lange et al., 2008).  
 
Several investigations have revealed that xenobiotic oestrogens are less potent, with a 
5,000- to 10,000-fold lower binding affinity to the oestrogen receptor (ER), than the 
natural oestrogens E1 and E2 and synthetic oestrogens, such as EE2 (Matthews et al., 
2000; Tollefsen et al., 2002; Hanafy et al., 2004, 2005). Relatively few xenobiotics 
have been studied in detail to determine their potentially endocrine disrupting 
capabilities, or to identify the mechanisms by which they exert their effects. Even for 
those compounds that have been investigated, the full implications in terms of their 
effects on aquatic organisms, to the individual or at the population level, are not fully 
understood. Interactions with other xenobiotics within complex mixtures, such as those 
found in WwTWs effluents and in the aquatic environment are also not fully understood 
(Thorpe et al., 2006; Jobling et al., 2009). Due to this lack of information, the potential 
threat of EDCs is, and will continue to be, a subject of much debate and controversy. 
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1.2. The endocrine system 
 
The endocrine system in vertebrates comprises a series of ductless glands and organs 
containing secretory cells that release hormones into the blood and regulate and 
coordinate many physiological processes including; growth, development, maturation, 
reproduction and many metabolic processes. There are two main classes of hormones; 
steroid hormones, such as E2 and cortisol, and non-steroid hormones that include 
polypeptides (e.g. thyrotropin-releasing hormone (TRH)), amines (e.g. thyroxine) and 
glycoproteins (luteinising hormone (LH), follicle-stimulating hormone (FSH)). These 
hormones act on a target organ or cell by binding to specific receptors (for oestrogens, 
one of the ERs, inducing specific physiological responses through the release or 
inhibition of other biochemicals, or the up- and down- regulation of genes (Berne & 
Levy, 1993).  
 
The hypothalamic-pituitary-gonadal (HPG) axis controls and regulates reproduction in 
vertebrates (Figure 1.1). A key hormone in this cascade is the decapeptide 
gonadotrophin-releasing hormone (GnRH) released by the hypothalamus, which in turn 
stimulates the pituitary to release gonadotrophins (GtHs). The GtHs (LH and FSH) act 
on the gonads to induce the synthesis of sex steroids and stimulate germ cell 
development. In very broad terms, FSH is involved in steroidogenesis and 
gametogenesis and LH is involved in the final stages of gametogenesis. These sex 
steroids (e.g. oestrogens, progestins and androgens) have a wide variety of effects on 
target tissues. They also exert negative or positive feedback on the hypothalamus or 
pituitary gland, dependent on the concentration of hormone required to meet 
reproductive needs. In addition to the sex steroids, other factors, both from the internal, 
e.g. endogenous rhythms, and external environment, e.g. temperature, also affect the 
HPG axis. 
 
The gonadal hormones, or sex steroids, are small lipophilic molecules derived from the 
precursor cholesterol (Figure 1.2A). Cholesterol is derived from animal fats in the diet, 
and reaches the gonads in the circulating blood, where it is bound to low density 
lipoproteins (LDLs). The LDL-cholesterol complexes are taken up by the gonads and 
broken down there to release free cholesterol.  
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Alternatively, cholesterol can be synthesised within the gonads themselves from its 
precursor molecule, acetate; this is the preferred pathway for generating cholesterol in 
the testis, but not in the ovary. 
 
The sex steroids fall into three main groups; progestin’s (C21; e.g. progesterone [Figure 
1.2B]), androgens (C19; e.g. testosterone [Figure 1.2C]) and oestrogens (C18; e.g. E2 
[Figure 1.2D]). In vertebrates the principle androgens are testosterone and 5α-
dihydrotestosterone (DHT), although in fish 11-ketotestosterone (11-KT) is the major 
HYPOTHALAMUS 
PITUITARY 
 GnRH 
Gonadotrophic hormones (GTH’s) 
FSH (GtH-I) & LH (GtH-II) 
  Oestrogens   Androgens 
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feedback 
  Vitellogenin 
Negative 
feedback 
INTERNAL 
ENVIRONMENT 
[endogenous rhythms, 
nutritional status] 
steroid hormones 
EXTERNAL 
ENVIRONMENT 
[light, temperature] 
 
OVARY TESTIS 
OOCYTES SPERM 
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Figure 1.1. The hypothalamic-pituitary-gonadal axis indicating the major endocrine factors involved in 
the control of the reproductive cycle. The hypothalamus releases GnRH, stimulating the release of 
gonadotrophins from the pituitary gland. Gonadotrophins act on the gonads (ovary and testis) to release 
oestrogens and androgens. Oestrogens stimulate the liver to synthesise vitellogenin, an egg pre-cursor 
protein (After Jobling, 1995).  
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androgen in males. Androgens are synthesised by the interstitial (Leydig) cells of the 
testes. These sex steroids are involved in the regulation of spermatogenesis and 
development of secondary sex characteristics (Cochran, 1992). In females, the thecal 
cells of the ovary are a source of androgens. The zona reticularis of the adrenal cortex, 
in both sexes, produces a significant amount of androstenedione (ASD), which is readily 
converted to testosterone in peripheral tissues.  
 
   
 
 
               
 
 
 
 
 
The aromatisation of androgens, catalysed by cytochrome P450 aromatase, results in the 
production of oestrogens (Crane et al., 2000; reviewed by Hanukoglu, 1992). The 
principle oestrogens in vertebrates are E2 and E1, and are produced in the brain and the 
gonads; in the Leydig cells in males and in the follicular cells in females. E2 is produced 
from testosterone and E1 is produced from ASD. Oestrone (E3) is also important, 
particularly during pregnancy as it supports gestation. In females, oestrogens are 
responsible for regulating female reproductive cycles and development of secondary sex 
characteristics. In fish, oestrogens have key roles in sex determination, sexual 
differentiation (Donaldson, 1996; Baroiller et al.., 1999; Devlin & Nagahama, 2002), 
A B 
C D 
Aromatase 
Figure 1.2. Chemical structures of cholesterol and representatives of the three major classes of 
vertebrate sex steroids: A = Cholesterol; B = Progesterone; C = Testosterone; D: 17β-oestradiol. 
Conversion of testosterone into 17β-oestradiol is catalysed by cytochrome P450 aromatase (after 
Wikipedia, 2009). 
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and sexual maturation (van Boheman & Lambert, 1981), and the female phenotype 
develops in the presence of oestrogens and the male phenotype in the absence of 
oestrogens. Donaldson (1996) showed that it was possible to manipulate gender by the 
application of steroids during sexual differentiation.  
 
1.2.1. Vitellogenesis 
 
One of the functions of oestrogens in all oviparous vertebrates, including fish, is to 
stimulate vitellogenesis. Vitellogenesis is the process whereby yolky eggs are produced 
and involves the synthesis of vitellogenin (VTG; a female-specific 
glycolipophosphoprotein) by the liver in response to circulating oestrogens, principally 
E2. It is then transported by blood to the ovary where it is sequestered from the plasma 
into the developing oocyte by receptor mediated endocytosis (Wallace & Selman, 1981; 
Stifani et al., 1990; Tyler et al., 1990; Tyler et al., 1991; Tyler & Sumpter, 1996). In the 
oocyte, VTG is cleaved into the final egg-yolk proteins - lipovitellin and phosvitin - and 
deposited as yolk granules or platelets (Wallace, 1974). VTG is then stored as yolk to 
act as a nutrient to support the subsequent development of the embryo (Tyler & 
Sumpter, 1996). Also under oestrogenic control are vitelline envelope proteins (Larsson 
et al., 1994; Arukwe et al., 1997) and cathepsin proteases, which are responsible for 
VTG catabolism (Krishnan et al., 1994; Hiramatsu & Hara, 1997; Carnevali et al., 
1999; Kwon et al., 2001).  
 
VTG was first described by Pan et al. (1969) as a female specific protein found in the 
haemolymph of the Cecropia moth Hyalophora cecropia. It was discovered in teleosts 
by Hara (1976) in the chum salmon Oncorhynchus keta and the rainbow trout 
Oncorhynchus mykiss, and described as an iron binding female-specific serum protein 
(FSSP [Hiramatsu et al., 2006]). VTG has now been identified in many other teleost 
species and in multiple forms. In general, all VTG’s have the following five 
characteristics: they are FSSPs; they are pre-cursors for yolk proteins; they are induced 
by oestrogen; they are lipoglycophosphoproteins with molecular weights between 300 
and 600 kDa, and they are carriers of ions (e.g. calcium, zinc, cadmium, iron; Hiramatsu 
et al., 2006). 
 
As mentioned previously, the production of VTG is oestrogen dependent and therefore 
restricted to females. Little if any VTG can normally be detected in the plasma of male 
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fish (Copeland & Thomas, 1988). Males do carry the VTG gene(s), however, and 
exposure to both natural and synthetic oestrogens, and oestrogen mimicking chemicals, 
can trigger expression (Chen, 1983). Indeed, exposure of rainbow trout Oncorhynchus 
mykiss to oestrogenic xenobiotics can induce concentrations of plasma VTG, which are 
at least as high as those normally found in females (100 mg mL
-1
) (Purdom et al., 1994). 
These features of the vitellogenic process, i.e. oestrogen dependency, normal absence of 
VTG in male fish plasma, and large magnitude of change in VTG concentrations make 
VTG a superb biomarker of exposure to endogenous oestrogens.  
 
1.3. The oestrogen receptor (ER) 
 
The majority of stimulatory effects of oestrogenic chemicals are mediated through their 
binding to the ER (Evans et al., 1987). Steroid hormones exert their effects by binding 
to nuclear steroid hormone receptors or by binding to receptors in the plasma membrane 
of the cell and activating cell signalling pathways (Hardy & Valvarde, 1994; Moore & 
Evans, 1999). These receptors may have multiple isoforms, for example both the ER 
and the androgen receptor (AR) have at least two isoforms (alpha and beta) (Kuiper et 
al., 1996; Tchoudakova et al., 1999; Sperry & Thomas, 2000; Xia et al., 2000). A third 
oestrogen receptor isoform has been reported in the seabream Sparus aurata (Socorro et 
al., 2000), Atlantic croker Micropogonias undulates (Hawkins et al., 2000) and the 
zebrafish Danio rerio (Menuet et al., 2004). Filby and Tyler (2005) have also shown 
that the fathead minnow has three ERs that are differentially regulated by oestrogen 
exposure. ERs are found in many tissues with the different isoforms having different 
tissue distribution; in the rat, for example, ERα is found predominately in the ovary and 
uterus of females and the Leydig cells and sperm duct in males, whilst ERβ is found 
predominately in the granulose cells of the pre-ovulatory follicles in females and in the 
Sertoli cells and epididymis of males (Saunders et al., 1998). 
 
1.4. Mechanisms of endocrine disruption 
 
Endocrine disruption is the term used to describe perturbations in physiological systems 
as a consequence of exposure to exogenous compounds/EDCs. There are several 
different ways in which these EDCs may act and disrupt the endocrine system. Gene 
transcription is controlled by receptors, receptor-related proteins and transcription 
factors, and a variety of other factors, all of which differ in different tissues. Exogenous 
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oestrogens might impact any of these processes or proteins to modulate gene expression 
and tissue response. Most chemicals known to disrupt endocrine function are able to 
bind to nuclear steroid receptors (Tyler et al., 1998). Once bound, EDCs can 
consequently mimic or antagonise the action of the natural ligand, for example, 
inducing vitellogenesis. Some xenobiotics, once bound to the ER, do not activate it and 
so therefore block the receptor to the action of the natural hormone. Other xenobiotics 
have the ability to bind or interact with more than one kind of receptor, for example, 
p,p’-DDE can bind to both the AR and ER, albeit with different affinities (Sohoni & 
Sumpter, 1998). EDCs are also able to indirectly affect concentrations of hormones by 
altering their synthesis, metabolism and/or excretion. Oestrogens have also been shown 
to inhibit the meiotic maturation of oocytes in the zebrafish Danio rerio through 
activation of the ER (Pang & Thomas, 2009). Induction of the aromatase enzyme can 
result in feminisation of males, as androgens are converted to oestrogens (Sanderson et 
al., 2000; Hayes et al., 2002). Aromatase inhibitors can reduce the conversion of 
oestrogens to androgens which may result in masculinisation (Bettin et al., 1996; 
Afonso et al., 2002; Kwon et al., 2002; Fenske & Segner, 2004). Xenobiotics have also 
been known to modify the number of receptors in a cell (Romkes et al., 1987; Devito et 
al., 1992). In addition, EDCs can also interfere with signalling between different 
components of the hypothalamic-pituitary-gonadal (HPG) axis which controls and 
regulates reproduction in vertebrates (Dawson, 2000), including pituitary control by the 
pituitary gland on reproductive processes. For example, altered pituitary function as 
determined by depressed levels of plasma gonadotrophin hormone GtH II in males and 
females were ~30 – 50-fold less than levels in control fish, due to bleached kraft mill 
effluent (Van der Kraak et al., 1992). 
 
Most concerns regarding endocrine disruption have focused on chemicals antagonising 
or mimicking the behaviour of hormones, in particular, the mimicking or antagonising 
of oestrogens and androgens, resulting in reproductive problems (Dawson, 2000) and 
sexual disruption (Tyler & Routledge, 1998). The majority of scientific studies in this 
regard have concentrated on feminisation and interference of the natural hormone E2. 
Non-reproductive effects of endocrine disruption have also been reported. As far back 
as 1967, Peakall suggested that DDT was able to alter hormone metabolism in birds, 
and it was suggested by Jeffries & French (1969) that endocrine disrupters were able to 
mimic avian thyroid function. Lans et al. (1993) noted that several different PCB 
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congeners had the ability to bind to the plasma thyroid hormone transport protein, 
transthyretin, in competition with thyroxin.  
 
1.5. Endocrine disrupting chemicals (EDCs) 
 
As discussed in Section 1.1, it has now been recognised that a wide range of chemicals, 
both natural and synthetic, are able to interact with endocrine systems of many 
organisms. Some EDCs have been shown to be quite weak when compared to natural 
compounds, such as alkylphenols, whereas others, for example the synthetic oestrogen 
EE2 is highly potent. In the aquatic environment, many of these chemicals may be taken 
up from the water column into fish via the skin and/or gills, or via ingestion. Jobling et 
al. noted that, in 1998, almost all chemicals known to interact with steroid hormone 
receptors had been found in WwTWs effluent. Many surface waters in proximity to 
WwTWs have been shown to contain natural, synthetic and xenobiotic oestrogens at 
levels higher than the lowest observable effect concentration for induction of VTG, and 
in some cases, intersex induction also in fish (Shore & Shemesh, 2003). Some 
xenoestrogens bear little structural resemblance to natural oestrogens making it 
impossible to predict whether a chemical is oestrogenic by structure alone. Therefore, 
the oestrogenicity of a compound is usually discovered by chance, as with nonylphenol 
(Soto et al.. 1991) and Bisphenol A (Krishnan et al.. 1993), both released from 
laboratory plasticware (Routledge and Sumpter 1996), although Bisphenol A was 
originally designed as an oestrogen for contraception. 
 
The half-lives of these chemicals is also an important factor in determining their 
possible environmental impact. Some EDCs, such as Bisphenol A (BPA) found in 
effluents, have short half lives of only a few days (Staples et al., 1998), while others, 
including the DDT metabolites, have half-lives of up to 50 years, particularly when in 
soil and sediments (Cooke & Stringer, 1982). Degradation products or products of 
metabolism can have a greater endocrine potency than the parent compound. Examples 
of these include alkylphenols, the breakdown products of industrial surfactants (Jobling 
et al., 1996) and p,p’-DDE, the breakdown product of DDT, which was found to be the 
cause of eggshell thinning in birds of prey species, including in the Peregrine falcon 
Falco peregrinus and the bald eagle Haliaeetus leucocephalus (Peakall, 1967; Jeffries 
& French, 1969; Ottinger et al., 2002; Falk et al., 2006).  
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The oestrogenic potency of EDCs in the aquatic environment is affected by their ability 
to bioconcentrate on organisms from the water column or to bioaccumulate via the food 
chain. Many xenobiotic EDCs are lipophilic and can be absorbed via the water, 
sediment and food and can be retained in lipid reserves. Bioconcentration factors 
(BCFs), the ratio of the concentration determined in the organism to the concentration 
detected in the water column, vary for different EDCs. For nonylphenol (NP) in fish 
BCF estimates vary, and are reported at 90 – 125 in the rainbow trout after a 90 day 
exposure to 4-tert-NP (Blackburn et al., 1999), 280 in salmon (McLeese, 1981), 1134 in 
roach fry exposed for 19 days (Ferrara-Leach & Hill, 2000), and from 245 – 380 in the 
fathead minnow when exposed to 0.33, 0.93 and 2.36 µg NP L
-1
 in a flow through 
system for 42 days (Snyder et al., 2001). Tyler et al. (2005) studied the BCFs of 
oestrogenic chemicals in the roach, Rutilus rutilus, and the rainbow trout when exposed 
to two different WwTWs effluents. BCFs for oestrogenic activity in bile ranged from 
16,344 and 46,134 in trout and between 3,543 and 60,192 in roach, with no apparent 
gender differences. Identifying the causative agents of observed endocrine disruption in 
wildlife is further complicated by the fact that organisms are rarely exposed to a single, 
or even a simple mixture of chemicals. 
 
Various tests have been devised to assess EDCs, both in vitro and in vivo, allowing for 
the classification of the mechanism of action of a compound, for example, whether it is 
oestrogenic anti-oestrogenic, androgenic, or anti-androgenic. In vitro tests include VTG 
induction in fish hepatocyte cultures (Jobling & Sumpter, 1993; Celius et al., 1999), 
recombinant yeast screens where the human oestrogen or androgen receptor is 
incorporated into the yeast genome and linked to a reporter system (Arnold et al., 1996; 
Routledge & Sumpter, 1996), and receptor binding assays (Donohoe & Curtis, 1996; 
Vakharia & Gierthy, 2000; Gozgit et al., 2004).  However, compounds that have been 
shown to disrupt the endocrine system because they interact with receptors in vitro, do 
not necessarily induce effects in vivo, as first they must gain entry to the organism and 
reach the relevant target site. Because of this, route of entry into the organism is 
important when assessing chemical potency. In fish the main routes for uptake are 
through the skin, through the gills, and via dietary consumption. In birds, it is 
principally via the diet. 
 
A study on male fathead minnows (Pimephales promelas) by Pickford et al. (2003) has 
shown that exposure to 4-tert- NP via the water was 10-fold more effective at inducing 
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an oestrogenic response when compared with exposure via the oral route. This 
difference may be because ingested material undergoes metabolism in the small 
intestine and liver before entering the blood stream. In this way, metabolism may reduce 
or eliminate the oestrogenic potential of 4-tert- NP before it reaches target organs such 
as the gonads or liver.  
  
Length of exposure also needs to be considered when considering ED potency as some 
lipophilic compounds have been shown to bioaccumulate in organisms (Ekeland et al., 
1990; Snyder et al., 2001). Lai et al. (2002) predicted bioaccumulation factors (BAFs) 
of E1, E2, EE2 and E3 for a variety of taxa, including fish. BAF gives a measure of the 
partitioning of compounds between organisms and their surrounding environment 
and/or diet. E2 had the highest BAF in all fish in relation to the other natural oestrogens, 
with levels ranging from 5.8 to 61. EE2 had a BAF in fish of 170 to 332. The 
significance of any oestrogen accumulation may be dependent on the physiological state 
of the organism when exposure occurs. For male fish, which generally contain very 
little (pg mL
-1
) to non-detectable amounts of natural oestrogens in their plasma (Degani 
et al., 1998; Knapp et al., 1999), any increase in oestrogen concentration in their body is 
more likely to induce physiological changes. Such effects may be amplified if fish are at 
a juvenile or immature stage, when they are more sensitive to oestrogen levels (Tyler et 
al., 1998). In in vivo studies, life stage of the organism may also be of consequence - 
early life stages have been known to be more sensitive to the actions of some EDCs 
(Gray et al., 1999; Koger et al., 2000; van Aerle et al., 2002; van den Heuvel & Ellis, 
2002; Brion et al., 2004). It is also expected that responses and sensitivities will differ 
across species and phyla (Ottinger et al., 2002), as there may be differing sensitivities to 
the actions of EDCs due to differences in steroid metabolism and/or receptor affinity of 
particular species (Oehlmann et al., 1998; van der Belt et al., 2003; Tyler et al., 2005). 
 
1.5.1. Natural steroid oestrogens 
 
E2 is the principle vertebrate oestrogen, exhibiting the highest potency. Natural 
oestrogens are detected in surface waters derived from WwTWs discharges and 
agricultural practices. Steroid oestrogens are regularly detected in WwTWs effluent 
worldwide, at concentrations between 1 and 100 ng L
-1
 WwTWs effluents, in particular 
E2, but also E1 and E3 (Desbrow et al., 1998; Lee & Peart, 1998; Ternes et al., 1999; 
Rodgers-Gray et al., 2000; Spengler et al., 2001; Eggen et al., 2003). 
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Run-off from cattle, sheep, pig and poultry farming and from the spread of manure can 
result in concentrations up to 2.5 ng L
-1
 of natural sex steroids in ground and surface 
water (Ankley et al., 2003; Hanselman et al., 2003a; Hanselman et al., 2003b; Raman et 
al., 2004; Soto et al., 2004). Cattle excrete mostly 17α-oestradiol, E2, E1, and their 
sulphated and glucuronidated counterparts, whereas swine and poultry excrete mainly 
E2, E1, E3, and their sulphated and glucuronidated counterparts. Levels of oestrogens in 
surface waters are much lower than in WwTWs effluents due to dilution and 
biodegradation, as well as significant sorption to bed sediments (Holthaus et al., 2002; 
Peck et al., 2004). Generally, concentrations of steroid oestrogens in river water range 
from <1 to 8 ng L
-1
 (Ternes et al., 1999; Kuch & Ballschmiter, 2001; Petrovic et al., 
2002; Murk et al., 2002).  
 
Excretion of oestrogens from the body is either in the free form or as conjugates 
(glucoronides or sulphates). Some free steroids are released from the body due to 
bacterial deconjugation in the gut. Bacterial deconjugation of the less active 
glucoronides (sulphates are more resistant to degradation) also occurs in WwTWs and 
river water (Panter et al., 1999; Ternes et al., 1999).   
 
Exposure to E2 has effects on reproductive development in male fish, including VTG 
induction (Sumpter & Jobling, 1995; Routledge et al., 1998; Jones et al., 2000), 
production of vitelline envelope proteins (Hyllner et al., 1991; Larsson et al., 1994), the 
inhibition of spermatogenesis and/or the inhibition of testicular growth (Panter et al., 
1998; Condeca & Canario, 1999; Flammarion et al., 2000; Folmar et al., 2001; 
Zaroogian et al., 2001; Moncaut et al., 2001), ova-testis formation (Koger et al., 2000; 
Metcalfe et al., 2001; Kang et al., 2002), gonadal duct feminisation (Gimeno et al., 
1996), and alterations in the development of male secondary sexual characteristics 
(Doyle & Lym, 2002; Kirby et al., 2003). In addition to this, reproductive behaviour 
may be affected; in male goldfish Carassius auratus and the mosquito fish Gambusia 
affinis exposure to E2 (at concentrations of 1 and 10 µg E2 L
-1
, and 100 and 500 ng E2 L
-
1
, respectively) has been shown to cause a decrease in levels of reproductive behaviour 
(Bjerselius et al., 2001; Doyle & Lim, 2002). Exposure to very high levels of exogenous 
E2 in the early life stages of salmonid fry has been shown to cause complete sex reversal 
(Donaldson, 1996). 
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E2 is not normally found in the environment at high concentrations, but it does have 
high potency to some organisms at low levels and is able to accumulate in sediments. 
Because of dilution in surface waters and sedimentation, bioavailability is likely to be 
reduced, although long term exposure can result in biological effects at lower exposure 
concentrations (Desbrow et al., 1998; Rodgers-Grey et al., 2000).  
 
1.5.2. Synthetic oestrogens 
 
Environmentally important synthetic oestrogens include EE2, and historically, 
diethylstilbestrol (DES), the chemical structures of which are shown in Figure 1.3. 
 
 
              
 
Figure 1.3. The chemical structure of (A) 17α-ethinylestradiol (EE2) and (B) diethylstilbestrol (DES) (after 
Wikipedia, 2009) 
 
DES is an orally active synthetic non-steroidal oestrogen that was first synthesized in 
1938. It was prescribed to pregnant women to prevent miscarriages, but in 1971, on a 
study of young women in their first trimester of pregnancy, Herbst et al. found DES to 
be a teratogen, linking it to adenocarcinoma (CCA) of the vagina and cervix in female 
offspring, reproductive tract structural differences, pregnancy complications, infertility, 
and auto-immune disorders. Male offspring were found to be at an increased risk for 
non-cancerous epididymal cysts and auto-immune disorders. Diethylstilbestrol was also 
found to cause feminisation of the male foetus, as DES undergoes metabolic 
epoxidation, and the epoxide product has affinity towards the ERs. In some cases their 
sons had only one testis or both were found in the abdominal cavity. In 2002, a study 
indicated that maternal usage of DES resulted in a 20-fold increase in prevalence of 
hypospadias in their sons (Klip et al., 2002), although a follow-up study showed the 
risk, though still present, to be much less (Brouwers et al., 2006). DES, however, was 
never banned, although its use was discontinued throughout the world by 1994. During 
A B 
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the 1960’s DES was used as a growth hormone in the beef and poultry industry, it was 
later found to cause cancer and was phased out in the late 1970’s (Gandhi et al., 2000).  
 
One of the most common synthetic oestrogens used today is EE2, a derivative of 
oestradiol. It is an orally bio-active synthetic steroidal oestrogen used in almost all 
modern formulations of the combined oral contraceptive pill and was first synthesised in 
1938. It is also prescribed for use in hormone replacement therapy (HRT). EE2 is 
hormonally effective by activating the oestrogen receptor. While oestradiol is readily 
absorbed when taken orally, it is also quickly inactivated by the liver. Producing an 
oestrogen that was much more resistant to degradation (by substituting an ethinyl group 
at C17 of the oestrone steroid) paved the way for the development of oral 
contraceptives. It is now estimated that up to 13 % of the total female population in the 
UK use the combined contraceptive pill and up to 3 % are prescribed HRT (Johnson et 
al., 2000). 
 
After absorption in the small intestine, EE2 is significantly metabolised by the liver. 
Whilst in circulation, EE2 is bound to the plasma protein albumin. It is excreted in both 
faeces and urine after being broken down by hydroxylation. When excreted it is, in part, 
as biologically inactive glucuronide and sulphate conjugates.  
 
It is the substitution at the C17 position that renders EE2 between 11- and 27-fold more 
potent at inducing VTG in vivo in immature male rainbow trout (Thorpe et al., 2003) 
and 30 fold more potent at inducing VTG in vivo in adult zebra fish (van den Belt et al., 
2004). It is also because of this difference at C17 that EE2 persists for longer in the 
environment than natural steroid oestrogens due to its resistance to degradation (Tabak 
et al., 1981; Jurgens et al., 2002). Desbrow et al. (1998) showed that the solubility of 
EE2 in pure water and in waste water is approximately 3-fold less soluble than E2, at 4.2 
and 4.7 mg L
-1
 respectively, and is believed to contribute to the increased resistance of 
EE2 to biodegradation when compared to that of natural steroid oestrogens. 
 
EE2 has been demonstrated to induce VTG synthesis in male fish at concentrations of 
0.1 ng L
-1
 (Purdom et al., 1994; Sheahan et al., 2002), cause inhibition of testicular 
growth at concentrations of 2 ng L
-1
 (Jobling et al., 1996), inhibition of spawning in 
females at 10 ng L
-1
 (van den Belt et al., 2001) and complete sex reversal of male fish 
when exposure (at 4 ng L
-1
) took place during sexual differentiation (Lange et al., 
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2009). A complete population of the fathead minnow Pimephales promelas in a 
Canadian lake was shown to collapse after fish were exposed to 5-6 ng EE2 L
-1
 over a 
three year period (Kidd et al.., 2007). Piferrer & Donaldson (1992) demonstrated that 
complete sex reversal in the Chinook salmon Oncorhynchus tshawytscha could be 
induced by exposure to high doses of EE2 for just two hours during a 10 day window 
either side of hatching. The incidence and severity of intersex in wild roach have been 
found to significantly correlate with predicted concentrations of EE2 (Jobling et al.., 
2006).  
 
EE2 has been detected in WwTWs effluents at concentrations ranging from 1 to 100 ng 
L
-1
 (Tabak et al., 1981; Desbrow et al., 1998; Ternes et al., 1999; Ying et al., 2002), and 
also downstream of WwTWs effluent discharges, at concentrations between 0.4 and 3.4 
ng L
-1
 have been reported in the UK (Aherne & Briggs, 1989; Williams et al., 2003).  
 
1.5.3. Natural and synthetic steroid androgens 
 
Androgens are responsible for the control of development and maintenance of 
masculine characteristics in vertebrates. This includes the activity of the accessory male 
sex organs and development of male secondary sex characteristics. In cells, the AR 
resides in cytosol and upon ligand binding, translocates to the nucleus where it binds to 
the regulatory regions of androgen-responsive genes and subsequently stimulates their 
transcription (Keller et al., 1996). Anti-androgenic compounds bind to the AR, but 
block its transcriptional activity (Roy et al., 2004). The main natural androgens are 
testosterone and 5α- dihydrotestosterone (DHT). 
 
Synthesised in the testes, prostate gland, hair follicles and adrenal glands, DHT is the 
biologically active metabolite of testosterone (Figure 1.4.). DHT is three times more 
potent than testosterone; testosterone is 5-10 times more potent than adrenal androgens.   
While DHT is best known for its roles in causing male pattern hair loss and prostate 
problems, it is crucial to virilisation and is necessary to mitigate the effects of 
oestrogens in men. DHT is an important contributor to other characteristics generally 
attributed to males, including facial and body hair growth, and deepening of the voice.  
 
DHT is the androgen of choice in research when distinguishing between the effects of 
testosterone caused by binding to the androgen receptor and those caused by 
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testosterone's conversion to oestradiol and subsequent binding to oestrogen receptors 
(Swerdloff & Wang, 1998), as DHT cannot be converted by the enzyme aromatase to 
oestradiol.  
 
             
 
Figure 1.4. The chemical structure of (A) testosterone and (B) 5α- dihydrotestosterone (DHT) (after 
Wikipedia, 2009). 
 
 
Kuwada et al. (2006) studied the effects of exposure to testosterone and DHT on 
neonatal rats and found that testis weights were significantly reduced. It also suppressed 
pubertal steroidogenesis, although testis weight was completely restored during puberty.  
  
Androgenic activity in the environment has been reported in pulp and paper mill 
effluents (Svenson and Allard, 2004), cattle feedlots (Orlando et al., 2004; Soto et al., 
2004) and in river water and effluents from wastewater treatment plants (Thomas et al., 
2002; Blankvoort et al., 2005). Anabolic agents are used in the cattle industry to 
increase growth. Observed effects have been shown to be reduced testes size, changed 
secondary sex characteristics and decreased testosterone synthesis in male fathead 
minnows (Orlando et al., 2004), after Soto et al. (2004) measured androgenic activity of 
between 0.15 and 3.75 pM DHT EQ’s at four sites downstream of a cattle feedlot. The 
development of male secondary sex characteristics and a lowered oestrogen:testosterone 
ratio in female mosquitofish, Gambusia affinis (Parks et al., 2001) was measured 
downstream of a paper mill. Both field and laboratory exposure studies have 
demonstrated the masculinising effects of paper mill effluent on mosquitofish (Bortone 
& Cody, 1999; Drysdale & Bortone, 1989).  
  
Androgenic activity, and the presence of specific androgens, has been reported in 
WwTWs effluents. Total androgenic activity found in WwTWs effluents, with only 
primary treatment, ranged between 34 and 635 ng L
-1 DHT EQ’s (Thomas et al., 2002). 
B A 
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This study also assessed the in vitro androgenic activity (using the YAS) of UK 
estuaries.  It was found that most levels of androgenic activity in surface waters were 
below the level of detection (<2 ng L
-1
). 
 
Another synthetic androgen, 17α-methyltestosterone (MT), is an anabolic steroid used 
to treat men with a testosterone deficiency. Seki et al. (2004) studied the chronic effects 
of MT on the reproductive status of medaka Oryzias latipes over two generations. Fish 
treated with 27.75 ng L
-1
 MT showed male secondary sex characteristics and no fish 
with ovaries could be discerned. Several fish that had been exposed to 9.98 ng L
-1
 
showed male secondary sex characteristics, even though they had ovaries. Results 
indicated that MT reduced the reproductive potential of the medaka. 
 
Pawlowski et al. (2004) assessed the effect of MT on the sexual development and 
reproductive performance of the fathead minnow, Pimephales promelas, when exposed 
to concentrations of 0, 0.1, 1, 5 and 50 µg MT L
-1
. Females were generally more 
affected than males and showed male secondary sex characteristics when exposed to 
concentrations of 0.1 and 1 µg L
-1
 MT. An inhibitory effect on ovary growth occurred at 
an exposure concentration of 50 µg L
-1
 MT. In males 1 µg L
-1
 MT induced a 
concentration–response induction of plasma vitellogenin (an oestrogenic effect). 
Hornung et al. (2004) determined that MT can be aromatised into the potent oestrogen 
17α-methylestradiol. Therefore, the authors concluded that the observed oestrogenic 
effects on the male fish were due to the conversion of MT to 17α-methylestradiol rather 
than MT competing with endogenous steroids and their cross reactivity with the ER. 
 
1.5.4. Synthetic anti-androgens 
 
Anti-androgens are androgen agonists and are capable of preventing or inhibiting the 
effects of androgens at the sight of the androgen receptor, by blocking, competition, or 
obstruction. Anti-androgens are used to treat prostate cancer or enlargement, male 
pattern baldness and hirsutism.  
 
The interaction of anti-androgenic chemicals with the androgen receptor may influence 
the normal sexual differentiation of males and may lead to male reproductive disorders 
(Kelce and Wilson, 1997). Anti-androgenic activity of chemicals has been hypothesised 
to be related to adverse effects of male reproduction (Fisher, 2004; Jobling et al., 2009). 
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In vitro assays have been established to screen for androgenic and anti-androgenic 
activity of chemicals. While androgenic activity in rivers may be in part a result of 
microbial degradation of phytosterols to progesterone’s and then to androgens (Jenkins 
et al., 2004), anti-androgenic activity is mostly known from anthropogenic compounds. 
Several compounds have been described to act as anti-androgens, e.g. the fungicide 
Vinclozoline (Sohoni and Sumpter, 1998), the insecticide Fenthion (Kitamura et al., 
2003), the herbicide Linuron (Lambright et al., 2000), the industrial compounds 
Bisphenol A (BPA) and Nonylphenol (NP) (Lee et al., 2003), the insecticide 
Fenitrothion (Tamura et al., 2001) and the fungicide Prochloraz (Vinggaard et al.., 
2002). Anti-androgenic activity also was detected in diesel exhaust particles (Kizu et 
al., 2003) and in components of sunscreens (Suzuki et al., 2005). 
 
1.5.5. Polychlorinated biphenyls (PCBs) 
 
Polychlorinated biphenyls (PCBs) are so named as they have 1 to 10 chlorine atoms 
attached to biphenyl. Biphenyls are molecules composed of two six carbon atom 
benzene rings (Figure 1.5), formed by the chlorination of benzene with chlorine gas. 
Different PCBs are identified by a given number, determined by the positioning of the 
chlorine molecules on the two benzene rings. 
 
 
Figure 1.5. The chemical structure of PCBs (after Wikipedia, 2009).  
 
 
Previously, PCBs were used as in the electrical industry, as well as in adhesives, paints 
and carbon-less copy paper. PCB production was banned in the 1970’s due to the high 
toxicity of most PCB congeners and mixtures. 
 
PCBs are lipophilic and bioaccumulate in organisms (Lieb et al., 1974; Evans et al., 
1991). Although surface water concentrations are low, concentrations of PCBs are often 
measured in the µg kg
-1
 range in aquatic life, or organisms that feed on aquatic life, 
including fish (Nimi & Oliver, 1983; Harshbarger et al., 2000), seals (Muir et al., 2003), 
and cetaceans (including the bottlenose dolphin Tursiops truncates [Vetter et al., 2001; 
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Storelli & Marcotrigiano, 2003], the beluga whale Delphinapterus leucas [Hobbs et al., 
2003], and the humpback whale Megaptera novaeangliae [Metcalfe et al., 2004]), and 
in land dwelling mammals (e.g. the polar bear Ursina maritimus; Anderson et al., 
2001).  
 
In marine mammals, sex related differences are often observed in the body burdens of 
PCBs; with mature females usually having lower levels (Beland et al., 1993; Muir et al., 
1996; Ross et al., 2000; Hobbs et al., 2003). This is due to the maternal transfer to 
offspring of these lipophilic compounds through the placenta and during lactation 
(Addison & Brodie, 1987; Oehme et al., 1995; Pomeroy et al., 1996; Wolkers et al., 
2004). PCB metabolism leads to the generation of hydroxylated metabolites and many 
of these have been shown to have oestrogenic or anti-oestrogenic properties in vitro 
(Fielden et al., 1997; Layton et al., 2002), and in vivo (Bergeron et al., 1994; Crews et 
al., 1995; Qin et al., 2007). Some PCB hydroxylates completely inhibit thyroxine 
binding to transthyretin (thyroid hormone transport proteins; Lans et al., 1993).  
 
The oestrogenic activity of PCBs first came to light in 1970, and associated studies 
quickly established that some were also toxic and bioaccumulative (Hansen et al., 
1975), and could impair reproductive performance capabilities in a variety of animals 
(Platonow & Reinhart, 1973; Nebeker et al., 1974). The oestrogenic nature of some 
PCBs had been shown to reverse gonadal sex in turtles (Crews et al., 1995) and affect 
uterine development in rats (Gellert, 1978). Some of the 209 PCB congeners also have 
thyroid-disrupting activity (Darnerud et al., 1996), and are especially bioaccumulative 
(Guiney et al., 1979; Tyler et al., 1998).  
 
PCB residues in the environment have declined since the 1980’s (Fensterheim, 1993) 
and rarely do PCB concentrations in aquatic environments exceed 1 µg L
-1
 (McFarland 
& Clarke, 1989), however they have very high BCFs due to their persistence in the 
environment. It is estimated that 70 % of the world production of PCBs is still in stock, 
and therefore, have the potential to enter the environment. PCBs have been detected in 
sewage sludge in the range of 110 – 140 µg g-1 (dry weight) in UK WwTWs (Stevens et 
al., 2003). The ability of PCBs to persist in the environment, and to travel long 
distances through the atmosphere, together with their ability to concentrate through the 
food chain and exert toxic effects on wildlife and humans, makes them a matter of 
global concern. 
CHAPTER ONE 
46 
 
1.5.6. Polybrominated flame retardants (PBDEs) 
 
Polybrominated diphenyl ethers (PBDEs) represent a class of flame retardant chemicals 
akin to that of PCBs in their functionality, and there is much debate about the potential 
health affects surrounding these chemicals.  
 
PBDE commercial mixtures have been used to flame retard many manmade materials, 
including textiles (not clothing), building materials, polystyrene and in the outer casing 
as well as the internal components of electrical equipment, such as TV sets, computer 
equipment and other household appliances (Hooper et al., 2007). The majority of 
commercial PBDE mixtures have been banned from manufacture, sale, and use within 
the EU since concerns were raised after it was discovered that there had been a sharp 
increase in the concentration of certain PBDEs in human breast milk over a 10 year 
period (Meironyte et al., 1999; Noren & Meironyte, 2000), and exposure levels to 
infants were similar to those shown to cause neurotoxicity in animal experiments (Costa 
& Giordano, 2007).  
 
However, bans on the manufacture and use of PBDEs within the European Union have 
only recently come into effect (The European Parliament and the Council of the 
European Union, 2003; BSEF, 2008). The use and disposal of materials produced 
before the ban, combined with their environmental persistence, means that PBDEs will 
likely continue to be an environmental issue of concern for years to come. 
 
The basic structure of brominated diphenyl ethers consists of two hydrocarbon rings 
linked together with an oxygen molecule (Figure 1.6). The individual PBDE congeners 
are defined by the number and location of bromine molecules surrounding the central 
diphenyl ether structure.  In essence this means that there are 209 possible congeners, 
ranging from mono-BDEs with one bromine molecule to BDE 209, or decaBDE, with 
ten bromines surrounding the central BDE structure. Some PBDE congeners are more 
easily synthesised than others and so these congeners are found in the highest 
concentrations in commercial mixtures. There are three commercial PBDE mixtures: 
pentaBDE containing mostly tetra- and pentaBDE congeners (i.e. those congeners with 
4 or 5 bromine molecules), Octa-BDE containing hexa- to nonaBDE congeners (6 to 9 
bromines), and DecaBDE consisting primarily of the largest congener, BDE209.  
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Figure 1.6. The basic structure of BDE congeners; showing the diphenyl ether structure surrounded by 
bromine molecules, the number and location of which dictates the congener (after Wikipedia, 2009). 
 
 
The PBDE congeners that tend to be found at the highest concentrations in the 
environment, specifically BDE 47 (tetraBDE), 99, 100 (pentaBDEs), and 153 
(hexaBDE), mirror those that are found in the highest concentrations in commercial 
mixtures. Once in the environment the lower congeners (those with fewer bromines) 
tend to be more mobile and as a result have a tendency to leach into freshwater and 
marine ecosystems.  Higher congeners, in particular octa- to decaBDEs, are heavier and 
are therefore more likely to become associated with the particulate matter of soils and 
sediments. 
 
First detected in the environment in 1979, PBDEs have now been found widely in the 
environment (Allchin et al., 1999), and levels are generally higher in aquatic species 
than in terrestrial species (Sellström et al., 1993; Pijnenburg et al., 1995). PBDEs are 
highly resistant to degradation, and so are able to bioaccumulate in animal tissue 
(Allchin et al., 1999; Gustaffson et al., 1999). PBDEs, either as single congeners or as 
commercial mixtures, have been shown to induce several potential toxicological effects.  
The ability of PBDEs to induce a reduction in levels of thyroxine (T4), a hormone 
essential for the regulation of growth and development, has been proved both in 
laboratory studies (Zhou et al., 2001;  Hallgren et al., 2001;  Hallgren & Darnerud, 
2002) and via biological sampling of wild populations (Fernie et al., 2005).  This in turn 
can be related to a string of other negative effects, such as a reduction in vitamin A 
(retinol) concentrations (Simpson et al., 2000) and an increase in liver somatic indexes 
(Darnerud et al., 2001; Zhou et al., 2001). 
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CONGENER GROUP COMMERCIAL MIXTURE 
  PentaBDE 
(%) 
OctaBDE 
(%) 
DecaBDE 
(%) 
TriBDE 0-1   
TetraBDE 24-38   
PentaBDE 50-62   
HexaBDE 04-08 10-12  
HeptaBDE  43-44  
OctaBDE  31-35  
Nona-BDE  09-11 0.3-3 
Deca-BDE   0-1 97-98 
 
 
 
 
In rats, exposure to low doses of BDE 99 has been shown to reduce the concentration of 
circulating thyroid hormone (Kuriyama et al., 2007). Exposure to PBDEs has also been 
linked to neurotoxic effects.  For example, rats and mice exposed to BDE 99 or BDE 
209 during early stages of development, such as during their time in the womb or 
shortly after birth, have been shown to express significant deviations in several 
behavioural parameters later in life (Viberg et al., 2003; Viberg et al., 2004). 
 
Some PBDE congeners have also been tested for carcinogenicity and shown single dose 
related increases in liver tumours (Hooper & McDonald, 2000). Concentrations in 
invertebrates derived from industrial areas have been recorded up to 480 ng g
-1
 lipid 
(Yunker & Cretney, 1996), and in fish at concentrations of up to 27 µg g
-1
 lipid in 
muscle tissue and 110 µg g
-1
 lipid in the liver (Andersson & Blomkvist, 1981). 
 
Although the toxicological effects of PBDEs tend not to be as severe as those of PCBs 
(Hallgren et al., 2001; Hallgren & Darnerud, 2002), they are still such that they should 
be considered a concern for animals exposed to the compound.  In addition, the 
potential for additive effects in animals exposed to a mixture of organic pollutants are 
not yet fully understood, meaning that there is potential for PBDE contaminants to 
increase the negative effects of other, more toxic pollutants (Hallgren & Darnerud, 
2002). 
 
 
 
Table 1.1. The proportions of each BDE commercial mixture made up of the different sized congener 
groups, tri-BDE with three bromines to deca-BDE with ten.  Data are taken from Darnerud et al. (2001), 
originally from IPCS (1994) 
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1.5.7. Organochlorine pesticides and fungicides  
 
Organochlorine pesticides have a long history of widespread use worldwide. These 
compounds are typically very persistent in the environment, and are known for 
accumulating in sediments, plants and animals. Organochlorines have a wide range of 
both acute and chronic health effects, including cancer, neurological damage, and birth 
defects, and many are suspected endocrine disruptors. Organochlorine pesticides are 
insecticides composed primarily of carbon, hydrogen, and chlorine. They break down 
slowly and can remain in the environment long after application and in organisms long 
after exposure. 
 
The most notorious organochlorine is the insecticide dichlorodiphenyltrichloro-ethane 
(DDT). Promoted as a ‘cure all’ insecticide in the 1940’s, DDT was widely used in 
agricultural production around the world for many years. It was also the chemical of 
choice for mosquito control; until the 1960’s, DDT was sprayed throughout local 
neighbourhoods in the US, and was used to combat malaria during this period.  
 
DDT and its metabolites have been shown to have various endocrine disrupting effects, 
including acting as a weak oestrogen (o,p’-DDT and p,p’-DDT; Tyler et al., 1998) and a 
very potent anti-androgen (p,p’-DDE; Kelce et al., 1995). Concentrations in most 
environments however, are generally now at, or below, the no-observable-effect 
concentration. DDT was banned in many countries in the 1970s in response to public 
concern and mounting scientific evidence linking DDT with damage to wildlife. Since 
then, agricultural uses of DDT have been outlawed worldwide. Nevertheless, in 
developing countries where DDT based insecticide usage still occurs (for mosquito 
control), concentrations in water sources have been recorded as high as 10 µg L
-1
, and 
still at these levels they would induce endocrine disturbances in exposed animals 
(Begum et al., 1996). 
 
Other commonly known organochlorines that have been banned include aldrin, dieldrin, 
toxaphene, chlordane and heptachlor. Others that remain in use include Lindane, 
Endosulfan, Dicofol, Methoxychlor and pentachlorophenol. Lindane, Endosulfan and 
Methoxychlor all have endocrine disrupting properties (Eroschenko, 1981; Thorpe et 
al., 2001).  
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These chemicals can still be found in surface waters at biologically effective 
concentrations and can induce gonadal development aberrations, VTG induction, 
behaviour changes, such as exploring and learning responses, and disrupt ionic 
regulation in fish (Davy et al., 1973; McNicholl & Mackay, 1975; Begum et al., 1996; 
Donohue & Curtis, 1996; Metcalfe et al., 2000). Photosynthesis inhibiting herbicides 
Linurom, diuron and metabolites of the fungicide Vinclozolin are also anti-androgens 
(Kelce et al., 1994; Thorpe et al., 2001). Other pesticides reported to have endocrine 
activity include the pyrethroids, including Permethrin, Fenvalerate, and Cypermethrin 
(Tyler et al., 2000; McCarthy et al., 2006; Jaensson et al., 2007; Sun et al., 2007). 
 
1.6. Endocrine activity of WwTWs effluents 
 
Traditionally, WwTWs technology has been designed to combat the problems of 
nutrient enrichment and microbial contamination, while more recent advances have 
concentrated on nitrogen and phosphorus removal (Jones et al.. 1998; Randall and Sen 
1996; Rogalla et al.. 2006; Sriwiriyarat and Randall 2005a; Sriwiriyarat and Randall 
2005b). However, there are many natural and synthetic compounds, including 
oestrogens and xenoestrogens, which may not be removed by these systems, leading to 
their discharge into the aquatic environment. WwTWs receiving domestic and industrial 
waste release a complex and ill-defined mixture of these chemicals into the aquatic 
environment due to partial or complete resistance to biodegradation during treatment 
processes (Desbrow et al.. 1998). 
 
Humans and animals excrete oestrogens as inactive polar conjugates, with most going 
through bacterial deconjugation to free oestrogens in untreated sewage before or during 
treatment (Ternes et al., 1999). Wastewater received by each WwTWs varies between 
locations and over time. Each WwTWs services a different population, receiving input 
from domestic households, businesses and industries, as well as run-off from streets. 
The input of wastewater is described in terms of population equivalent (PE). A PE value 
of 1 is the amount of oxygen-demanding substances, whose oxygen consumption during 
biodegradation equals the average oxygen demand of the wastewater produced by one 
person, with a 5 day biological oxygen demand (BOD5) of 60 g oxygen per day. The PE 
loading of a WwTWs influent is calculated on the basis of the maximum average 
weekly load entering the plant during the year, excluding unusual situations, such as 
heavy rain. 
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Domestic wastewater can be partitioned into greywater i.e. that generated by household 
processes, such as laundry, bathing and washing dishes, and blackwater - describing 
wastewater containing faecal matter and urine, containing a variety of EDCs. In 1998, 
Desbrow et al. firmly established that natural and synthetic steroidal oestrogens were 
responsible for a significant proportion of the oestrogenic activity in wastewater. Steroid 
oestrogens are eliminated from the body in urine as biologically inactive glucuronide or 
sulphated conjugates. Most of which are rapidly cleaved to free oestrogens in untreated 
sewage through microbial processes before or during sewage treatment (Ternes et al., 
1999). However, Desbrow et al. (1998) identified the biologically active forms in 
WwTWs effluent, at measured concentrations of 1 ng L
-1
 to almost 80 and 50 ng L
-1
 for 
E1 and E2, respectively, suggesting that deconjugation occurs readily, or before 
reaching, the WwTWs. EE2 was detected in three of the effluents at concentrations 
ranging from 0.2 to 7 ng L
-1
 (Desbrow et al., 1998). A study by Johnson et al. (2007) 
assessed a wide range of WwTWs throughout the UK for oestrogenic activity. Results 
revealed that concentrations of E2 ranged between 0.7 and 5 ng L
-1
. Chemical 
fractionation of the effluent samples suggested that natural and synthetic oestrogens 
may be responsible for the oestrogenic effects in male fish (Routledge et al., 1998; 
Desbrow et al., 1998). It has been demonstrated that conjugated oestrogens can be 
readily metabolised back to the parent compound with minimal bacterial activity (Panter 
et al., 1999). It has also been documented that oestrogenic activity of wastewater may 
increase as it passes through a WwTWs, after primary treatment (Zhang et al., 2008), 
and Tilton et al. (2002) reported the presence of E2 glucoronides in treated WwTWs 
effluent.  
 
Because of the potential health impacts of many contaminants, effluents and receiving 
waters need to be routinely monitored to satisfy the requirements of legislative 
frameworks and directives, although this is not routinely done due to a contaminants 
endocrine disrupting ability (Vrana et al., 2005). Many toxic compounds have been 
designated priority pollutants and their measurement is necessary to ensure that water-
quality standards are maintained. Sampling and analysis is now carried out for a broad 
range of environmental contaminants, including chlorophenols, organo-chlorine 
pesticides, polyaromatic hydrocarbons (PAHs), PCBs, and PBDEs. The most common 
sample collection method is spot sampling. Spot sampling is routinely carried out to 
assess the levels of BOD, suspended solids, phosphates, nitrates and ammonia, and is 
often a collection method used to analyse other contaminants. Concentrations of 
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environmental oestrogens in water samples are usually assessed by chemical analysis 
and in vitro assays (cell based or receptor binding [Rutishauser et al., 2004]). One of the 
basic tools available to measure oestrogens in surface waters or effluents is the yeast-
based reporter-gene assay or yeast oestrogen screen (YES [Routledge & Sumpter, 
1996]); other methods include competitive receptor binding assays, cell proliferation 
assays, and protein production assays. The increasing incidence of damage to 
reproductive systems and developmental problems found in both wildlife and humans 
has caused concern that environmental contaminants that mimic the biological activities 
of the female hormone oestrogen (Colborn & Clement, 1992) were becoming ever-
present in the environment.  
 
1.6.1. Factors affecting endocrine activity of WwTWs effluents 
  
Over recent years, both regulators (DEFRA; EA) and water companies have become 
increasingly concerned about the level of oestrogenic and other compounds (e.g. 
pharmaceuticals) in WwTWs effluents, as well as in the wider aquatic environment, 
such as rivers, streams and groundwater.  
 
The treatment process employed at a particular WwTWs will affect the quality of the 
effluent. Most small WwTWs will employ primary and secondary treatment, with the 
larger works employing tertiary treatment. Secondary treatment is the key step in 
removing organic carbon. Organic compounds are utilised by microorganisms to 
generate energy and, ideally, allow the release of carbon dioxide. Aeration of the fluid 
plays an important role in maintaining bacterial activity. This aeration allows bacterial 
growth and substrate utilisation. The process can take different forms, but the main 
treatment in larger urban works is activated sludge tanks, with some WwTWs 
employing biological filters. Other processes in common use are rotating biological 
contactors, biological aerated flooded filter tanks, and continuously operated upward 
flow filters. The three WwTWs studied in this thesis employ activated sludge, biological 
filters and rotating biological contactors. 
 
Tertiary treatment is generally employed at WwTWs servicing large populations. This 
treatment includes disinfection, nutrient stripping, and filtration. Disinfection includes 
UV treatment or the addition of chlorine to the water.  
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In addition to these treatments, endocrine activity can be affected by the proportions of 
domestic influent and industrial influent to the WwTWs. Retention time within the 
works will also affect the endocrine activity of the final effluent. In some WwTWs, the 
quality of the wastewater, in terms of BOD and chemical oxygen demand (COD), is 
continuously monitored throughout its course through the plant so treatment processes 
employed, and the length of time for each treatment process can vary depending on the 
quality of the effluent at any given time. Endocrine activity is also affected by seasonal 
and temporal changes. There are often higher levels of rainfall in winter months. High 
rainfall can reduce the endocrine activity of WwTWs effluents, due to a dilution effect. 
High rainfall, however, can cause a reduction in the retention time in a WwTWs, due to 
an increased flow rate of wastewater passing through, thus reducing the biodegradation 
of the endocrine active components in the wastewater. Lower temperatures in winter, 
however, can reduce the efficiency of the microbial communities responsible for 
degradation of organic matter within the wastewater treatment processes; there is an 
optimum temperature range for bacterial degradation. In summer months, lower rainfall 
can mean that wastewater received by the WwTWs and the effluent discharged to rivers 
can be more concentrated, but higher temperatures may allow microbial communities 
within the WwTWs to function effectively. There are also significant diurnal changes in 
the composition of wastewater entering a WwTWs, due particularly to the changes in 
composition of the domestic proportion of the wastewater. There are generally two time 
periods each day where volumes of water consumed are increased; in the morning, and 
again in the evening.  
 
1.7. Endocrine disruption in wildlife 
 
1.7.1. Fish 
 
Fish are the most successful group of vertebrates and display a high degree of 
heterogeneity in their physiology, anatomy, behaviour, and ecology. There are over 
25,000 different species of fish, including cartilaginous and bony fish (Bond, 1996). Of 
these, only a small proportion of fish species have been thoroughly investigated 
(physiology, distribution, reproductive strategies, and genetics), and data on cyprinids 
and salmonids dominate the literature (Bond, 1996). Both aquatic respiration and 
osmoregulation may contribute to an increased exposure of EDCs to fish; the high 
ventilation rate of fish may increase their exposure to waterborne contaminants to the 
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respiratory surfaces of gills (Van Der Kraak et al., 2001). In addition, features of fish 
gills, such as the countercurrent system of blood and water flow, high surface area, and 
thin epithelial membranes, may increase the uptake of compounds from the water and 
their transfer to the bloodstream.  
 
Sexual disruption in fish as a consequence of effluent exposure was first reported by 
Thames Water over 25 years ago. It was found that populations of wild roach, living in 
a sewage effluent settlement lagoon, were found to be hermaphroditic, containing a 
gonad comprised of both ovarian and testicular tissue. Roach are usually gonochoristic 
(single sexed) and this finding was deemed unusual (Tyler & Routledge, 1998). 
 
In another study, male rainbow trout exposed to a WwTWs effluent, held at a Ministry 
research station just downstream of WwTWs effluent discharges, responded to the 
effluent by synthesising the yolk protein precursor VTG. Some of the male fish had 
levels of plasma VTG up to 147 mg mL
-1
, equal to or exceeding that of mature females 
(Purdom et al., 1994). VTG is oestrogen dependant so usually only found in females, as 
discussed in Section 1.2.1. The occurrence of VTG in the male fish was therefore 
symptomatic of the presence of oestrogens in the water (Tyler & Routledge, 1998). 
Extensive studies were subsequently conducted to investigate the oestrogenic activity of 
WwTWs effluents on a national scale. Caged rainbow trout were placed at 28 locations 
throughout England and Wales. In some cases, the effluent was lethal to the trout, but 
those which survived all showed the response of VTG induction. This indicated that 
WwTWs effluents nationally were highly oestrogenic to fish (Tyler & Routledge, 
1998). 
 
Various fish species in both marine and freshwater environments have now been shown 
to have feminised effects as a consequence of exposure to chemicals with oestrogenic 
properties. Intersex and VTG induction is becoming an increasingly recognised 
phenomenon in fish exposed to WwTWs effluent. It has been suggested by Jobling et al. 
(2002) that the reproductive success of wild roach living in rivers that receive treated 
sewage effluents is likely to be compromised. Similar studies have now been carried out 
in the US, Germany, and France, with similar results (Tyler et al., 1998; Tyler & 
Jobling, 2008; Lange et al., 2009). At present no data exists to suggest that the bullhead, 
Cottus gobio, the study fish species for this thesis, is undergoing the same effects, but it 
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is likely that they are, suggesting that the reproductive success of bullheads living in UK 
river are also likely to be compromised.  
 
Many species of fish move up and down the course of a river and therefore most 
riverine populations are very likely to be exposed to WwTWs effluents, and the 
environmental oestrogens they contain, at some stage in their lives. Exposure to these 
discharges and chemicals will vary throughout the year and in some rivers, WwTWs 
effluent may comprise up to 80 % of the flow of the river (Tyler et al., 1998). VTG 
induction and testicular abnormalities have also been detected in male European 
flounder Platichthys flesus obtained close to a WwTWs in the Tyne estuary, UK (Lye et 
al., 1997; 1998). These effects were subsequently related to the exposure to, and 
bioaccumulation of, several oestrogenic alkylphenols (Lye et al., 1999). In some 
industrialised estuaries in the UK, levels of plasma VTG in male flounder were as high 
as 20 mg mL
-1
 (Matthiessen et al., 1998; Allen et al., 1999a; 1999b). In contrast to this, 
male flounder, in estuaries of rural catchments with little industrial inputs, were found 
to have non-detectable levels of VTG (Matthiessen et al., 1998). When abnormal 
gonadal development was first discovered in fish, it was found to occur simultaneously 
with VTG induction.  
 
Many studies were based on fish in close proximity to WwTWs effluent discharges; fish 
were found to be affected by the oestrogenic chemicals in these effluents, abnormalities 
included inhibition of testicular growth (River Aire; Harries et al., 1997). A study by 
Jobling et al. (1996), which exposed rainbow trout to environmentally relevant 
concentrations of alkylphenols, also found that fish displayed inhibition of testicular 
growth, similar to the inhibition noted in the study by Harries et al. (1997). Ovotestis, 
the presence of eggs in the testis, has been documented in wild roach and gudgeon 
downstream of WwTWs effluent discharges. The proportion of fish with ovotestis 
ranged from just a few percent to 100 % in the case of wild roach in the Rivers Aire and 
Nene. The severity of ovotestis condition ranges from the occasional oocyte in an 
otherwise normal testis, to large areas of mature ovarian tissue, and is presumably a 
result of exposure to exogenous oestrogens during critical stages of gonadogenesis 
(Jobling et al., 1998a; Tyler & Routledge, 1998). Impaired milt production and 
feminised or absent vas deferens have also been documented in some fish exposed to 
WwTWs effluent discharges (Jobling et al., 1998b; Gimeno et al., 1996). 
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1.7.2. Birds 
 
Several aspects of the biology of birds make them potentially vulnerable to EDCs. Birds 
have a high metabolic rate and high rates of metabolism and food consumption. These 
factors together with increased rates of metabolic biotransformation of xenobiotics, may 
contribute to an increased exposure to environmental contaminants. Migration, 
courtship, and parental care require high expenditures of energy and are often 
accompanied by periods of starvation. Birds respond to these situations by mobilising 
stored lipids, thereby raising the potential of increased exposure to lipophilic 
contaminants that are subsequently released from fat where they tend to be deposited.  
 
Bird species vary in terms of the young at hatching. Precocial birds are in an advanced 
stage of development; the young are relatively mature and mobile from the moment of 
hatching with well-ossified skeletons, with good sight, and covered with feathers, 
whereas those in early stages of development at hatching are termed altricial. Altricial 
species are those whose newly-hatched young are relatively immobile and helpless, lack 
down, and must be cared for by adults for a comparatively long time, and closed eyes 
are common (Ottinger et al., 2002). Relative to the size of adult birds, eggs of altricial 
species are smaller than those of precocial species and contain less yolk. Altricial 
species thermoregulate upon hatching and therefore utilise a higher percentage of 
ingested energy for growth than do precocial birds (Ottinger et al., 2002).  
 
There are aspects of sexual differentiation in birds that may make them sensitive to the 
effects of EDCs with oestrogenic activity. Exposure of an avian embryo to 
xenoestrogens during a critical period in development may result in a more adverse 
effect than for exposure of a mammalian foetus. This is explained by the different role 
played by oestrogens compared with mammals. In birds oestrogen is the differentiating 
hormone for males and females. Oestrogen, in conjunction with other endocrine and 
paracrine factors, is implicated in the unilateral development of the left ovary and 
regression in the right ovary. 
 
Oestrogen also influences whether embryonic tissues, which differentiate into oviducts 
and the shell gland, persist or regress. The dramatic sex reversing effects of early 
oestrogen treatment on precocial male Japanese quail Coturnix japonica behaviour only 
occur if treatment is given before day 12 of an 18 day incubation period (Adkins, 1979), 
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whereas E2 induced masculinisation of the altricial zebra finch Taeniopygia guttata is 
only produced by treatment after hatching (Adkins-Regan et al., 1998). Precocial and 
altricial species have similar timings of sexual differentiation, but hatch at different 
stages of overall development (Adkins-Regan et al., 1998). 
 
Exposure to EDCs during embryonic development, in the case of precocial birds, 
presents the greatest potential risk, especially relating to long-term effects of behaviour. 
Altricial birds may ultimately be less affected by EDCs as embryos, but may be more 
susceptible to endocrine disrupting effects throughout their life, due to the gradual 
development of sexual behaviour and song (Ottinger et al., 2002). There is evidence 
from both field and laboratory studies that environmental contaminants can influence 
behaviour, reproductive success, sex ratio, and eggshell thickness in birds.  
 
Piscivorous and carnivorous birds, as a result of their feeding behaviour, are exposed to 
a number of persistent and bioaccumulative organic compounds, many of which are 
halogenated (Giesy et al., 1994). Persistent chlorinated hydrocarbons that can 
accumulate to high concentrations have been related to the most severe adverse effects 
on the reproductive potential of birds, such as deformities and mortality of embryos 
(Gilbertson, 19893; Giesy et al., 1994a; 1994b). Such effects have been attributed to 
population declines, specifically in raptors (Peakall, 1986; 1988). 
 
Environmental contaminant effects on avian reproduction first came to light with the 
recognition that DDT (and its metabolite p,p’-DDE) caused eggshell thinning in birds of 
prey (Peakall, 1967; Jeffries & French, 1969; Ottinger et al., 2002). Eggshell thinning is 
mediated by the direct effects of DDE on the shell gland, and the period that DDT was 
used as an insecticide nearly resulted in the extinction of several avian species. The 
degree of eggshell thinning depended on the species. For example, eggshell thickness 
was reduced by up to 30 % in response to DDE in the brown pelican Pelacanus 
occidentalis, whereas in the Japanese quail, eggshell thinning ranged between 5 and 15 
%. In other species, DDE does not affect the thickness of shell, for example, in the 
domestic fowl Gallus domesticus. Many of the species susceptible to eggshell thinning, 
such as the guillemot Uria aalge and the double-crested cormorant Phalacrocorax 
auritus, have experienced increased eggshell thickness and dramatic population 
increases since the ban of DDT (Ludwig, 1995; Price & Weseloh, 1986).   
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The gonadal development of wild bird populations may be affected by exposure to high 
levels of organochlorines. Fifty seven percent of male herring gulls Larus argentatus 
embryos collected from an island in Canada heavily contaminated with dioxins and 
PCBs, had testicular feminisation (Gilman et al., 1979; Fox, 1991). Similarly, a 
population of common tern Sterna hirundo showed a high incidence of abnormal testes 
(Nisbet et al., 1996), but the contaminants responsible have not been identified. There is 
uncertainty as to the interpretation of changes in gonadal morphology in birds, because 
some changes may represent normal conditions that are subsequently lost with age. 
Additionally, there is little evidence that widespread feminisation is associated with 
population level effects. 
 
In birds, an oviparous reproductive strategy and certain life history traits creates 
avenues of exposure that may make these species more vulnerable to EDCs than 
traditional animal models. When looking at direct evidence for impacts of EDCs on 
wildlife, most published examples relate to aquatic organisms (Hutchinson & Pickford, 
2002), with the majority focusing on fish. There are few examples available for 
endocrine disruption in birds. At present, no data exist for the effects of discharges of 
waste water treatment works (WwTWs) effluent discharges into freshwater on avian 
reproductive biology in the UK. 
 
1.7.3. Macroinvertebrates 
 
Invertebrates exhibit susceptibilities to EDCs as their hormone system (formed by 
hormone secreting structures) differs markedly from vertebrates. Many invertebrates 
have complex life histories and display various forms of hermaphroditism, with some 
species exhibiting poorly defined sexual dimorphism, complex reproductive cycles 
involving environmental stimuli, and sex determination dependant on environmental 
stimuli. For example, in the echiuran worm Bonellia viridis, females release a substance 
that masculinises developing larvae. Without this, the result is the production of female 
larvae. Therefore, to separate environmental effects from EDCs poses a significant 
challenge in many invertebrate species. The more conventional regulation of sex 
determination by hormones also occurs in some invertebrates, though these hormones 
differ from those of vertebrates. 
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The most researched example of endocrine disruption in invertebrates is documented in 
molluscs exposed to TBT, a compound found in antifouling paints applied to the hulls 
of boats. In the 1980’s, conditions of imposex (imposition of male sex organs, including 
penis and vas deferens, onto females) were observed with increasing frequency in 
marine gastropods exposed to TBT (Bryan et al., 1986; Gibbs & Bryan, 1986). Imposex 
was first discovered by Smith (1981) in the eastern mudsnail Nassarius obsoletus and it 
was hypothesised that TBT was responsible. This was subsequently proved by Gibbs & 
Bryan (1986) in the common dog whelk Nucella lapillus, where exposure resulted in 
population level declines in the female:male sex ratio and reproductive failure, 
reduction in recruitment of juveniles, and reduced population numbers (Matthiessen et 
al., 1998). The mode of action of TBT was to inhibit the conversion of androgens to 
oestrogens via inhibition of the enzyme aromatase (Bettin et al., 1996). Approximately 
150 different species of prosobranch gastropods have been shown to be affected by TBT 
exposure, worldwide. 
 
In crustaceans, physiological responses are elicited through interaction with the 
ecdysone receptor. Ecdysone is a steroidal prohormone of the major insect moulting 
hormone 20-hydroxyecdysone (ecdysterone), which is secreted from the prothoracic 
glands. Insect moulting hormones (ecdysone and its homologues) are generally called 
ecdysteroids. Some environmental contaminants have the potential to function as 
ecdysone agonists by binding to and activating the ecdysone receptor. Dinan et al. 
(2001a; 2001b) demonstrated that many plant compounds are able to function by acting 
as ecdysteroid receptor agonists. Ecdysteroid agents have been shown to accelerate 
moulting, cause incomplete ecdysis (moulting) and also cause death during moulting 
(Clare et al., 1992; Baldwin et al., 2001). Bisphenol A has also been shown to be an 
antagonist to the ecdysterone receptor (Dinan et al., 2001a; 2001b). 
 
There is poor understanding of the hormone control mechanisms of most invertebrates, 
though those of arthropods are best understood. This, and the diversity of the 
invertebrate phyla, creates numerous challenges in determining the potential risks of 
EDCs to the health of the invertebrate. Effects of EDCs on invertebrates will differ from 
vertebrates, and conversely invertebrates may be susceptible to endocrine disrupting 
properties of compounds that are not problematic to vertebrates, and vice versa. 
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1.8. Animals chosen for study 
 
The animals chosen for study in this thesis, the bullhead Cottus gobio and the dipper 
Cinclus cinclus represent important sentinel species for assessing the health of 
freshwater ecosystems. The bullhead is a species listed under Annex II of the European 
Habitats Directive, but is abundant at the proposed study sites and is easily captured 
using electrofishing or kick-sampling methods. The dipper is one of the commonest 
birds on streams and rivers in the South West of the UK, generally frequenting the faster 
flowing sections of waterways, but is in fact listed as a vulnerable species in the Tamar 
Catchment. Dipper territories along watercourses extend only a few metres either side of 
the water and nesting sites tend to be traditional and stereotypical making their nests 
relatively easy to identify and locate. The reproductive biology of both the bullhead and 
dipper has been well characterised providing essential baseline data in support of the 
studies proposed. The two study species experience different chemical exposure 
scenarios, the bullhead through the diet and directly from the water/sediments via the 
gill and skin surfaces, and the dipper principally through diet. The bullhead and dipper, 
however, have similar diets feeding on macroinvertebrates and small fish. Importantly, 
these two study species co-exist along significant reaches of the Tamar Catchment.   
   
1.8.1. The bullhead Cottus gobio L. 
 
The bullhead Cottus gobio L. (Scorpaeniforme; Cottidae; hereafter referred to as the 
bullhead) is widely distributed throughout Europe and in the UK is common in east and 
south flowing rivers of England and Wales (Figure1.7). It is the only European 
freshwater sculpin, which include scorpion fish and gurnard. It is a small species rarely 
exceeding 15 cm in length or 28 g in weight (Tomlinson & Perrow, 2003).  
 
The bullhead is an important species for determining river health, and is listed under 
Annex II of the European Union Directive on the Conservation of Natural Habitats and 
of Wild Fauna and Flora (92/43/EEC) - the Habitats Directive (Tomlinson & Perrow, 
2003), alongside the Atlantic salmon Salmo salar and the Atlantic sturgeon Acipenser 
sturio. Bullheads inhabit stony streams and rivers, where the flow is moderate and the 
water is cool and oxygen rich.  
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Figure 1.7. Distribution within the UK of the bullhead Cottus gobio (JNCC, 2004).  
 
 
It has been suggested that the dynamics of bullhead populations fall into two different 
habitat types, governed by temperature and productivity (Mills & Mann, 1983). 
Bullheads inhabiting cool (mean annual temperature of 6-7 °C), soft water, upland 
streams with lower productivity will spawn once in the course of a season, often in late 
April/early May, with most females not spawning until they are three years old (3+). 
Annual growth is slow, with fish attaining 36-45 mm in their first growing season, but 
these fish live for up to 10 years.  In contrast, in warm (mean of 11-12 °C), hard water, 
lowland streams, bullheads grow more rapidly, up to 50 mm in their first year, and 
females spawn several times during an extended season, from February to June. Batches 
of ripening secondary oocytes are laid in a fractional spawning strategy, with eggs 
maturing at different times. This helps to avoid complete loss of a season's spawning to 
predators. 
 
A female bullhead in productive lowland streams will therefore lay as much as three 
times as many eggs in a year as a female from an upland stream. The lifetime 
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reproductive success of the bullhead, however, may be similar if upland stream 
bullheads tend to live longer. These are the two extremes of bullhead spawning 
strategies, with populations in many UK streams or rivers falling in between these 
extremes, depending on density of fish present and habitat quality.  
 
The Tamar catchment is more closely linked with the upstream strategy system than that 
of the lowland one due to its soft waters (pH 6-7), cooler temperatures (mean of 7-9 °C) 
and fast flow.   
 
The reproductive strategy of the bullhead is uncommon amongst British fish. As with 
sticklebacks, the males exhibit parental care, protecting the eggs within a nest, usually 
excavated under a suitable stone or among woody debris or tree roots. Males are 
strongly territorial, reinforcing boundaries with the production of acoustic ‘knocking’ 
sounds (between 50 Hz and 500 Hz), accompanied by characteristic nodding 
movements. Sounds are produced as both single knocks and pulses of 4-6 knocks, 
which Ladich (1989) described as a growl. This ‘singing’ also attracts females, which 
may be able to gauge the size of the male from his call. Females prefer larger males not 
only as they are less likely to be displaced from their nests by rivals (Bisazza & 
Marconato, 1988), but also because they are more able to cope with the rigours of 
parental care.  
 
During parental duties, Marconato et al. (1993) showed that in one population, males 
lost on average 19 % of their body weight. Several females may choose to lay eggs in 
the nest of the most attractive male, providing eggs laid previously within the nest are 
less than 36 hours old (Bertorelle et al., 1997). Such is the benefit of having an egg 
mass in terms of the chances of mating and fathering their own eggs that unmated males 
actively seek to take over nests (Tomlinson & Perrow, 2003). The mode of fertilisation 
is external, and up to 400 eggs can be laid by one female. They are sticky and are 
typically laid on the roof of the nest. The male defends the eggs from predators such as 
caddis fly larvae, as well as actively fanning them with his pectoral fins to circulate 
water to oxygenate them and to help prevent fungal attack. Males are however, subject 
to egg cannibalism, depending on availability of other food items and the length of time 
they have been caring for the eggs (Marconato and Bisazza 1988). After 20-30 days the 
eggs hatch, but it is not known if the male still defends the young while the yolk-sac is 
being absorbed (Tomlinson & Perrow, 2003). 
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 The bulk of the diet of the bullhead comprises of macroinvertebrates, mainly 
crustaceans, such as Gammarus in the winter months and insect larvae during the 
summer months. Bullheads often fall prey to piscivorous birds, in particular the dipper 
Cinclus cinclus, the kingfisher Alcedo atthis, and the grey heron Ardea cinerea. 
Amongst other fish, the principal predator is the brown trout Salmo trutta, particularly 
in upland streams, like those of the Tamar catchment.  
 
 Bullheads have been found to be present directly downstream of WwTWs effluent 
discharges, although in lower densities than upstream. This suggests that bullheads are 
able to tolerate high concentrations of nitrogen compounds as long as oxygen levels 
remain high (Utzinger et al., 1998). This makes them a good species to study to 
determine effects of EDCs in the water in areas in close proximity to effluent 
discharges. Data from the EA shows that bullheads are abundant throughout the Tamar 
catchment. 
 
1.8.1.1. Bullheads and endocrine disruption 
 
Although there are a number of studies on bullheads, they are in regard to populations, 
distribution, reproductive behaviour, and parental care, and there have been few studies 
on the biological effects of contaminants on exposed bullheads. This is thus the first 
study of its kind to use bullheads in relation to endocrine disruption. Previous work that 
has studied contaminants has focused on the effects of pulp mill effluent on the 
bullhead’s liver (Bucher et al., 1993a; 1993b). To date, it is not known whether 
bullheads in close proximity to WwTWs effluents are susceptible to sexual disruption. 
 
Fish species present within the catchment, including the Atlantic salmon Salmo salar 
and sea and brown trout Salmo trutta, are known to be highly susceptible to oestrogenic 
disruption, but it was decided to use the bullhead as the study species on the Tamar for 
the following reasons:  
 
 Bullheads have a widespread prevalence in the catchment; 
 They have an ecological niche that may make them vulnerable to EDC exposure 
(they live on the river bed, close to river sediments where EDCs tend to 
accumulate); 
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 They are part of the diet of the sentinel bird species studied in this thesis (the 
dipper); 
 They potentially offer an excellent sentinel fish species for studies into 
endocrine disruption in wild populations but almost nothing is known in this 
regard. 
 
1.8.2. The dipper Cinclus cinclus  
 
The white-throated or European dipper Cinclus cinclus L. (Passeriformes; Cinclidae: 
hereafter referred to as the dipper) is found throughout Britain and Europe, and is a 
short-tailed, pot-bellied passerine, sooty-black and coffee-brown in colour with a white 
bib (Figure 1.10). Below this bib the colour can vary, with British birds (race gularis) 
having a distinct reddish-brown or chestnut tone (Jonsson 1992). Uniquely amongst 
passerines, dippers are able to dive and swim underwater often against current flow, 
seeking prey species, including macroinvertebrates, such as mayfly nymphs, caddis fly 
larvae, and small fish, such as the bullhead. While the majority of small food items are 
swallowed under the water, dippers bring larger food items to the surface to eat, and any 
undigested material is regurgitated as pellets (RSPB 2006).  
 
Dippers are well adapted to their riverine life with a number of morphological and 
physiological adaptations enabling survival in cold, fast rivers. Plumage is dense in 
comparison to other passerines, insulating them against low temperatures of higher 
altitudes and often ice-cold water, and also enhancing evaporative cooling in hot 
weather. When temperatures are high, dippers also cool themselves by standing in the 
river increasing heat-loss through uninsulated legs and feet. Dippers feet are large with 
powerful toes and claws enabling the dipper to grip rocks and pebbles in the river bed; 
their legs are also strong and are used to swim in a paddling motion. The wings of a 
dipper are relatively short, but have a well developed musculature enabling the bird to 
use them as flippers underwater, beating them to propel itself down to the river bed and 
maintain its position under the water (Tyler and Ormerod 1994).    
 
The feathers of the dipper are heavily waterproofed, allowing the feathers to stay dry 
underwater and so preventing chilling. Dippers frequently preen to maintain this 
waterproofing, coating the feathers with oil from a large preen gland at the base of the 
tail.   
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Dippers show similar physiological adaptations as other diving birds. Upon submersion 
there is an immediate drop in heart rate followed by a further gradual decline. Once 
above the surface, the heart rate rapidly increases again. The blood of the dipper has a 
high haemoglobin concentration, giving a greater capacity to store oxygen compared 
with wholly terrestrial birds (Tyler and Ormerod 1994). 
 
Goodge (1960) discovered that, for dippers to see underwater and so to feed, the only 
part of the eye that was significantly different from terrestrial birds was the iris 
sphincter muscle, which was very well developed. He suggested that the pressure 
exerted by this muscle changed the curvature of the lens, so enabling greater powers of 
accommodation. This adaptation has been found in other groups of diving birds, such as 
the cormorant (Katzir and Howland 2003), and also in marine turtles (Steele 1997).   
 
Dippers make dipping movements of the body in a variety of situations. They dip when 
resting on a rock or between bouts of feeding, which becomes more pronounced during 
courtship, territorial encounters, and when the dipper is alarmed. It’s been suggested 
that this dipping behaviour is to provide some camouflage against the backdrop of 
moving, often turbulent water, and so render the dipper inconspicuous to predators 
(Tyler & Ormerod, 1994). It is also likely that the dipping acts as contact signals or 
intraspecific advertising in an environment with loud background noise. Exaggerated 
dipping is a means of communication to other dippers in an act of threat and courtship 
displays (Tyler & Ormerod, 1994).  
Plate 1.1. The dipper (Cinclus cinclus). 
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Dippers are found in Scotland, Wales, and northern and south-west England (Figure 
1.8). For much of the year, dippers are territorial, feeding singly or in breeding pairs on 
fast-running rivers and streams. As such, they will be resident as long as open water 
remains in these rivers and streams. Occasionally in winter, dippers can be found 
foraging on slower flowing rivers, lake edges and coastal areas and will often roost in 
groups of five or more, exploiting the body warmth of others (Ormerod and Tyler 
1990). 
 
Dipper pairs establish linear breeding territories along a river, with the length varying 
from 400 m to over 2500 m. Territories of adjacent pairs may adjoin, but may, on less 
productive rivers, be separated by a stretch of unoccupied river. Within their territory, 
the dippers require a good nest site, safe roost sites and have a sufficient area of river 
from which they can obtain enough food for themselves and one or two broods per year. 
Movement beyond the river or its banks is small and usually only when looking for a 
new nesting site or when avoiding obstacles, such as fishermen, within the river or 
pedestrians on river banks or bridges. 
 
Dippers are known to migrate over short distances (10-20 km; Ormerod & Tyler, 1992), 
looking for new territories, usually within river systems of the same region, but are 
essentially non-migratory (except in northern Scandinavia (Cramp, 1988; Jonsson, 
1999). Dippers sing consistently throughout the year, but even more so during 
September and October when winter territories are being established. Pairing up can 
occur as early as December and as late as March; song is also vigorous during courting 
and nest building. Both sexes sing at this time, though often the male is more vocal. Pair 
bonding behaviour involves singing by the male to attract a female to his territory, and 
once attracted, the male acts out ‘advertising displays’ involving the male running and 
swimming around the female, singing to her while dipping and blinking, and quivering 
his wings. Pairs that have remained together during the winter on their previous 
breeding territory show less conspicuous bonding behaviour, which is more marked 
when a new pairing is being established (Tyler and Ormerod 1994).  
 
Dippers are usually monogamous, with the pair-bond generally lasting for the breeding 
season, although pair-bonds may also last year after year, possibly as a result of 
attachment to territories, and nest sites are usually used by successive generations of 
dippers. 
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Nest building begins anytime between January and March, with some nests from the 
previous year being either repaired or pulled down and rebuilt. Nests within the territory 
are usually built a few feet above the water on the side of the bank, in a crevice, on a 
ledge, or on the underside of a bridge. Nests can take up to one month to build, with 
those started early on in the season taking longer. There can be an interval of a few 
weeks after the nest has been built and the initiation of egg laying, but is usually only a 
few days. The nest is a domed structure of moss, leaves and grass stems, with a wide 
entrance usually pointing down towards water (Plate 1.2). There is an inner cup of 
stems, rootlets, leaves and hair. It is built by both sexes over a 28 day period, with the 
female completing the lining to the inner cup (Reade and Hosking 1967; RSPB 2006).  
 
The same nest is usually re-lined and used for the second brood. The RSPB (2006) 
states that nests are rarely reused, but dippers within the Tamar catchment frequently 
use the previous year’s nest (pers obs, 2008). Once the nest has been lined with leaves 
(leaves contain tannins which have antibacterial properties), a clutch of four to five 
white eggs (Plate 1.3) are laid at daily intervals. 
Figure 1.8. Distribution of the dipper Cinclus cinclus in the UK and Ireland 1988 – 1991 (BTO, 2009). 
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Dipper eggs are white (though appear pale pink due to the yolk showing through the 
shell), sub-elliptical and smooth (Tyler and Ormerod 1994). Egg size and weight varies 
slightly between individuals, measuring approximately 26 mm in length, 18 mm in 
breadth, and weighing between 4 and 6 g. Incubation is carried out by the female and 
generally lasts between 16 and 17 days, but can be anything from 12 to 18 days (Shaw, 
1978, cited in (Tyler and Ormerod 1994).  
 
 
 
 
Hatching occurs between March and May, depending on how mild or severe the winter 
and spring have been, although a study on Welsh rivers has also determined that 
hatching time may be affected by the natal rivers acidity (Ormerod & Tyler, 1993. This 
study determined that of 743 broods studied, 32.2 % hatched in the period of 16–30 
Plate 1.3.  Dipper egg 
      12mm 
A B 
Plate 1.2. Dipper nests on (A) man-made ledge under bridge (not finished), and on (B) river bank under 
overhang.  
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April, with all broods studied hatching between 31 March and 30 June. In the same 
study, it noted that for acidic rivers (pH <6.5), most (33.9 % of 177 broods) hatched 
between 1 and 15 May.  
 
Dipper hatchlings are blind, featherless and dependent on intensive parental care for 
some time (Ottinger et al.. 2002). The female dipper will usually brood for 
approximately 12 days, only leaving the nest in the first couple of days for only a few 
minutes at a time, after brooding for periods of 20-65 minutes. As the hatchlings grow, 
the brooding periods decreases, usually ceasing by the time the nestlings are 12-13 days 
old (Tyler & Ormerod, 1994). Both dipper parents feed the nestlings, with the male 
either feeding the young directly or passing food to the female. It has been noted by 
Rankin and Rankin (1940, cited in (Tyler and Ormerod 1994) that young were fed six 
times per hour, with no increase in frequency as the nestlings grew.  
 
Dipper nestlings usually remain in the nest for an average of 22 days from hatch to 
fledging, with actual times dependent on brood size. Dipper nestlings have been known 
to leave the nest and survive after only 15 days of brooding if disturbed by a predator or 
human. At this age although they cannot fly, dippers are able to swim and dive 
extremely well (Tyler and Ormerod 1994).  
 
1.8.2.1. Dippers and endocrine disruption 
 
Dippers have previously been used as indicators of acidity of rivers (Ormerod et al.. 
1986; Ormerod et al.. 1991), which in turn has led to them also being used as indicators 
of river contamination by xenobiotic compounds, especially PCB’s (O'Halloran et al.. 
2003; O'Halloran et al.. 1993; Ormerod and Tyler 1992; Ormerod et al.. 2000). To date, 
no work has been done on the loading of oestrogenic contaminants in dipper eggs from 
polluted rivers, nor has any work been done on sperm number and morphology in 
relation to those contaminants. 
 
The diet of dippers consists of macroinvertebrates and small fish. It is likely that the diet 
is the major route in which dippers will uptake any oestrogenic chemicals giving an 
indication of whether endocrine disruption occurs via the food chain. Dippers are very 
closely tied to their freshwater habitat, with well characterised nesting sites. As 
mentioned in Section 1.5.5, concentrations of PBDEs and PCBs in invertebrates and 
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fish have been shown to be very high, and as such would bioaccumulate in the dipper if 
the dipper were to feed on them.  
 
1.9. The Tamar catchment – the study area 
 
Hormone activity is not restricted to effluents from WwTWs and we now know that 
wastes from agricultural practices can also be hormonally active (both oestrogenic and 
anti-androgenic [Burnison et al., 2003]). Thus UK river systems receive a wide range of 
chemicals with hormone activity from diverse sources. There is now an urgent need to 
understand how point source and diffuse discharges impact the reproductive biology of 
wildlife in river systems, and to determine the population-level consequences of these 
effects. This study assessed the impacts of effluent/chemical discharges on the 
reproductive biology of the bullhead and dipper in the Tamar Catchment. The Tamar 
Catchment straddles Devon and Cornwall and is mainly rural in character. It receives 
significant agricultural and domestic discharges, and some industrial discharges along 
its reach. The catchment is of considerable conservation value and includes areas 
afforded special protection (AONB, SSSIs, NNRs, and priority habitats under the 
European Union Habitats Directive).  
 
The freshwater Tamar catchment occupies approximately 928 km
2
 in west Devon and 
east Cornwall, extending from the south coast of the South West peninsula to within 10 
km of the north coast, with the main river channel forming the county divide for much 
of its length (Figure 1.9). The source is at East Youlstone (50°54′50″N 4°27′10″W) and 
the mouth at Hamoaze (50°21′30″N 4°10′0″W), where it joins the English Channel. The 
Tamar itself is one of the largest rivers in the South West, with an annual average run-
off of 22.55 m
3
 s
-1
 at Gunnislake in the south, and 2.34 m
3
 s
-1
 at Crowford Bridge in the 
north (50°31’4”N 4°12’5”W), though this varies dramatically throughout the year 
(NRA, 1995).  
 
A great deal of the catchment has been designated a Site of Special Scientific Interest 
(SSSI), an Area of Outstanding Natural Beauty (AONB) and a National Nature Reserve 
(NNR), containing extensive expanses of orchards, hedgerows, riverine meadows, and 
salt marshes.  
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 Figure 1.9. The Tamar Catchment (see Figure 2.2 for sampling sites [©NRA, 1995]). 
 
 
      Gunnislake weir 
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The valley-side woodlands, market gardening and mining heritage have helped to define 
the character of the local landscape, but in recent years, many of these features have 
been neglected and consequently there has been a decline in landscape and wildlife 
value (DEFRA, 2003).  
 
The Tamar 2000 SUPPORT (Support Practices Project on the River Tamar) project 
encourages the use of a variety of techniques to enable the reduction of nutrient inputs 
to aquatic systems and for the restoration and rehabilitation of rivers and lakes. One of 
the main objectives is to reduce diffuse pollution and improve river and reservoir water 
quality by recognising existing wetland buffer zones. While this is aimed primarily at 
reducing phosphates and nitrates in the river, the wetlands will also provide a buffer for 
EDCs, including organochlorine (OC) pesticides and compounds, which may enter the 
water course via diffuse pollution from adjacent fields. 
 
The Tamar catchment contains predominantly ‘very good’ quality waters - the highest 
River Ecosystem (RE) classification in England (Johnson et al., 2007). It also supports 
important populations of Atlantic salmon, Salmo salar, and sea and brown trout, Salmo 
trutta (Hurrell & Price, 1993). Because of these salmonid populations, it is one of only 
four indexed rivers in the UK. The Tamar also supports large populations of the 
bullhead, a species protected under the Habitats Directive, and one of the species of 
interest for study in this thesis. 
 
The Tamar catchment receives little in the way of industrial discharge; therefore 
effluents from WwTWs discharging to the Tamar and its tributaries are comprised 
almost entirely of human waste, although there is likely to be diffuse agricultural 
pollution as a result of domestic animal waste and OC pesticides from crop spraying, 
entering the river system. Throughout the catchment there are 42 WwTWs, 19 are major 
and five are privately owned. At present between 70 % and 75 % of the population in 
the surrounding area are linked up to the mains sewerage (NRA, 1995).  
 
 
CHAPTER ONE 
 
73 
1.10. Thesis aims 
 
The main aim of this thesis was to explore the effects of chemical discharges from 
WwTWs on sentinel species, the bullhead and the dipper, which occupy different 
trophic levels of the same food chain/web. The following hypotheses were addressed in 
pursuit of this main aim: 
 
1. Oestrogenic activity in the surface waters of the Tamar catchment can be 
detected through (and are associated with) induction of VTG in bullheads 
2. Oestrogenic discharges from WwTWs effluents are associated with gonadal 
effects in exposed bullheads 
3. Higher oestrogenic activity in the surface waters correlates with a lower number 
of sperm in the PVM of the dipper eggs 
4.  Higher concentrations of the EDC contaminants (PCBs, PBDEs, OHPs) in 
dipper eggs are associated with proximity to WwTWs effluent discharges   
5. Dipper egg contamination is correlated with sperm number in the PVM.   
6. Bullheads and dipper breeding biology are impacted by endocrine disruption in 
the River Tamar catchment 
 
To address these hypotheses, the endocrine activity, both total oestrogenic and total 
anti-androgenic were first determined in and around three WwTWs effluent discharges 
in the Tamar catchment. Samples were collected by conventional spot sampling, and 
also by a passive sampling technique. Measurement of total oestrogens and total anti-
androgens were carried out using the YES and anti-YAS, respectively. Further to this, at 
sites where dippers were known to be nesting, water samples were collected, again via 
spot and passive sampling methods. The extracts from both sampling methods were 
measured for total oestrogenic activity and total anti-androgenic activity by the YES and 
the anti-YAS, and additionally E1, E2 and EE2 were measured using LC/MS-TOF. 
Statistical analyses were undertaken to assess any differences in total endocrine activity 
between sites and between WwTWs, between sampling methods (spot and passive), and 
between the final measurement methods (YES/anti-YAS and LC/MS-TOF). Surveys of 
macroinvertebrate assemblages, upstream and downstream of the three WwTWs, and at 
three of the nesting sites were also undertaken as an index of overall water quality in the 
Tamar catchment, and as an assessment of food availability for dippers and bullheads 
(Chapter Two).  
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Collectively this work thus set out to  determine the levels of endocrine activity 
throughout the Tamar catchment for enabling assessments to be made on any 
relationship between VTG induction and gonadal development in bullheads, and the 
level of contaminants and breeding  in the dipper (number of nests and their success 
rates and sperm number in the PVM of their eggs).   
 
To determine if bullheads responded to oestrogenic EDCs (and to assess their sensitivity 
to them) contained in WwTWs effluents, fish were sampled from a range of study sites 
on the Tamar catchment and their gonadal status assessed via histology. In addition, a 
homologous VTG ELISA was established and used to quantify VTG levels in both wild 
populations of bullheads collected from each of the water sampling/nest sites, and from 
fish placed in cages in/close to WwTWs effluent discharges. In these studies, both male 
and female bullheads were sampled. Data collected from the female fish sampled in the 
wild further provided basic information on their reproductive cycle. An attempt was 
also made to clone and sequence the bullhead VTG gene, for future use in assessing 
VTG gene expression from these same wild bullhead populations (Chapter Three). 
 
To determine whether waterborne contaminants in the surface waters of the Tamar 
catchment were having an effect on dipper populations, breeding activity and success 
were monitored in nests throughout the catchment. In addition dipper sperm number 
was quantified in the PVM of eggs collected from those nests and correlated with 
exposure to EDCs (via proximity to WwTWs discharges and EDCs contaminants in 
those eggs,  including different PBDE and PCB congeners, organochlorine pesticides, 
and the synthetic oestrogen EE2 ) were assessed.  
 
A reproductive trait unique to birds is physiological polyspermy; the ability of multiple 
spermatozoa to penetrate the egg without rendering it unviable. Spermatozoa that fail to 
enter the egg cytoplasm become trapped under the outer perivitelline membrane layers 
(PVM). These trapped spermatozoa provide an estimate of numbers present or near the 
ovum during fertilization and have been found to be good predictors of male fertility. 
Consequently, there is the possibility that the number of spermatozoa and spermatozoa 
quality will decrease the higher the concentration of EDCs in the surrounding water and 
in the dippers diet. A subjective assessment was also made on the morphology of each 
sperm, i.e. whether the sperm appeared normal or abnormal. Statistical analyses were 
used to determine any relationships between the number of sperm and the level of 
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contaminants in the eggs, and also whether there was a relationship between the level of 
contaminants in the eggs and the level of contaminants in the ambient environment 
(Chapter Four). 
  
Dippers establish territories so any contaminants that are found within the dipper eggs 
will have likely come from a very small area of the Tamar catchment (up to two linear 
kilometres). The most likely route of exposure for the dipper will be via the food chain, 
that consists primarily of macroinvertebrates (we were not able to measure 
contaminants in macroinvertebrates as well as in the dipper eggs due to both time and 
cost restraints) and fish, such as the bullhead (the bullhead has been known to comprise 
70 % of a dippers dietary fish intake; Tyler & Ormerod, 1994).  
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CHAPTER TWO: ENDOCRINE ACTIVITY IN FIVE TRIBUTARIES OF THE 
RIVER TAMAR  
 
2.1. INTRODUCTION 
 
This chapter investigated the oestrogenic and anti-androgenic activities in the River 
Tamar catchment at study sites chosen to assess for endocrine disruption on the 
reproductive biology of the bullhead and the dipper. The work in this chapter was 
therefore essential for the subsequent animal studies in Chapter Three and in Chapter 
Four.  
 
In this chapter the total oestrogenic activity and total anti-androgenic activity were 
analysed at three WwTWs effluent discharges, and in river water at 16 study sites 
within the Tamar catchment. Concentrations of the natural oestrogens oestrone (E1) and 
17β-oestradiol (E2), and the synthetic oestrogen 17α-ethinyloestradiol (EE2) were also 
analysed, together with a broad spectrum of PCB and PBDE congeners and 
organochlorine pesticides (OCPs), all of which are known to possess endocrine activity.   
  
2.1.1. The Tamar catchment and endocrine disruption 
 
River quality in the Tamar catchment is assessed by the EA on a three year rolling 
sampling programme (EA, 2010). This includes, chemical, biological and nutrient 
monitoring. In chemical monitoring the levels of ammonia, biochemical oxygen demand 
(BOD) and dissolved oxygen are measured. In 2008, all tributaries of the Tamar were 
classified as ‘A – very good’, suitable for salmonid fisheries, with a healthy natural 
ecosystem.  
 
Biological monitoring involves quantifying the presence of macroinvertebrates. The 
local geology and flow are also taken into account. In 2008, the catchment was also 
assigned a grade of ‘A – very good’, meaning that the biology of the river was similar to 
that expected of an unpolluted river. In monitoring nutrients, levels of nitrate and 
orthophosphate are assessed. Levels of nitrates in 2008 ranged between ‘2 – low’ and ‘3 
– moderate’. Levels for phosphates in the same sampling year ranged between ‘1 – very 
low’ and ‘4 – moderate’ (EA, 2010). 
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To date there have been no studies documenting endocrine disruption in the Tamar, with 
no measurements of EDCs in WwTWs discharging into the catchment. Some studies do 
exist, however, on other pollutants in the catchment. Hendry et al (2006) studied 
eutrophication of the Tamar Lakes, that was primarily derived from agricultural run-off, 
and Livingstone et al (2000) assessed the effects of organic contaminants on the eel, 
Anguilla anguilla, population, measuring hepatic cytochrome P4501A (7-
ethoxyresorufin O-deethylase [EROD] activity) and vitellogenin. 
 
Johnson et al (2007) modelled concentrations of diclofenac and propranolol in the 
Tamar. This study used GIS hydrology modelling to predict concentrations of these 
pharmaceuticals throughout the catchment, including downstream of 13 WwTWs 
effluent discharges. Predicted concentrations in the main stem of the Tamar were <4 ng 
L
-1
 for propranolol and <15 ng L
-1
 for diclofenac, rising to (predicted) concentrations of 
182 ng L
-1
 for diclofenac and 52 ng L
-1
 for propranolol downstream of WwTWs effluent 
discharges. The highest predicted concentrations within the Tamar were still found to be 
two orders of magnitude below the toxicity effect levels for freshwater fauna for these 
drugs (Johnson et al, 2007). Most other pollution studies have been carried out on the 
Tamar estuary, rather than the freshwater catchment, as delineated by Gunnislake weir, 
and focused mainly on metals (Price, 2002; Sanders et al, 2007). 
 
As discussed in Section 1.6, it has been firmly established that natural steroidal and 
synthetic oestrogens, of domestic origin, are responsible for a significant proportion of 
the endocrine activity found in WwTWs effluents studied in the UK and more widely 
(Desbrow et al, 1998; Zhang et al, 2008), and it was assumed that these would be the 
major oestrogenic constituents in the WwTWs effluents entering the River Tamar. 
Given the rural nature of the Tamar catchment, domestic WwTWs effluent discharges 
are likely to be one of the main sources of PCBs and PBDEs into the river system. 
 
It has also been speculated that PBDEs and PCBs are taken up by humans through diet, 
but there is growing evidence for the uptake of PBDEs via house dust. The sources of 
PBDEs in dust include the flame retardants used in electronics products and in some 
polyurethane foam used as cushioning (Betts, 2003). When the polyurethane foam in an 
old piece of furniture is exposed to the environment, it tends to crumble, releasing the 
PBDEs embedded within the foam. Vacuuming re-suspends the material into the air 
(Betts, 2001). A study by Santillo et al. (2001) has suggested that significant levels of 
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PBDEs can be found in dust. Once taken up, these contaminants may well be excreted, 
thereby ending up in river systems. 
 
The tributaries of the Tamar and the sites within those tributaries were selected for this 
study based primarily on where dippers nested and the likelihood for good bullhead 
populations. These data were obtained from the EA, and via direct communication with 
local angling associations and landowners.  
 
The following text gives an overview of methods of sample collection and techniques 
used for the detection of endocrine activity and contaminants within the surface waters 
of the Tamar catchment. Biological methods used are outlined in Section 2.1.5.  
 
2.1.2. Methods for monitoring water quality  
 
Because of the potential impacts of EDC’s, and other contaminants which pose a threat 
to both human health and ecosystems, effluents and receiving waters are routinely 
monitored (Vrana et al, 2005) for toxic compounds, notably those that have been 
designated as priority pollutants (e.g. diazinon and cypermethrin, both insecticides, 
propranolol, a beta-blocker, and 2,4,6-tert-butylphenol, an alkylphenol used as an 
antioxidant in fuels). 
 
Traditionally, most aquatic sampling of effluents and rivers relies on the collection of 
discrete grab or spot samples. They are commonly obtained by filling a container held 
just beneath the water surface, usually at the mid-point of the channel cross section 
(Facchi et al, 2007). Spot sampling is routinely carried out by the EA to assess the 
levels of BOD, suspended solids and ammonia, but is often used to collect samples for 
analysis of other contaminants including chlorophenols, organochlorine pesticides, 
polyaromatic hydrocarbons (PAHs), PCBs and PBDEs (Vrana et al, 2005).  
 
The spot sampling method is popular due to the fact that it is cheap and easy to perform. 
However, particularly for water bodies for which water quality fluctuates over relatively 
short periods of time, spot samples may be inappropriate for characterising conditions in 
the river (other than at the time when the samples are collected). Also, where pollutants 
are present at only trace levels, collection of large volumes of water are required (Vrana 
et al, 2005; Facchi et al, 2007; Zhang et al, 2008). Contaminants in the environment 
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vary over time, and so transient or episodic events are likely to be missed when using 
the spot sampling method. Solutions to this problem include increasing the frequency of 
samples collected or installing automatic sampling systems that can take numerous 
samples over an extended time period (Facchi et al, 2007). These methods are costly 
and  time consuming and are rarely used in widespread monitoring campaigns. Spot 
samples can also yield different apparent concentrations of pollutants depending on the 
pre-treatments applied, such as filtering of samples and the length of time between 
collection and analysis as some chemicals will undergo biodegradadtion (Vrana et al, 
2005; Zhang et al, 2008). 
 
Over the last two decades alternatives have been sought to overcome the problems of 
discrete spot sampling. Of these, passive sampling has shown the most promise as a tool 
for measuring aqueous concentrations of a wide range of priority pollutants (Zhang et 
al, 2008). Passive samplers avoid many of the problems outlined above, since they 
collect the target analyte in situ over time. Therefore, the sampler used should reflect a 
time-averaged concentration. Passive samplers were first introduced in the early 70’s in 
industry, to measure toxic chemicals in the workplace air. This principal has now been 
applied to the aquatic environment (Vrana et al, 2005; Zhang et al, 2008).  
  
2.1.3. Passive sampling of river water and effluents 
 
Passive samplers are devices that when exposed to water will absorb chemicals onto 
purpose designed membranes. The nature of chemicals collected will depend upon 
device construction and can include anions, cations, and polar and non-polar organics. 
They require no electrical power, have no moving parts and rely on natural flow. The 
mode of action of passive samplers varies widely. Chemical reactions, ion exchange, 
and polar or non-polar interactions can be used to sequester and retain chemicals (Vrana 
et al, 2005).   
 
Advantages of this method are that contaminants are captured from episodic or transient 
events not usually detected by spot sampling, and they can provide a more accurate 
assessment on exposure concentrations where water concentrations are variable. They 
permit measurements of trace, yet toxicologically and environmentally relevant, 
concentrations of contaminants over extended time periods (Vrana et al, 2005) and so 
the passive sampling approach can provide ready access to environmentally relevant 
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mixtures of waterborne contaminants for toxicological screening (Petty et al, 2003). 
Disadvantages of this system include the need to calibrate for every different chemical 
of interest in order to determine uptake rates of the sampler and thus calculate the time-
weighted average (TWA) concentration and no information is obtained regarding the 
precise time of any episodic pollution event. 
 
Passive samplers are able to measure both organic (polar and non-polar) and inorganic 
contaminants. Table 2.1 outlines the differences in output between spot and passive 
sampling of an aqueous sample. 
 
AQUEOUS SAMPLE 
SPOT SAMPLE PASSIVE SAMPLE 
   
Will contain all chemical species present in the 
sampled medium 
Devices target a specific range of chemicals 
   
Determinands are not concentrated by sampling 
process 
Determinands are concentrated by the device 
   
Both dissolved and sediment bound determinands 
will be sampled 
Only truly dissolved chemicals will be sequestered 
   
Transient pollution events are likely to be missed 
due to the instantaneous nature of the sample 
Sample will represent a time-weighted average 
(TWA) over the deployment time 
   
Interpretation of results is simple and 
straightforward 
A knowledge of device characteristics is necessary 
in order to interpret results 
   
Samples need to be analysed soon after being 
taken 
Devices can be stored for some time after recovery 
Table 2.1. Comparisons of the advantages and disadvantages of samples collection using spot and 
passive sampling. 
 
 
2.1.3.1. Polar organic chemical integrative sampler (POCIS) 
 
The POCIS is used to monitor polar contaminants (log Kow <4), such as pesticides, 
some drugs, steroids, hormones and personal care products (Alvarez et al, 2004). 
Because POCIS samples from the dissolved phase, it allows the biological available 
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fraction of the contaminant to be sampled and estimated, and permits a TWA 
concentration to be determined. The POCIS comprises a solid receiving phase 
sandwiched between two microporous polyethersulfone (PES) diffusion-limiting 
membranes held in place by two stainless steel rings. The type of sorbent can be used to 
target specific compounds or chemical classes (Vrana et al, 2005).   
 
2.1.3.2. The Chemcatcher  
 
The Chemcatcher can be used to monitor both polar and non-polar compounds and uses 
a diffusion limiting membrane and bound, solid-phase sorbent. Like the POCIS, the 
Chemcatcher also samples from the dissolved, bioavailable phase. Selectivity and 
accumulation rates of different compounds can be regulated by the choice of both the 
sorbent and diffusion limiting membrane. Both are supported and sealed in place by an 
inert plastic housing (Kingston et al, 2000). The design used for non-polar 
contaminants, those with a log Kow <4 (such as natural and synthetic oestrogens), 
combines either a 47 mm SDB-XC Empore disk, C18 Empore disk, or a SDB-RPS 
Empore disk with a PES membrane (Kingston et al, 2000; Vrana et al, 2005; 
Vermeirssen et al, 2005).  
 
2.1.3.3. Semi-permeable membrane device (SPMD) 
 
The SPMD was designed in the late eighties by Huckins et al (1990) and is the most 
mature technique for sampling organic pollutants. It is also the passive sampler of 
choice by the Environment Agency (EA) when monitoring non-polar organic pollutants. 
The SPMD comprises a lay-flat tubing made of low-density polyethylene (LDPE) filled 
with a high molecular weight lipid. Because the LDPE membrane has transient cavities 
of 1 nm, rather than fixed pores, only dissolved and non-ionised contaminants diffuse 
through the LDPE membrane and they are separated by the sampler. The high molecular 
weight lipid, usually triolein, represents the receiving phase with a high capacity for 
compounds with a log Kow >3 (Huckins et al, 1993).   
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2.1.4. Methods used for monitoring water quality - measurement of endocrine 
activity and analytes in river and effluent samples 
 
There are a variety of methods that are able to give generic and specific measurements 
of water quality in river water and effluent. Assessment of macroinvertebrate 
assemblages is a relatively simple and cost-effective method of determining the overall 
quality of rivers and streams (Section 2.1.5). Chemical methods are used to measure the 
concentration of a substance within a collected water sample. Chemical methods usually 
have a limit of detection, dictated by the instruments used to measure the concentration, 
and is limited by methods of extraction and relevant efficiencies (Section 2.2.2.2.7). 
 
Concentrations of environmental oestrogens in water samples are usually assessed by 
chemical analysis and in vitro assays (cell based or receptor binding [Rutishauser et al, 
2004]). Endocrine activity/chemicals within samples collected by both spot and passive 
sampling in this thesis were measured by three different methods. The total oestrogenic 
and total anti-androgenic activity of the samples were measured by recombinant yeast 
screen (YES and anti-YAS, respectively; see Section 2.1.4.1). The natural steroid 
oestrogens E1, E2 and the synthetic oestrogen EE2 were analysed by Liquid 
chromatography-mass spectrometry with time of flight (LC/MS-TOF; see Section 
2.1.4.2). Polybrominated diphenyl ethers (PBDEs) and polychlorinated biphenyls 
(PCBs) were analysed using gas chromatography-mass spectrometry (GCMS; see 
Section 2.1.4.4). Because anti-oestrogens and androgens are largely undetectable in UK 
surface waters and effluents, and their effect on the bullhead Cottus gobio and the 
dipper Cinclus cinclus was not examined in this study, these types of hormone activity 
were not measured.  
 
2.1.4.1. The use of the recombinant yeast screen (YES and anti-YAS) in 
determining total oestrogenic and total anti-androgenic activity 
 
The YES and YAS are able to gauge the total (anti-)oestrogenic and total (anti-) 
androgenic activity. The activity of individual test chemicals and/or environmental 
mixtures is determined at the level of the oestrogen receptor (ER) and the androgen 
receptor (AR), and measures the ability of the chemicals to bind to and activate the ER 
or AR. The assays can be operated in a mode to measure antagonistic activity of organic 
pollutants at the ER and AR. This works by the inhibition of the ER and AR. 
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Oestrogenic activity is thus quantified against a standard of 17β-oestradiol (E2) and 
measured as E2 equivalents (E2 EQ). Anti-androgenic activity is quantified against a 
standard of 5α-dihydrotestosterone (DHT) and flutamide (FLUT) and is measured as 
FLUT equivalents (EQ).  
 
2.1.4.1.1. Theory behind the recombinant yeast screen (YES and anti-YAS) 
 
The YES and the anti-YAS were selected to test all effluent and water samples in this 
study because they allow for an assessment of the activity of individual test chemicals 
and their environmentally relevant mixtures at the level of the ER and AR. The yeast 
screen measures the ability of the chemicals to bind to and activate the ER, and as such 
can be used to distinguish between agonists and antagonists, an important feature for 
assessing the activity of chemicals. Unlike other reporter gene assays using human or 
animal cells, the yeast screen does not possess endogenous steroid receptors. Thus, this 
type of screening overcomes concerns regarding the complex interplay that exists 
between ER and receptors for other steroids, peptide hormones and growth factors that 
may be associated with systems which rely on the activation of endogenous ER. 
 
A recombinant yeast strain (Saccharomyces cerevisiae) was developed in the Genetics 
Department of Glaxo Wellcome, plc (Stevenage, Herts, UK), for use in a test to identify 
compounds which are capable of interacting with the human oestrogen receptor (hER) 
and the human androgen receptor (hAR). Although yeast cells do not contain an 
oestrogen receptor, the basic molecular mechanisms of hormone-dependant 
transcription activation by the hER and the hAR in mammalian cells have been shown 
to operate in yeast, indicating that the underlying regulatory mechanisms have been 
highly conserved. This, in combination with a rapid growth rate, sexual cycle, and 
availability of a range of plasmids and promoters, made S. cerevisiae a good choice as a 
recipient organism for the hER and the hAR (Routledge & Sumpter, 1996). 
 
2.1.4.1.2. The yeast oestrogen screen (YES) 
 
In the construction of the YES, the DNA sequence of the hER, whose ERα expression is 
controlled by a copper dependant promoter (Cup1), was stably integrated into the main 
chromosome of the yeast. The yeast cells also contain expression plasmids carrying the 
reporter gene lac-Z (encoding the enzyme β-galactosidase), and is used to measure the 
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receptors activity. A schematic diagram of the oestrogen inducible expression system in 
yeast is shown in Figure 2.1. In this system, the hER is expressed in a form capable of 
binding to oestrogen responsive elements (ERE). These sequences are situated on a 
strong promoter sequence on the expression plasmid. Once bound to an active ligand, 
such as E2, gene transcription is modulated by the oestrogen receptor interacting with 
transcription factors and other transcriptional components to modulate gene expression. 
This causes expression of the reporter gene lac-Z, and the enzyme β-galactosidase is 
secreted into the medium where it metabolises the yellow chromogenic substance 
chlorophenol red--D-galactopyranoside (CPRG) into a red product that can be 
measured by absorbance at 540nm (A540).  
 
2.1.4.1.3. The anti-androgen yeast screen (anti-YAS) 
 
The androgen yeast screen (YAS) works on the same premise as the YES, in which 
chemicals with androgenic activity will induce a colour change due to metabolism of 
CPRG. The anti-YAS works on the basis that anti-androgenic chemicals will inhibit this 
colour change induced by inactivation of the YAS with the androgen DHT.  
 
To determine whether any of the effluent/water samples/chemicals chemicals possessed 
anti-androgenic activities, the natural ligand DHT was added to the medium of the hAR 
assay at a background concentration. A known anti-androgen, flutamide, acts as the 
standard reference chemical and inhibits the colour change response induced by the 
DHT. If any samples tested have anti-androgenic properties, then they will also inhibit 
the DHT from binding to the hAR, and so will prevent any CPRG from being 
metabolised, and so anti-androgenic activity can be determined by measurement in the 
same way as the YES. 
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Figure 2.1. The yeast screen construct. The hER gene is stably integrated into the main chromosome of 
the yeast Saccharomyces cerevisiae (1) and is expressed in a form capable of binding to ERE within a 
hybrid promoter on the expression plasmid (2). Activation of the receptor (3), by binding to the ligand, 
causes expression of the reporter gene Lac-Z (4) and synthesis of the enzyme β-galactosidase. This 
enzyme is secreted into the medium (5) and metabolises the chromogenic substance CPRG (normally 
yellow) into a red product (6). This colour change is then measured by absorbance at 540 nm (A540) 
(after Routledge & Sumpter, 1996). 
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2.1.4.2. Liquid chromatography-mass spectrometry with time of flight (LC/MS-
TOF) applied to determine concentrations of E1, E2 and EE2  
 
Liquid chromatography-mass spectrometry with time of flight (LC/MS-TOF) was the 
method of choice for analysing the oestrogens, E1, E2 and EE2 in the river water and 
passive sample extracts. LC/MS-TOF is a combination of liquid chromatographic (LC) 
separation with mass spectrometric (MS) detection, giving the ability to analyse 
virtually any molecular species. Over 80% of known organic species are amenable to 
separation with liquid chromatography.  
 
Mass spectrometry is capable of providing structure, molecular weight, empirical 
formula, and quantitative information about a specific analyte. Time of flight (TOF) is 
used to measure the time that it takes for a particle to reach the detector while travelling 
over a known distance. In time-of-flight mass spectrometry (MS-TOF), ions are 
accelerated by an electrical field to the same kinetic energy with the velocity of the ion 
depending on the mass-to-charge ratio. Thus time-of-flight can be used to determine the 
mass-to-charge ratio and so differentiate between different analytes and determine 
concentrations.  
 
2.1.4.3. E1, E2 and EE2 and the Tamar catchment 
 
Few rural rivers with relatively low-level inputs have been studied, and there are no 
studies existing on the Tamar catchment. Only one WwTWs in the catchment, St 
Leonards, can be considered large in terms of PE, all other WwTWs in the catchment 
have a PE of less than 1000 and effluent discharge rates of <0.009 m
3
 s
-1
. WwTWs in 
the Tamar catchment have little industrial input, so all effluents are predominantly 
domestic in origin. Therefore, most effluents will contain naturally occurring 
oestrogens, such as E1 and E2, excreted by humans (females). Other steroid oestrogen 
contaminants found in WwTWs effluent discharges are known to be man-made and 
include EE2, the main constituent of the contraceptive pill. Many studies on endocrine 
disruption and oestrogens in surface waters have concentrated on rivers with a high 
input of effluents from WwTWs with high population equivalents (PE: >10,000, 
effluent discharge rates >10 m
3
 s
-1
) and industrial discharges, whether in the UK or 
abroad (Vermeirssen et al, 2005; Jobling et al, 2009).   
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2.1.4.4. Gas chromatography-mass spectrometry (GCMS) applied to determine 
concentrations of different PBDE and PCB congeners  
 
Gas chromatography-mass spectrometry (GCMS) was the method of choice in 
analysing for selected PBDES and PCBS that are known to have endocrine activity. 
GCMS is a method that combines gas-liquid chromatography and mass spectrometry to 
identify different substances within a test sample. Applications of GCMS have included 
for drug detection, environmental analysis, and identification of unknown samples 
(Pascal et al., 1995; Kolpin et al., 2002; Petrović et al., 2003).  
 
2.1.5. Biological monitoring of water quality  
 
Although chemical analysis gives a view of what contaminants are present in the system 
and at what concentration, they are not able to give an assessment of water quality and 
thus the overall health of the surface waters in the catchment. Biological methods are 
able to do this; almost all aquatic animal or plant communities can provide information 
on the quality of their environment.  
 
Biological monitoring using the presence of invertebrates is a relatively simple and cost-
effective method of determining the quality of rivers and streams (EA, 1999). 
Macroinvertebrates can give a more rapid assessment of stream quality than direct 
measurements of chemical attributes such as pH, dissolved oxygen, phosphate 
concentration or contaminant concentration. Further, chemical methods must be 
repeated many times because there is wide variation in response to short term 
fluctuations in water flow and position in the stream (Zhang, 2008), whereas the 
biological community can be considered to integrate conditions over time (Fowler, 
2004). Relatively sedentary small organisms, such as macroinvertebrates however, need 
only be sampled once to reveal the occurrence of pollutants, since they have to be able 
to withstand the poorest water quality conditions likely to occur during their lifetimes, 
in a particular area (EA, 1999).   
 
Therefore, in river quality assessments, macroinvertebrates are the most commonly used 
indicator as they colonise the substrata of all rivers, making them useful and convenient 
indicators of the ecological health of a water body or river. They are almost always 
present, and are relatively easy to sample and identify (Beauger & Lair, 2008). The 
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sensitivity of the range of macroinvertebrates found enables an objective judgment of 
the ecological condition of the river. Within macroinvertebrate communities, the 
sensitivity and tolerance to pollution varies considerably from species to species. Some 
species are, for example, very sensitive to reductions in dissolved oxygen and will not 
be found in areas where oxygen levels are not consistently high. A characteristic feature 
of polluted environments is a reduction in overall community diversity and an increase 
in the density of tolerant species (EA, 1999). The composition of a macroinvertebrate 
community at any point in a river therefore reflects the average water quality at that 
particular point. For this reason, macroinvertebrates were chosen to assess the quality of 
surface waters of the Tamar catchment in this study. Macroinvertebrates were sampled 
at three dipper nesting site locations and upstream and downstream of three different 
WwTWs effluent discharges. 
 
Macroinvertebrates and biological assessment focus on single or groups of indicator 
species that are either very tolerant or very intolerant of degraded habitat, such as those 
which can occur with high levels of effluent input into a river. This approach was built 
upon by use of community-level indices such as diversity indices, species richness, and 
species evenness. These indices assume that undisturbed communities are more diverse 
than disturbed ones, and that more polluted river systems will have a more pollution 
tolerant population. An improved method of assessment is the Biological Monitoring 
Working Party (BMWP), a procedure for measuring water quality using species of 
macroinvertebrates as biological indicators (Walley & Hawkes, 1997). 
 
The method is based on the principle that different aquatic invertebrates have different 
tolerances to pollutants. The presence of mayflies or stoneflies, for instance, indicates 
the cleanest waterways and  is given a tolerance score of up to 12.5. The lowest scoring 
invertebrates are leeches (Hirudididae) which score 0. The number of different 
macroinvertebrate species is also an important factor, because a better water quality is 
assumed to result in a higher diversity. The BMWP score equals the sum of the 
tolerance scores of all macroinvertebrate families in the sample. A higher BMWP score 
is considered to reflect a better water quality (Walley & Hawkes, 1997). The Average 
Score per Taxon (ASPT) can also be calculated. The ASPT equals the average of the 
tolerance scores of all macroinvertebrate families found, and ranges from 0 to 12.5. The 
main difference between both indices is that ASPT does not depend on the family 
richness (EA, 1999).  
CHAPTER TWO 
 
85 
The inclusion of the ASPT in reporting the 1990 National Biological Survey made 
possible the reappraisal of BMWP scores carried out by Walley and Hawkes (1996, 
1997). This work showed the significant effects site type had on score, and therefore, 
the original BMWP, introduced between 1978 and 1980, has since been revised. The 
revised version includes a habitat specific score for riffles (>=70 % boulders and 
pebbles), pools (>=70 % sand and silt) and riffle/pools (neither riffle nor pool).   
 
2.1.6. Aims  
 
The aim of this chapter was to characterise concentrations of environmental oestrogens 
and contaminants in surface waters of the Tamar catchment, where waters receive input 
from WwTWs and from sites in close proximity to nesting dippers and bullhead 
populations. These were the two study species chosen for assessing endocrine disrupting 
chemical impacts in this thesis. To pursue this aim, the following hypothesis was tested: 
 
 Effluents from WwTWs and areas of the Tamar catchment close to these 
discharges (within 3 km) contained elevated levels of endocrine disrupting 
activity /chemicals. 
 
A range of methods were adopted to do this including biological surveys of 
invertebrates and in vitro screening using the YES and the anti-YAS to measure the 
oestrogenic and anti-androgenic activity, respectively, of the river water and effluents, 
and analytical chemistry (GCMS and LC/MS-TOF) to measure specific pollutants, 
which included steroid oestrogens, PCBs, PBDEs and OCPs.  
CHAPTER TWO 
 
86 
2.2. MATERIALS AND METHODS  
 
2.2.1. Study area 
 
Fieldwork was carried out in the months of February, March, April, May, June, 
September and October in the years 2005, 2006, 2007 and 2008. The initial study area 
of the Tamar catchment spanned approximately 700 km
2
 for the first year’s fieldwork. 
This was then reduced to approximately 350 km
2
 for the next three years due to the fact 
that much of the area surveyed in year 1 was found to be unsuitable habitat for nesting 
dippers (see Chapter Four). All final study and river sampling sites were limited to areas 
where dippers were found to be nesting. The final study area ranged from 50°39’9”N 
4°13’6”W in the north, 50°34’7”N 4°17’6”W in the south, 50°38’2”N 4°8’6”W in the 
east and 50°38’2”N 4°33’3”W in the west. The sites studied were on the following 
tributaries: the Thrushel, a first order stream, the Inny, a first and second order stream, 
the Lew, a second order stream, the Wolf, a third order stream (controlled by Roadford 
Reservoir), and the Lyd, a first, third and fourth order stream, depending where sites 
were located (Figure 2.2). Stream order was determined using the Strahler stream order 
procedure, that is, when two first-order streams come together, they form a second-
order stream. When two second-order streams come together, they form a third-order 
stream. Streams of lower order joining a higher order stream, however, do not change 
the order of the higher stream (Strahler, 1952; 1957) 
 
The final study area was determined from the following criteria: previous knowledge of 
dipper sightings, provided by the Cornwall branch of the EA from a survey carried out 
in 1997 and 1998 (this survey noted whether dippers were present or absent at many 
sites throughout the entire catchment); information received from local angling 
associations about dipper nests; and known abundance of the bullhead (Chapter Three) 
(supplied by the EA). Final river sampling sites were based on where the dippers were 
located and the locations of WwTWs effluent outfalls. Dipper populations were 
surveyed in the first year to define the final designated study area (Chapter Four). 
 
Dipper nesting sites were not found upstream of an effluent discharge, so 
downstream/contaminated sites were classed as: 1) within 3 km of an industrial input or 
a significant sewage effluent outfall with a population equivalent (PE) greater than 500 
(‘polluted’ sites); 2) further than 3 km downstream from a WwTWs effluent discharge 
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with PEs <500 ( ‘clean’ sites’). The latter were also devoid of any industrial input along 
that stretch of river. Sections of rivers were visited twice during March/April/May in 
2005 and on a daily basis during February, March, April, May and June in the years 
2006, 2007 and 2008 for surveying dippers (methods of field surveys for dipper nesting 
sites are further described in Section 4.2.1 in Chapter Four). Effluent samples were 
collected in May 2005, and further effluent and river samples were collected in 
September 2006 and October 2007.   
 
 
 
 
 
 
 
All water samples collected or sampled passively were from sites within close proximity 
(10 m) of a dipper nest (see Section 4.2.1, Chapter Four). Selected WwTWs (Lifton 
WwTWs [LW] and Trebullett WwTWs [TW] were sampled based on size (i.e. 
population equivalent [PE]) and possible impact at sites further downstream. St 
Leonards WwTWs was also sampled as this was the largest WwTWs in the Tamar 
catchment. St Leonards WwTWs (STLW) had a total PE of 12024, and the PE was 86.8 
 
KEY 
 
          Spot sampling sites 
 
    X   Passive sampling sites 
 
          WwTWs discharge sampling  
          sites 
 
          Invertebrate sampling sites 
Figure 2.2. Geographical location of the 16 sites that were spot sampled, 13 sites that were sampled using 
passive samplers, and 3 WwTWs discharges that were spot and passively sampled (Reproduced from NRA, 
1995 with permission, © Crown copyright 1995). 
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%. All other WwTWs within the catchment have a total PE of <800, with little 
industrial input (SWW, pers comm.). 
 
All study sites were classed as ‘clean’ under the criteria previously discussed except for 
sites BB1, BB2 and B2. Sites BB1 and BB2 were within 3 km of Lifton WwTWs, 
which had a PE greater than 500. Site B2 was in direct proximity to the Ambrosia 
Factory, an industrial discharge. 
  
Table 2.2 gives site name, site code, river, the national grid reference (NGR) for each 
sampling location, and stream order (see Table 2.6 for all sampling methods used at all 
sites). 
 
SITE 
CODE SITE NAME RIVER NGR 
STREAM 
ORDER 
BB1 Bottom Beat 1 Lyd SX380840 4th 
BB2 Bottom Beat 2 Lyd SX378838 4th 
B2 Beat 2 Lyd SX397849 3rd 
B3 Beat 3 Lyd SX409850 3rd 
B20 Beat 20 Lyd SX486840 2nd 
B6A Beat 6A Wolf SX402861 3rd 
B17 Beat 17 Lew SX442835 2nd 
HK Hunt Kennels Thrushel SX427873 2nd 
BMT Bealsmill Tree Inny SX371776 2nd 
BMB Bealsmill Bridge  Inny SX358770 2nd 
BMW Bealsmill Weir Inny SX350770 2nd 
TM Trekenner Mill Inny SX340769 2nd 
RM Ruses Mill Inny SX306785 2nd 
GM Gimbletts Mill Inny SX241833 1st 
LB Laneast Bridge  Inny SX224835 1st 
SCB St Clether Bridge Inny SX205841 1st 
TB Tregulland Bridge  Inny SX378838 1st 
STLW St Leonards WwTWs  Tamar SX351849 4th 
LW Lifton WwTWs  Thrushel SX392850 3rd 
TW Trebullett WwTWs  Inny SX322781 1st 
Table 2.2. Site locations for spot and passive sampling. 
 
 
 
 
 
CHAPTER TWO 
 
89 
2.2.1.1. Distance of sampling points from WwTWs discharges and population 
equivalent (PE) of each WwTWs 
 
Distances from nearby WwTWs to each sampling site were determined by using the 
measurement tool option in Google
TM
 Earth (2008), as shown in Table 2.3. PE data for 
all WwTWs within the Tamar catchment was obtained from South West Water and final 
treatment for each WwTWs is also shown in this table.  
 
SITE WwTWs RIVER DISTANCE (KM) FINAL TREATMENT PE 
BB1 Lifton Thrushel/Lyd 2.1 Contact stabilisation 769 
BB2 Lifton Thrushel/Lyd 2.4 Contact stabilisation 769 
B2 Chillaton Trib of Lyd 5.5 Percolating filter 186 
B2 (Industrial) Lyd 0 -  - 
B3 Chillaton Trib of Lyd 3.8 Percolating filter 186 
B20 Lydford Lyd 3.4 Percolating filter 282 
B6a Broadwoodwidger Wolf 4.1 Percolating filter 74 
B17 Bridestowe Lew 9.7 Rotating biological contactor 277 
HK Lewdown 
Trib of 
Thrushel 4.6 
Extended aeration activated 
sludge 162 
HK Bratton Clovelly 
Trib of 
Thrushel 8.5 Percolating filter 124 
BMT Bealsmill Inny 2 
Extended aeration activated 
sludge 437 
BMB Trebullett Trib of Inny 5.5 Rotating biological contactor 103 
BMW Trebullett Trib of Inny 4.5 Rotating biological contactor 103 
TM Trebullett Trib of Inny 3.3 Rotating biological contactor 103 
RM Altarnum Trib of Inny 13.62 Percolating filter 465 
RM Lewannick Trib of Inny 7.23 Percolating filter 524 
RM Pipers Pool Trib of Inny 9.6 Percolating filter 35 
GM (Industrial) Inny 14.7 -  - 
LB (Industrial) Inny 9.3 -  - 
SCB (Industrial) Inny 12 -  - 
TB (Industrial) Inny 7.7 -  - 
- St Leonards Tamar - Percolating filter and extended  12024 
        aeration activated sludge 
 
 
 
 
2.2.1.2. Discharge rates of effluent from WwTWs and dilution factor for each site 
 
All discharge and dilution rate data were supplied by the EA. At each site, the 
concentrations of various oestrogenic chemicals and hormonal activities in the effluents 
of sewage treatment works located upstream were divided by the dilution factor in the 
Table 2.3. List of discharges relevant to this study, the river in which they are located, the distance from 
discharge to selected study site, the final treatment of that WwTWs, and the population equivalent (PE). 
[Sites highlighted in bold were also kick sampled for macroinvertebrates]. 
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river at the point of sampling. The dilution ratio for each of the WwTWs effluent as it 
discharges into the river is shown in Table 2.4. Effluent from St Leonards, Lifton and 
Trebullett WwTWs was diluted by 1:543, 1:597, and 1:413, respectively, when 
discharging into each river. 
 
WwTWs RIVER WwTWs FLOW    RIVER FLOW    DILUTION RATIO 
    MEAN (M3 S-1) SE MEAN (M3 S-1) SE   
St Leonards Tamar 0.0291 0.0073 15.79 0.38 1:543 
Lifton Thrushel 0.0035 0.0009 2.07 0.15 1:597 
Trebullett Inny 0.0008 0.0006 0.33 0.07 1:413 
 
 
 
2.2.2. Preparation of test samples  
 
2.2.2.1. Collection, clean up and extraction of 1 L river spot/test samples  
 
All spot samples were collected in duplicate at the times specified below. All yeast 
screens were run in duplicate for each sample (Section 2.2.3). Collection of river water 
samples from upstream of, downstream of and from three WwTWs effluent discharges 
(Lifton, St Leonards and Trebullett WwTWs) took place in May 2005, September 2006 
and October 2007. Spot samples were collected during all three visits and passive 
samplers were deployed in September 2006 and October 2007. Spot samples were 
collected in duplicate and replicate passive samplers were deployed at all sites except 
LB, SCB, and TB (dippers were only found to be nesting at these sites in spring 2008) 
in September 2006 and 2007. In June 2008, spot samples were collected from all 16 
nesting sites (Figure 2.2). Table 2.5 gives dates of all sampling techniques employed in 
this study and final analysis of these collected samples and Table 2.3 shows the distance 
of the sampling point from the nearest WwTWs. 
 
For analysis by YES and anti-YAS (see Section 2.2.3 for full methodology), river water 
and effluent samples were collected in  2x 1 L sterile amber glass Winchester bottles, 
solvent rinsed with acetone and dichloromethane (DCM). Methanol (HPLC grade) was 
added (5 % v/v) to aid subsequent solid phase extraction (SPE). Samples were 
transferred on ice to the lab and 1% (v/v) acetic acid was added to each sample to 
Table 2.4. The mean flow rate for each WwTWs (M
3
 S
-1
), the river mean flow rate (M
3
 S
-1
) and the 
resulting dilution ratio. 
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prevent microbial growth and degradation. Samples were stored at 4 C overnight 
before being processed (within 24 hours of collection).  
 
Sep-Pak C18 solid SPE cartridges were pre-conditioned with 5 mL 100 % methanol 
(HPLC grade) and then 5 mL 1 % (v/v) Analar acetic acid. For oestrogen analysis by 
LC/MS-TOF (Section 2.2.4), river samples were collected in 2 L amber plastic bottles 
and were preserved at the time of sampling with 2 ± 0.2 mL of concentrated 
hydrochloric acid and 0.5 + 0.1g of copper nitrate, stored at 4 C. Sample stability under 
these conditions has been tested up to 14 days after preservation (Anglia Water, pers 
comm). Analysis by LC/MS-TOF was carried out by Anglia Water. For PBDE and PCB 
analysis by GCMS (section 2.2.5), samples were collected in 2 L glass bottles, with no 
preservation. Analysis by GCMS was carried out by the National Laboratory Service 
(NLS) of the EA. 
 
All samples for the YES and anti-YAS required filtration due to the presence of 
particulate matter. Particulate matter needed to be reduced to prevent clogging of the 
SPE cartridges during the extraction process. The samples were vacuum-filtered 
through a double layer of Whatman GF/D micro-fibreglass filter paper. The particulate 
matter collected on the filter paper was rinsed twice with HPLC grade methanol, in 
order to extract any endocrine active compounds that may have adsorbed to the 
particulate matter, and this was returned to the liquid portion of the river water sample. 
Each sample was passed through the SPE cartridge using a peristaltic pump, at a flow 
rate of 2 mL min
-1
. The retentates on the SPE cartridge were washed with 5 mL HPLC 
water and air dried. After this, the cartridge was eluted with 5 mL 100 % methanol into 
a 7 mL solvent rinsed (acetone, DCM) bijou bottle. This was then evaporated to near 
dryness (approximately 50 µL remaining), under a stream of nitrogen. Each sample was 
then resuspended in 1 mL ethanol (HPLC grade), giving a 2000-fold concentration of 
the original 2 L sample. These extracts were then stored at -20 C. 
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  DATE AND PROCESS BY WHICH SAMPLES WERE COLLECTED AND ANALYSED         
SITE SPOT YES  PASSIVE YES  SPOT ANTI-YAS  PASSIVE ANTI-YAS  SPOT LC/MS-TOF  PASSIVE LC/MS-TOF  SPOT GCMS  PASSIVE GCMS  KICK SAMPLING 
BB Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008    
B2 Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
B3 Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  June 2006 
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
B20 Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  June 2006 
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
B6A Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
B17 Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
HK Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
BMT Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
BMB Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
BMW Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
  June 2008   June 2008   June 2008   June 2008     
Table 2.5. Date samples collected for each method of collection (spot, passive or kick) and analysis (YES, anti-YAS, LC/MS-TOF or GCMS). 
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  DATE AND PROCESS BY WHICH SAMPLES WERE COLLECTED AND ANALYSED         
SITE SPOT YES  PASSIVE YES  SPOT ANTI-YAS  PASSIVE ANTI-YAS  SPOT LC/MS-TOF  PASSIVE LC/MS-TOF  SPOT GCMS  PASSIVE GCMS  KICK SAMPLING 
TM Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008   June 2008   
RM Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
GM Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006   
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
 June 2008  June 2008  June 2008  June 2008   
LB Sept 2006   Sept 2006   Sept 2006   Sept 2006    
 Sept 2007  Sept 2007  Sept 2007  Sept 2007   
 June 2008  June 2008  June 2008  June 2008   
SCB Sept 2006   Sept 2006   Sept 2006   Sept 2006    
 Sept 2007  Sept 2007  Sept 2007  Sept 2007   
 June 2008  June 2008  June 2008  June 2008   
TB Sept 2006   Sept 2006   Sept 2006   Sept 2006   June 2006 
 Sept 2007  Sept 2007  Sept 2007  Sept 2007   
 June 2008  June 2008  June 2008  June 2008   
L W Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  June 2006 
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
T W Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  June 2006 
 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007  
ST L W Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  Sept 2006  June 2006 
  Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007 Sept 2007   
 
 
 
 
Table 2.5. Cont… Date samples collected for each method of collection (spot, passive or kick) and analysis (YES, anti-YAS, LC/MS-TOF or GCMS). 
CHAPTER TWO 
 
99 
2.2.2.2. Passive sampling  
 
2.2.2.2.1. Conditioning of SDB-XC Empore
TM
 disks for polar chemicals – theory 
 
SDB-XC is a poly(styrenedivinylbenzene) copolymer used as a reversed phase sorbent 
for SPE. SDB-XC is a 100 % copolymeric particle that is spherical, porous and cross-
linked, rather than being bonded to silica. While bonded silica sorbents exhibit 
secondary cationic (silanol) interactions and pH limitations, the SDB-XC does not, 
therefore offering a more predictable and reproducible reversed phase interaction 
(Varian, 2006). The structure of SDB-XC is able to provide unique selectivity, 
especially in the retention of moderately polar (log Kow <4), water-soluble analytes, 
such as oestrogens. Each SDB-XC Empore
TM
 disk (Varian; UK) requires conditioning 
prior to use. The sorbent particles in the SDB-XC disk are hydrophobic when dry and an 
aqueous solution cannot properly wet the surface. Conditioning the disk with an organic 
solvent, such as methanol, is necessary to reduce surface tension and solvate the 
hydrocarbon chains. Water is then added to rinse out the methanol so that precipitation 
of sample proteins is prevented upon sample loading. Proper disk conditioning is critical 
for successful extraction, preparing the sorbent to interact efficiently with the sample 
matrix, i.e. the river water into which it is deployed. If the disk is not conditioned 
properly recoveries of contaminants may be low and/or erratic. Absorption and 
concentration of dissolved contaminants onto the SDB-XC disk occurs through a 
diffusion-limiting membrane. The membrane used in this study was a polyethersulfone 
(PES) membrane, which allows polar chemicals, i.e. those with a log Kow <4, to diffuse 
through and concentrate onto the SDB-XC disk. See section 2.2.2.2.3 for conditioning 
methods.  
 
2.2.2.2.2. Polyethersulfone (PES) membrane cleaning/preparation 
 
Polyethersulfone (PES) membranes (supplied by the EA) were cut into 60 mm diameter 
circles, with two circles required per sampling device. Twenty PES circles were each 
placed in clean, solvent rinsed (acetone, DCM) glass beakers, to which 1 L of 20 % 
(v/v) HPLC grade methanol was added. The beaker was covered with aluminium foil 
and placed in an incubator for 24 h at 40 °C. This incubation aids the cleaning process. 
The following day the membranes were retrieved from the incubator and the solvent 
discarded. The process was repeated and incubated for a further 24 h at 40 °C. After this 
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time, the solvent was once again discarded and replaced with 1 L of 100 % HPLC grade 
methanol, and the beaker was covered with foil and placed in the incubator for a further 
24 h at 40 °C. The following day, this methanol was discarded, a new litre of methanol 
added, and the membranes were incubated once again for 24 h at 40 °C. After this last 
24 h period, each PES circle taken from the methanol was placed on a piece of solvent 
rinsed aluminium foil to air dry (the methanol was discarded). Once the circles were 
dry, they were placed in a solvent rinsed aluminium foil envelope; each envelope was 
then placed in a zip-lock bag and stored at -20 °C until required.  
 
2.2.2.2.3. Preparation and make-up of SDB-XC passive samplers - protocol  
 
SDB-XC Empore
TM 
disks (diameter 47 mm) were conditioned before being placed in 
the passive samplers. Each disk was immersed in methanol for 24 h, after which each 
disk was separately placed on a vacuum bed, the funnel clipped on, and 100 mL of 
methanol drawn through. The vacuum was turned off leaving approximately 10 mL in 
the funnel to cover the disk before 100 mL of HPLC water was poured in. The vacuum 
was turned on again to draw the water through, leaving approximately 10 mL of water 
covering the disk, and making sure that the disk didn’t dry out before it was removed. If 
the disk dried out during any of the conditioning, then the process started again with 
another 100 mL of methanol. The sampler was then made up based on the POCIS 
construction as shown in Figure 2.3, i.e. the receiving phase and the membranes were 
held together by two metal rings: 
 
 
 
Figure 2.3. Schematic diagram of SDB-XC passive sampler configuration. (A) Stainless steel holder; (B) 
Screws/holes; (C) PES membrane; (D) SDB-XC sorbent. 
A C D C A 
 B 
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The disks were placed in an HPLC water-filled air tight container, making sure that all 
samplers were submerged, and stored at 4 °C. The final exposure surface area of the 
sampling device was 2035 mm
2
. 
 
2.2.2.2.4. Determination of exposure conditions for calibrations of E1, E2, and EE2 
using SDB-XC passive samplers  
 
All calibrations were carried out by the NLS in collaboration with the candidate. Twelve 
SDB-XC devices were used for calibration of E1, E2, and EE2, with a total run time of 
21 days. The exposure temperature remained constant at 14 °C for the entire exposure. 
Tanks were spiked with a concentration of 10 ng L
-1
 of E1, E2, and EE2. On days 1, 3, 6, 
10, 15 and 21, 1 L water samples were collected from the calibration tank for the 
determination of these three steroid oestrogens. It was assumed that the recovery of the 
hormones from Chemcatcher receiving phase was 100 %. The limit of detection of the 
analytical method (1 mL extract from sampler), was 10 ng mL
-1
. The flow velocity was 
20.5 cm s
-1
. Overall analyte depletion of the water by the samplers was estimated. From 
the data available for the samplers, uptake rates (RS) of 0.25 L day
-1
 could be expected. 
With 12 samplers, this was equivalent to 3 L of water cleared of hormones per day of 
calibration. Twenty times this volume was used to avoid any significant analyte 
depletion of the water phase. This meant that the water flow through the calibration tank 
was approximately 60 L day
-1
. To determine the hormone concentration in water 
required the concentration to be well above the limit of detection/limit of quantitation 
(LOD/LOQ) for the water sampling protocol, so the water concentration in this case was 
set at 10 ng L
-1 
(CW).  
 
To assemble the calibration tank (Figure 2.4), the tank was filled with MilliQ water (100 
L) prior to commencing the calibration run, and was spiked with the compounds at a 
concentration of 10ng L
-1
. The reservoir for MilliQ water was filled (100 - 200 L) prior 
to commencing the calibration test. The peristaltic pump was set to the appropriate flow 
rate 40 mL min
-1
, and the overflow outlet on the tank was diverted to waste and a check 
carried out to ensure that the water was running away from the tank. The carousel 
holding the passive sampling devices was assembled and the overhead stirrer attached to 
the top end of the carousel. To start the calibration run, the initial spiking solution 
(added directly to the tank at the start), was prepared and added to the tank giving a 
concentration of 10ng L
-1
 for each of the hormones. 
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The stock solution to be spiked into the calibration tank was prepared in a 5 L and a 2 L 
volumetric flask giving a total volume of 7 L. This was poured into a 10 L glass vessel. 
The rotation speed for the carousel was set at 12 rpm and measured every day. Twelve 
rpm gave a flow velocity of 20.5 cm per second. Only slight deviation (< ± 1c m s
-1
) 
was observed, and was most probably due to the fluctuating mains voltage in the area. 
Twelve replicate samplers were fixed to the carousel and the carousel was put back into 
the exposure tank and fixed to the overhead stirrer. The rotation speed was set at 12rpm. 
Retrieving samplers from the rig was undertaken relatively rapidly. The overhead stirrer 
was stopped and dismantled and the carousel was lifted out of the water to retrieve 
duplicate samplers.  
 
 
 
 
 
The carousel was then put back into the exposure tank and the overhead stirrer was 
fitted back onto the carousel and switched on and the rotation speed checked. Retrieved, 
exposed, samplers were stored frozen until extraction.  
 
The calibration rig needed to be checked frequently to ensure that there was appropriate 
and consistent rotation speed of the carousel, and the water holding tank needed to be 
filled at regular intervals to ensure that the system did not run out of water. The 
wastewater tank also needed to be emptied regularly and the water treated before being 
Figure 2.4. The rig used for the calibrations of the passive samplers. 
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discharged. The stock solution for the analyte spiking was checked and changed 
regularly. Water sampling was conducted on a regular basis throughout the calibration 
experiment in order to determine analyte concentrations in the water phase. If dissolved 
organic carbon and total organic carbon (DOC/TOC) levels were minimised, total water 
concentrations reflected the concentration that samplers were exposed to, and DOC and 
TOC levels were measured every two days. The water flow through the exposure tank 
was inspected regularly during the exposure and measurements of pH and dissolved 
oxygen were conducted. To reduce microbial growth during the longer calibrations, 
nitrogen spurging was used to remove oxygen from the water during the calibrations. 
Oxygen concentrations are much higher in air than in water, and where the air and water 
meet, this difference in concentration causes oxygen molecules in the air to dissolve into 
the water. More oxygen dissolves into water if the water is disturbed, as with the 
calibration rig. During the calibration, therefore, dissolved oxygen (DO) levels remain 
high, which can in turn encourage microbial growth, hence, the need for nitrogen 
purging. 
  
In the Tamar catchment DO levels are controlled naturally by photosynthesis. Because 
it requires light, photosynthesis occurs only during daylight hours. Respiration and 
decomposition, however, is continual. This difference accounts for large daily variations 
in DO concentrations. During the night, when photosynthesis cannot counterbalance the 
loss of oxygen through respiration and decomposition, DO concentration steadily 
declines. Photosynthesis resumes at dawn, and so DO concentrations increase. DO 
concentration needs to remain at between 9 and 11 mg L
-1
 to support the salmonid 
fishery within it waters. DO levels can fall below this for short periods due to pollution 
incidents and algal blooms in warm, dry weather. 
 
2.2.2.2.5. Estimation of exposure conditions for calibrations 
 
All calculations were carried out by the NLS. All the information presented in Table 2.6 
was required to estimate exposure conditions for calibrations of the steroid oestrogens, 
E1, E2, and EE2. 
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ID UNIT DESCRIPTION 
tcalib day Run time for the calibration experiment 
N  Number of devices being calibrated 
RS,est L day
-1
 Estimate of uptake rate based on available data 
LODWAT ng L
-1
 Limit of detection for water samples 
LODAnalysis ng Limit of detection of detection of the analysis (1 mL extract)   
Rec % Analyte recovery from sampler’s receiving phases 
 
 
 
The overall estimated uptake rate (L day
-1
) for all the samplers were determined by the 
following equation: 
 
estSoverallS RNR ,,   
 
Depletion of the water phase by the samplers needed to be avoided. So the water flow 
through the tank needed to be significantly larger than the clearance rate of the 
samplers. A factor (F) of 20 was applied in order to determine the total flow through the 
tank to avoid any significant analyte depletion of the water phase. The total water flow 
(QWAT) required could then be calculated as follows: 
 
overallSWAT RFQ ,  
 
To determine the analyte concentration in water, the first requirement was: 
 
WATW LODC   
 
The exposure of the first two samplers to be retrieved after time t2 needed to yield 
sufficient analyte mass for quantification so that: 
 
AnalysisestSW LODRtC  ,2  
 
To determine the spiking solution concentration and volume and flow rate, the volume 
of methanol (MeOH) relative to the volume of water in the tank needed to be kept as 
low as possible (< 2 %), and was calculated as follows: 
 
Table 2.6. Data used for calculations of passive sampler calibrations for E1, E2, and EE2. 
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100
2 WAT
MeOH
Q
Q

  
 
Possible flow rates with an HPLC pump may be in the range 0.5-5 mL min
-1
. The 
concentration for the methanolic solution could then be calculated as: 
 
MeOH
W
WMeOH
Q
Q
CC   
 
The total volume (V) of spiking solution required for a 14 day calibration was obtained 
from the following equation: 
 
MeOHtotalMeOH QtV  14,  
 
The mass of analyte needed could then be calculated: 
 
MeOHMeOHanalyte VCm   
 
In addition, the first 100 L of water in the tank needed a single initial spike and mixing 
to bring the concentration to the expected concentration: 
 
Wrigcalibspike CVm   
 
And the volume of this single spike could be optimised to be less than 2 % of the total 
volume of water in the tanks. 
 
2.2.2.2.6. Deployment of passive samplers and collection of test samples 
 
For deployment, two samplers were placed in a square metal cage (made from either 
fence or chicken wire and held together with cable ties), approximately 150 mm x 150 
mm x 5 mm. This size and construction of cage allowed the samplers to be held flat 
without one slipping over the other, and permitting both upper and lower surfaces of the 
sampler to be in contact with the flow of river water, and thus sampling to its fullest 
capacity. Three cages, containing two samplers each, were positioned at each site (see 
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Figure 2.2 for sites), in medium river flow (i.e. not the fastest or slowest part of the 
river) or effluent discharge. Cages were held in place by tying them firmly either to 
large rocks on the river bed, or tree roots which hung out over the river, making sure 
that at all times the samplers were held parallel to the flow of water. After day 7, 14 and 
21, one cage was removed from each site and the SDB disks inside extracted. 
 
2.2.2.2.7. Extraction of SDB-XC EmporeTM disks 
 
Each passive sampler was disassembled carefully, the SDB-XC EmporeTM disk removed 
and the PES membrane circles discarded. Each SDB-XC disk was folded and 
transferred to a 15 mL solvent rinsed glass vial containing 5 mL of acetone and 
transported to the lab, where it was sonicated for 5 min. The SDB disk was then 
removed from the acetone and placed in another 15 mL solvent rinsed glass vial. To 
this, 5 ml of 50:50 (v/v) ethyl acetate:2,2,4-trimethylpentane was added and then 
sonicated for another 5 minutes. The acetone and the ethyl acetate:2,2,4-
trimethylpentane extracts were combined and filtered through a drying cartridge 
containing 1 g sodium sulphate (Varian; UK) to remove any water. From this extract, a 
2 mL aliquot was taken for YES and anti-YAS analysis, gradually reduced in a fume 
hood to <50 µL under a stream of nitrogen and taken up to 1 mL with ethanol. The 
extracts were then placed on a shaker plate at 100 RPM for 24 h at room temperature to 
resuspend the extract. When re-suspended, each sample was stored at -20 °C until 
required for the YES and anti-YAS. The remaining 8 mL of the acetone and ethyl 
acetate:2,2,4-trimethylpentane extract was stored at -20 °C for chemical analysis by the 
NLS and Anglia Water.  
 
The final version of passive sampler used in this study (for samples collected in 
September 2007) was a hybrid of the POCIS (Alvarez et al, 2004) and the Chemcatcher 
(Kingston et al, 2000). In the first study in September 2006, a new version of the 
Chemcatcher was used, supplied by the University of Portsmouth. The original version 
of Chemcatcher is described by Seethapathy et al (2008).  Unfortunately this model 
wasn’t as robust as the original described by Kingston et al (2000), and allowed, in 
faster river flows, the PES membrane to come away, permitting water to come into 
contact with the sorbent (Figure 2.6). Because of this problem, concentrations of any 
contaminants extracted from the sorbent couldn’t be calculated, and so results obtained 
from the passive samplers in this original survey have not been used for this study. The 
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survey was repeated again in October 2007, with a more robust sampler design, based 
on that of the POCIS. See Section 2.2.2.2.3 for design details and methodology. 
 
  
 
 
 
 
2.2.3. Recombinant yeast screen assay – YES and anti-YAS  
 
2.2.3.1. Preparation of yeast stocks 
 
The recombinant yeast strains incorporating the hAR and the hER were kindly supplied 
by Professor John Sumpter of Brunel University. Both yeast strains were stored at -20 
C as a 10-fold concentrated stock culture, in 0.5 mL aliquots in 1.2 mL sterile 
cryogenic vials (Sterilin).  
 
To produce working stocks, 50 mL of fresh growth medium, inoculated with yeast 
stock, was added to a sterile conical flask and incubated at 28 °C for 24 hours with 
orbital shaking at 110 RPM’s (model S150; Stuart Shakers, United Kingdom). After 24 
hours, 1 mL of the culture was added to another 50 mL of fresh growth medium and 
placed on the orbital shaker (110 RPM) set at 28 °C, for a further 24 hours. After this 
time, the culture was transferred to sterile 50 mL polypropylene centrifuge tubes and 
centrifuged at 2000 g for 10 minutes. The supernatants were decanted and the cells 
resuspended in 5 mL minimal medium with 15 % glycerol, making a 10x concentrated 
stock. Aliquots of 0.5 mL were transferred to 1.2 mL sterile cryogenic vials (Nalgene; 
Merck Ltd, Lutterworth, Leicestershire, UK). These were stored for a maximum of 4 
months at -20 °C before being replaced with new stocks.   
Figure 2.5. Chemcatcher passive samplers from the first survey. (A) shows how the sampler should be 
after being removed from the river. (B) shows the PES membrane lifting from the sampler, allowing the 
sorbent to come into contact with the medium that it is sampling. Note amount of biofouling and silt 
build up on (B). 
 
A B 
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2.2.3.2. Preparation of medium components 
 
Minimal medium was prepared by adding 13.61g KH2PO4, 1.98g (NH4)2SO4, 4.2 g 
potassium hydroxide (KOH) pellets, 0.2 g magnesium sulphate (MgSO4), 1.0 mL 
Fe2(SO4)3 solution (40 mg 50 mL
-1
 H2O), 50 mg L-leucine, 50 mg L-histidine, 50 mg 
adenine, 20 mg L-arginine hydrochloride, 20 mg L-methionine, 30 mg L-tyrosine, 30 
mg L-isoleucine, 30 mg L-lysine monohydrochloride, 25 mg phenylalanine, 100 mg L-
glutamic acid, 150 mg L-valine and 375 mg L-serine to 1 L of HPLC grade water. This 
solution was then placed on a heated stirrer until all material had dissolved, allowed to 
cool to room temperature and adjusted to pH 7.1. It was then dispensed into medical flat 
glass bottles, fitted with aluminium caps, in 45 mL, 90 mL or 135 mL aliquots. Each 
bottle was then autoclaved at 121 C for 15 min and stored at room temperature.  
 
A 10 mg mL
-1
 solution of chlorophenol red--D-galactopyranoside (CPRG) was made, 
filter sterilised through 0.2 m pore size Whatman PURADISC filters before being 
dispensed, in 5 mL aliquots, into 7 mL McCartney glass bottles which had previously 
been autoclaved at 121 C for 10 min, and stored at room temperature. 
 
Vitamin solution was prepared by adding 4 mg thiamine, 4 mg pyridoxine, 4 mg 
pantothenic acid, 20 mg inositol and 2 mg biotin to 100mL of HPLC grade water. The 
vitamin solution was placed on a magnetic stirrer until it had dissolved and then filter-
sterilised through 0.2 m pore size Whatman PURADISC filters. 10 mL aliquots were 
then dispensed into 14 mL McCartney glass bottles, which had previously been 
autoclaved at 121 C for 15 min, and stored at 4 C. 
 
A stock solution of 4 mg ml
-1
 L-aspartic acid was prepared, dispensed into 28 mL 
McCartney glass bottles in 15 mL aliquots, autoclaved at 121 C for 10 min, and  stored 
at room temperature.  
 
A 20 % (w/v) solution of D-(+)-glucose was prepared, dispensed into 28 mL McCartney 
glass bottles in 25 mL aliquots, autoclaved at 121 C for 15 min, and stored at room 
temperature.  
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 A stock solution of 24 mg mL
-1
 L-threonine was prepared, dispensed into 14 mL 
McCartney glass bottles in 5 mL aliquots, then autoclaved at 121 C for 15 min, and 
stored at room temperature.  
 
A 20 mM solution of copper (II) sulphate was prepared and filter sterilised through 0.2 
m pore size Whatman PURADISC filters before being dispensed, in 5 mL aliquots, 
into 7 mL McCartney glass bottles which had previously been autoclaved at 121 C for 
15 min, and stored at 4 C.  
 
2.2.3.3. Growth medium 
 
Growth medium, made-up by adding 5 mL glucose solution, 1.25 mL aspartic acid 
solution, 0.5 mL vitamin solution, 0.4 mL L-threonine solution, 125 L copper (II) 
sulphate solution to 45 mL minimal medium in a sterile conical flask, was inoculated 
with 125 L of concentrated stock yeast and incubated at 28 °C for 24 hours with 
orbital shaking at 110 RPM (model S150; Stuart Shakers, United Kingdom). 
 
2.2.3.4. Assay medium 
 
Assay medium was prepared by adding 0.5 mL CPRG solution to 50 mL fresh growth 
medium. This was then seeded with yeast from the 24 h yeast culture, to give a final 
concentration of 4  107 yeast cells per 50 mL assay medium.  
 
2.2.3.5. Preparation of standard reference chemicals 
 
2.2.3.5.1. YES standard 
 
The standard reference chemical used in the hER yeast screen was 17β-oestradiol (E2) 
(98 % purity; Sigma) at a concentration of 54.48 µg L
-1
, dissolved in absolute ethanol 
(diluted from a 1000 x stock solution). The oestrogenic activity of samples tested in the 
YES was expressed in ng L
-1
 17β-oestradiol equivalents (ng L-1 E2 EQs). 
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2.2.3.5.2. Anti-YAS standard 
 
Flutamide was used as the standard reference chemical in the anti-hAR yeast screen 
(98% purity; Sigma) at a concentration of 552.71 mg L
-1
, dissolved in absolute ethanol 
(diluted from a 1000 x stock solution). The anti-androgenic activity of samples tested in 
the anti-YAS was expressed in µg L
-1
 flutamide equivalents (µg L
-1
 FLUT EQs). 
 
2.2.3.6. Assay procedure 
 
Yeast assays were performed in a Type II laminar air flow cabinet in order to minimise 
aerosol formation and maintain sterile conditions. A two-fold serial dilution was 
performed on test samples and standards, dissolved in HPLC grade ethanol. 10 L 
aliquots of each dilution were then transferred to a 96 well flat bottom Lindrop tissue 
multiwall plates (MP Biomedicals PLC, Ohio, USA). Test samples and standards were 
evaporated to dryness on the assay plate and 200 L aliquots of the assay medium were 
dispensed into each sample well using a multi-channel pipette.  
 
For testing oestrogenic activity, each plate contained two rows of E2, diluted in a 
stepwise factor of two (standard curve of E2; ST1-12 rows A and B), a row of blanks 
(Blank, row F), and a row of solvent control (SC: ethanol, row C). Test samples were 
added in duplicate to rows D & E and G & H (Un1-12), as shown in Figure 2.6A. All 
wells contained assay medium.  
 
For testing anti-androgenic activity, standard plates were set up as follows: two rows of 
DHT, diluted in a stepwise factor of two (standard curve for DHT; ST1-12; rows A and 
B), a row of blanks (Blank, row F), two rows of a specified amount of DHT (DHT, row 
D and E); two rows of a specified amount of  DHT plus flutamide, serially diluted by a 
stepwise factor of two (DHT + F1-12 standard curve, row G and H); a row of solvent 
control (SC, ethanol, row C), as shown in Figure 2.6B. All wells contained assay 
medium.  
 
The plate for testing extracted samples for anti-androgenic activity was set up as 
follows: two rows of a specified amount of DHT plus flutamide serially diluted by a 
stepwise factor of two (DHT + F1-12 standard curve, rows A and B), a row of blanks 
(Blank, row F), a row of solvent control (SC; ethanol, row C). Test samples were added 
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in duplicate to rows D & E and G & H with a specified amount of DHT, as shown in 
Figure 2.6C. All wells contained assay medium.  
 
The plates were sealed with autoclave tape and shaken on a Microtiter plate shaker for 2 
min before being incubated at 32 C in a naturally ventilated heating cabinet. After 24 h, 
plates for assessing anti-androgenic activity were shaken vigorously on a microtiter 
plate shaker before being moved and incubated at 24 °C. Oestrogenic plates were also 
vigorously shaken on the microtiter plate shaker but remained at 32 °C. After 24 h, the 
anti-androgenic screening plates were removed from the heating cabinet and shaken 
vigorously on a microtiter plate shaker. 
 
The plates were then read on a plate reader (Molecular Devices, Wokingham, UK) at 
540 nm and 620 nm using SOFTmax Pro 3.12 software (Molecular Devices). Plates 
screening for oestrogenic activity were once again vigorously shaken and incubated at 
32 C for a further 24 h. 
 
The plates were then removed and shaken vigorously on the microtiter plate shaker 
before being read on the plate reader at 540 nm and 620 nm.  
 
2.2.3.7. Calculation of endocrine activity in the YES and anti-YAS assays 
 
After incubation, a positive response for oestrogenic activity is indicated by a 
concentration dependant increase in the colour change of the chromogenic substance 
CPRG (due to expression of β-galactosidase), that changes from a yellow to red. A 
slight background production of β-galactosidase by the yeast means that the negative 
control wells appear light orange in colour.  
 
This colour change was measured at a wavelength of 540 nm (A540), the optical density 
increasing with the increase in the red colour of the medium. When calculating the 
results, it was necessary to correct for any factors which may have influenced the final 
reading. As yeast grows, it forms a turbid layer over the base of the plate wells, which 
may not be uniform. This turbidity can interfere with the light path of the 
spectrophotometer and may also be positively or negatively influenced by the presence 
of a test sample.  
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A 
E2 
ST1 
E2 
ST2 
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ST3 
E2 
ST4 
E2 
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E2 
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E2 
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E2 
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E2 
ST10 
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ST11 
E2 
ST12 
B 
E2 
ST1 
E2 
ST2 
E2 
ST3 
E2 
ST4 
E2 
ST5 
E2 
ST6 
E2 
ST7 
E2 
ST8 
E2 
ST9 
E2 
ST10 
E2 
ST11 
E2 
ST12 
C SC SC SC SC SC SC SC SC SC SC SC SC 
D Un1 Un2 Un3 Un4 Un5 Un6 Un7 Un8 Un9 Un10 Un11 Un12 
E Un1 Un2 Un3 Un4 Un5 Un6 Un7 Un8 Un9 Un10 Un11 Un12 
F Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank 
G Un1 Un2 Un3 Un4 Un5 Un6 Un7 Un8 Un9 Un10 Un11 Un12 
H Un1 Un2 Un3 Un4 Un5 Un6 Un7 Un8 Un9 Un10 Un11 Un12 
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A 
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DHT 
ST3 
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DHT 
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DHT 
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DHT 
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DHT 
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DHT 
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DHT 
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C SC SC SC SC SC SC SC SC SC SC SC SC 
D DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   
E DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   DHT   
F Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank 
G 
DHT + 
F1 
DHT + 
F2 
DHT + 
F3 
DHT + 
F4 
DHT + 
F5 
DHT + 
F6 
DHT + 
F7 
DHT + 
F8 
DHT + 
F9 
DHT + 
F10 
DHT + 
F11 
DHT + 
F12 
H 
DHT + 
F1 
DHT + 
F2 
DHT + 
F3 
DHT + 
F4 
DHT + 
F5 
DHT + 
F6 
DHT + 
F7 
DHT + 
F8 
DHT + 
F9 
DHT + 
F10 
DHT + 
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DHT + 
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A 
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DHT + 
F4 
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F8 
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F12 
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DHT + 
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DHT + 
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E 
DHT + 
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Un2 
DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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F Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank Blank 
G 
DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
Un5 
DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
Un12 
H 
DHT + 
Un1 
DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
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DHT + 
Un12 
 
 
 
 
 
 
 
 
 
 
 
Figure 2.6. (A) Plate configuration for YES, showing position of 17β-oestradiol standard curve (ST1-12: serially 
diluted E2) and duplicate test samples (Un1-12 – test sample serially diluted from Un1-12); solvent control 
(SC) and a blank (assay medium only). (B) Plate configuration for Anti-YAS standard plate, showing position of 
DHT standard curve (ST1-12: serially diluted DHT); constant DHT (DHT); Flutamide + DHT (F1-12 serially 
diluted from F1-12 + DHT); solvent control (SC) and a blank (assay medium only). (C) Plate configuration for 
Anti-YAS test plate, showing position of Flutamide + DHT (F1-12 serially diluted from F1-12 + DHT); constant 
DHT (DHT); Duplicate test samples + DHT (Un1-12 – test sample serially diluted from Un1-12 + DHT); solvent 
control (SC) and a blank (assay medium only). 
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Therefore the plates were read at 620 nm (A620) to measure the turbidity of yeast cells in 
each well, allowing a comparison between the test chemical and controls. Control wells 
usually appeared light orange in colour due to the background expression of β-
galactosidase. The following equation was applied to the data to correct for the turbidity 
of yeast cell growth: 
 
Corrected value = test sample A540 – [test sample A620 – blank A620] 
 
The corrected absorbance A540 values were plotted, and the midpoint of the test sample 
was compared to the equivalent concentration of standard reference chemical required 
to produce the same corrected absorbance at A540. 
 
2.2.4. Liquid chromatography with mass spectrometer time of flight (LC/MS-TOF) 
detection of E1, E2 and EE2 in spot and passive samples 
 
To determine concentrations of E1, E2 and EE2, analysis by LC/MS-TOF was carried 
out on all extracted passive and spot water samples by Anglia Water. The method used 
was as follows: each sample was extracted through a pre-conditioned Styrene divinyl 
benzene polymer SPE column. Under these conditions the steroids are retained by the 
specified phase. The cartridge was washed then dried by forcing air through it and the 
steroids desorbed with a small quantity of ethyl acetate. The extract was evaporated to 
dryness under an air line, taken up in 95:5% (v/v) cyclohexane:propan-2-ol and cleaned 
up by normal phase chromatography using a Cyano LC column and fraction collection. 
The extract was evaporated to incipient dryness under an air line, taken up in 
dichloromethane (DCM) and further cleaned up using a GPC column and fraction 
collection. The extracts were again evaporated to incipient dryness under an air line, 
taken up in 90:10% (v/v) water:methanol then analysed by high performance liquid 
chromatography with mass spectrometer time of flight detection (LC/MS-TOF). 
Recoveries from river water samples analysed by LC/MS-TOF ranged between 89.4 and 
94.0 % for E1, 99.2 and 108.9 % for E2 and 99.0 and 102.2% for EE2.  
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2.2.5. Gas chromatography mass spectrometry (GCMS) detection of PBDEs and 
PCBs in spot and passive samples 
 
To determine concentrations of PBDE congeners 28, 47, 66, 85, 99, 100, 138, 153, 154, 
and 183, and PCB congeners 28, 52, 101, 118, 138, 153, and 180 analyses by gas 
chromatography mass spectrometry (GCMS) was carried out on all extracted passive 
and spot water samples by the NLS. The method used was as a follows: all samples 
were homogenised and freeze-dried and samples ground and sieved. A suitable mass of 
dried sample was transferred to a Soxhlet thimble and 100 µL of 
13
C-BDE-47, 
13
C-
BDE-99, 
13
C-BDE-153, and 
13
C-BDE-183 were added as internal standards to the 
extraction solvent toluene. The thimble was placed in the Soxhlet extractor for 16 hours, 
after which the extract was concentrated to near dryness. Extracts were cleaned using 
acidic silica supplemental clean-up (56 g of silica treated with 44g of sulphuric acid 
[H2SO4; 95 % to 97%]), followed by gel permeation chromatography (GPC). Extracts 
were concentrated to a final volume of 0.5 mL and the remaining solvent was 
evaporated to near dryness again under a nitrogen and dissolved immediately in a 
mixture of ethyl acetate:cyclohexane (v/v 1:1). This was then transferred into a 5 ml 
volumetric flask, brought to volume and then transferred completely into a glass vial. 
Four mL of this solution was injected onto a column to clean up the extract. Once this 
had been carried out, samples were loaded onto a gas chromatograph, with an on-
column injection port coupled to a mass spectrometer with electron impact. The GCMS 
was optimised and the extracts were measured. The detection limit for the different 
compounds ranged from 0.02 ng L
-1
 to 1 ng L
-1
. Recoveries were >85 % for all 
congeners with no interfering peak on the chromatograph. A typical chromatogram 
profile for the BDE congeners analysed is shown in Figure 2.7. 
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2.2.6. Benthic macroinvertebrate analysis 
 
Sampling of macroinvertebrates was carried out at nine sites within the Tamar 
catchment, including upstream and downstream of three WwTWs and three dipper 
nesting sites, as shown in Figure 2.2. These data were used to assess both water quality 
and to give an insight into the food available on which both dippers and bullheads feed. 
Riffles were selected close to each site for kick sampling as this is the type of substrate 
on which dippers are best able to feed. Beauger et al (2006) and Beauger & Lair (2008) 
have suggested that it is the riffles that harbour more of a variety of invertebrates and 
pollution sensitive taxa. Riffles, found from upper to intermediate reaches of the river 
continuum, i.e. where dippers and bullheads are more likely to be found, offer a wide 
variety of mineral substrate harbouring a highly diverse fauna, including pollution 
sensitive taxa. Beauger & Lair (2008) demonstrated that bioassessments achieved by 
sampling riffles/mineral substrata alone, compared favourably with those made using 
multi-substratum sampling methods. By targeting only riffles, a saving on time and 
resources can be made. It also enables the refining of the level of taxonomic 
determination among the pertinent taxa to genus and species level, if possible.  
 
 
 
Figure 2.7. Chromatogram of the standard profile of BDE congeners under GCMS conditions using 
electron impact.   
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2.2.6.1. Kick sampling 
 
To sample the benthic invertebrates, kick sampling was employed, where a net is placed 
downstream from the sampler and the river bed is agitated by kicking. Typically this is 
carried out for three minutes in a section of river studied. Any invertebrates caught in 
the net are preserved in an alcohol solution and stored, and subsequently identified to 
the family level or further. This type of sampling can be semi-quantitative if number of 
kicks and/or time are standardised.  
 
To conduct a quantitative analysis at each of the sites, the following method was used. 
At each site, a riffle was selected close to either the dipper nesting site or 100 m 
upstream or 100 m downstream of the WwTWs effluent discharge. The width of the 
river was measured, and a tape measure laid from one side of the river to the other. 
From this tape measure, a 1 m distance, was measured downstream of the tape measure, 
all the way across the river (Figure 2.8). By working in this way, area, and thus 
invertebrate density per m
2
, could be determined. The defined sampling area at each of 
the sites was approached from a downstream direction to avoid disrupting the 
invertebrates before the collection was started.  
 
Facing downstream and starting at the downstream point of the ruler marker, two kick, 
or D nets (250 µm mesh), were placed on the river bed, with the opening facing 
upstream. The area in front of the net was agitated with the feet. This dislodged 
invertebrates from the river bed which were carried by the flow of the river into the net. 
This process continued across the river until the whole area had been sampled. Any 
large rocks on the bed or caught in the net were lifted and rubbed by hand to dislodge 
organisms into the net, the rocks were then replaced back on the riverbed. The 
invertebrates in the net were carefully emptied into a container with a mixture of 200 
mL of river water and 200 mL of 100 % methanol, for preservation. The net was rinsed 
thoroughly before re-use at the next site.  
 
2.2.6.2. Identification, scoring, density and Simpson’s Index of Diversity 
 
All samples of invertebrates were transported back to the lab for identification. 
Identification was carried out under a dissection microscope and using identification 
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keys. All samples were identified to at least family level; some were identified to genus 
and species level.  
 
 
 
 
From this the Biological Monitoring Working Party (BMWP) score was determined 
using the revised score from Walley & Hawkes (1997). Using the BMWP score for each 
site and dividing by the number of species found, Average Score per Taxa (ASPT) 
could be ascertained. Invertebrate density per m
2
 was determined by dividing the total 
number of a particular species by the area measured at each site. Simpson’s Index of 
Biodiversity (1-D) was determined using the following equation: 
 
 1-D =  Σn(n-1) 
   N(N-1) 
 
Where N is the total number of organisms in all species, and n is the total number of 
organisms in a particular species. The value of the index ranges between 0 and 1, with 
the greater the value, the greater the sample diversity. This index measures the 
probability that two individuals randomly selected from a sample will belong to 
different species, as opposed to Simpson’s Diversity Index which measures the 
probability that two individuals randomly selected from a sample will belong to the 
same species, with values ranging from 1 to 0 (0 is most diverse, 1 is least). 
 
  FLOW 
          TAPE ACROSS RIVER 
  AREA KICK SAMPLED 
  FLOW 
   1 M 
Figure 2.8. Diagram of kick sampling method carried out to determine macroinvertebrate assemblages 
at each of the sites sampled.  
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2.2.7. Data analyses 
 
All statistical analyses were carried out using MINITAB
®
 Release 14 or PRIMER 
v5.2.4. Variables analysed by MINITAB were either log10 or Box-Cox transformed to 
ensure normality where possible. Data analysed by PRIMER was either not transformed 
or log(x+1) transformed, depending on requirements. Statistical significance was 
accepted at p<0.05 for all comparisons. For the purposes of statistical analysis 
concentrations below the limit of detection for each method (YES, anti-YAS, LC/MS-
TOF and GCMS) were assigned a value of half of that detection limit. 
 
Any relationship between variables at different sites was tested using a regression, a 
Pearson’s correlation, or a Spearman’s rank correlation, as appropriate. Differences in 
parameters were tested using a General Linear Model (GLM), nested ANOVA, or 
ANOVA Kruskall-Wallis, as appropriate. To visualise any differences between the 
contaminant contribution at all sites, a multidimensional scaling (MDS) and cluster 
analysis was used on all contaminant concentration data (for E1, E2, EE2, E2 EQs, and 
PBDE congeners 28, 47, 66, 85, 99, 100, 138, 153, 154, 183), river was used as a factor 
(Mumby et al, 2004). Tests for significant variation between contaminants at each site 
were conducted using a one-way Analysis of Similarities (ANOSIM) on untransformed 
contaminant data and data transformed by log(x+1) for macroinvertebrates (Harborne et 
al, 2008). The output statistic (R) in ANOSIM equals unity when the factor ‘river’ 
divides the data into tight, non-overlapping groups (Mumby et al, 2004). When R is 
closer to 1 then each site within one river are more similar to each other than to those 
sites in other rivers. The discriminating chemicals were determined using Similarity 
Percentage (SIMPER) analysis (Harborne et al, 2008) in order to examine ANOSIM 
results further. A principal component analysis (PCA) was used to investigate for any 
correlation of contaminants between sites. Macroinvertebrates communities were not 
assessed against contaminant community contribution due to a disparity between 
sampling sites. 
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2.3. RESULTS 
 
2.3.1. Oestrogenic and anti-androgenic activity of three WwTWs within the Tamar 
catchment as determined by spot and passive sampling 
 
2.3.1.1. Calibrations of passive samplers 
 
To determine uptake rates (Rs) of passive samplers, concentrations of E1, E2 and EE2 
were added to tanks over a period of 21 days. Concentrations of 10 ng L
-1
 of each 
analyte remained constant throughout the calibration period. Figure 2.9 shows the 
amount of each analyte cleared from the water and absorbed onto the samplers at days 
1, 3, 6, 10 and 21, and as shown there was a lag phase up until day 6, when analytes 
start being absorbed by the receiving phase. This was consistent for all three analytes 
analysed. At day 21 it was difficult to determine if the samplers were in an 
integrative/kinetic phase, or whether they had reached equilibrium (i.e. where 
offloading of analyte equals uptake by the sampler) without further data (either from 
previous days to see if a plateau had been reached, or beyond day 21). 
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Figure 2.9. Mean uptake rates of E1, E2 and EE2 in calibration study for passive samplers for days 1, 3, 
6, 10 and 21 (n = 2).  
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2.3.1.2. Oestrogenic and anti-androgenic activity at St Leonards, Lifton and 
Trebullett WwTWs  
 
All spot and passive samples (both samples collected in duplicate) taken at day 7, 14 
and 21 from upstream of, downstream of and from, the effluent of Trebullett WwTWs 
showed non-detectable levels of oestrogenic and anti-androgenic activity. All upstream 
and downstream samples collected from Lifton and St Leonards WwTW also exhibited 
levels of oestrogenic and anti-androgenic activity below the limit of detection. Effluent 
from Lifton and St Leonards WwTWs, however, did contain detectable levels of 
oestrogenic and anti-androgenic activity (Figure 2.10). Mean oestrogenic activity was 
measured in ng E2 EQ L
-1
 for spot samples and ng E2 EQ SDB
-1
 for passive samples. 
Mean anti-androgenic activity was measured in µg FLUT EQ L
-1 
for spot samples and 
µg FLUT EQ SDB
-1
 for passive samples. All spot samples were collected in duplicate, 
on days 7, 14 and 21, so account for a single moment in time.  
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Passive sample results are based on accumulation of polar compounds diffused onto the 
sorbent over a period of 7, 14 and 21 days, and so are cumulative. When considering 
both Lifton and St Leonards WwTWs, oestrogenic activity ranged from below the 
Figure 2.10. Mean oestrogenic and mean anti-androgenic activity of Lifton and St Leonards WwTWs as 
determined by spot and passive sampling.  
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detection limit to 57.966 ng E2 EQ L
-1
 for spot samples and from below the detection 
limit to 66.080 ng E2 EQ SDB
-1
 for passive samples collected at day 21, with an overall 
mean of 20.64 ± 1.97 SE ng E2 EQ L
-1
. Anti-androgenic activity ranged from 36.52 µg 
FLUT EQ L
-1
 to 429.44 µg FLUT EQ L
-1
 for spot samples and from 32.64 µg FLUT 
EQ SDB
-1
 to 201.02 µg FLUT EQ SDB
-1
 for passive samples, with an overall mean of 
179.177 ± 23.56 SE µg FLUT EQ L
-1
 from spot samples. 
  
2.3.1.3. Oestrogenic and anti-androgenic activity 
 
General Linear Model (GLM) analysis was performed to assess the relative contribution 
of the independent variable/fixed factors: site, day and sampling method (spot or 
passive), and whether a three-way interaction existed between them, for the total 
oestrogenic and anti-androgenic activities of the Lifton and St Leonards WwTWs 
effluents. Dependent variable data was Box-Cox transformed. This relationship is 
shown in Figure 2.11 for oestrogenic activity and Figure 2.12 for anti-androgenic 
activity. All three factors (site, day and sampling method) were shown to have a 
significant effect on the oestrogenic activity at both WwTWs (GLM, P<0.001 for all 
three factors). All two-way and three-way interactions were statistically significant 
(GLM, P<0.001). When each site was assessed separately to determine whether there 
was a statistically significant difference between the two sampling methods in assessing 
oestrogenic activity, and there was no significant difference between the spot and 
passive sampling methods (GLM, P>0.05).  
 
When analysing spot samples, site did not have a significant effect on anti-androgenic 
activity (GLM, P>0.05). The two-way interaction between day and sampling method 
did prove to be significant (P=0.03). All two-way and three-way interactions between 
site, day and sampling method were statistically significant (GLM, P<0.001). When 
each site was assessed separately to determine whether there was a statistically 
significant difference between the two sampling methods in assessing anti-androgenic 
activity, spot and passive sampling methods were shown to be significantly different at 
St Leonards (P<0.001), whereas at Lifton it was not (P>0.05). Although this was the 
case, passive samplers proved to be an unreliable method of determining anti-
androgenic activity in water samples, and are discussed further in Section 2.4.2. 
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Figure 2.11. The total oestrogenic activity of two WwTWs effluents, collected by passive and by spot 
sampling, on days 7, 14 and 21. Box and whisker plots show the 25% median and 75% confidence 
intervals in the shaded boxes.  
 
 
Figure 2.12. Total anti-androgenic activity of two WwTWs effluents collected passively and by spot 
sampling on days 7, 14 and 21. Box and whisker plots show the 25% median and 75% confidence 
intervals in the shaded boxes.  
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2.3.1.4. Toxicity assessments of the test samples in the anti-YAS 
 
High concentrations of some chemicals can inhibit growth of the yeast, or even lyse the 
cells (for example, see Routledge & Sumpter 1996). However, in the assays reported in 
this study, no concentrations of any samples significantly reduced the growth of the 
yeast; thus, no results can be accounted for by alterations in the growth rate of the yeast 
in the presence of chemicals. Growth of yeast is accompanied by a turbid appearance. 
Chemicals which are toxic to the yeast usually lead to clear yellow wells, with no 
growth and lysis of the cells. 
 
2.3.1.5. Relationship between oestrogenic and anti-androgenic activity 
 
When considering the 24 WwTWs effluent samples together, and spot samples and 
passive samples separately, there was no statistically significant correlation (P>0.05) 
between oestrogenic (E2 EQs) and anti-androgenic activity (FLUT EQs).  
 
2.3.2. Oestrogenic and anti-androgenic activity of surface waters in the Tamar 
catchment  
 
2.3.2.1. Oestrogenic and anti-androgenic activity as determined by spot sampling 
 
Table 2.7 shows that the mean oestrogenic activity (as assessed by the YES) for all 16 
sampling sites ranged from non-detectable to 1.12 ng E2 EQ L
-1
, with a mean of 0.23 ± 
0.19 SE ng E2 EQ’s L
-1
). Anti-androgenic activity (as assessed by the anti-YAS) was 
non-detectable at all sites.   
 
All spot samples were analysed by LC/MS-TOF for oestrone (E1), 17β-oestradiol (E2) 
and 17α-ethinylestradiol (EE2). Results are shown in Table 2.8. When considering all 16 
sites, E1 ranged between 0.09 and 0.47 ng L
-1
, E2 ranged from the below detection limit 
of 0.05 to 0.09 ng L
-1
. Concentration of EE2 for all sites was below the detectable limit 
of 0.05 ng L
-1
. 
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SITE 
 
OESTROGENIC ACTIVITY 
(ng E2 EQ L
-1
) 
ANTI-ANDROGENIC ACTIVITY 
(µg FLUT EQs L
-1
) 
BB 0.24 <LOD 
B2 0.32 <LOD 
B3 1.1 <LOD 
B20 0.12 <LOD 
B6A 0.62 <LOD 
B17 <LOD <LOD 
HK 0.12 <LOD 
BMT <LOD <LOD 
BMB <LOD <LOD 
BMW <LOD <LOD 
TM 0.15 <LOD 
RM 0.21 <LOD 
GM 0.19 <LOD 
LB <LOD <LOD 
SCB <LOD <LOD 
TB <LOD <LOD 
Table 2.7. Mean oestrogenic activity (ng E2 EQ L-1) and mean anti-androgenic activity (µg FLUT EQs L-1) 
of all 16 sites spot sampled (June 2008) as assessed by the recombinant yeast screen (<LOD = below the 
limit of detection).  
 
 
SITE E1 ng L
-1 E2 ng L
-1 EE2 ng L
-1 
BB 0.36 0.09 <LOD 
B2 0.25 <LOD <LOD 
B3 0.33 0.08 <LOD 
B20 0.09 <LOD <LOD 
B6A 0.37 0.06 <LOD 
B17 0.28 0.05 <LOD 
HK 0.47 <LOD <LOD 
BMT 0.39 0.07 <LOD 
BMB 0.31 0.08 <LOD 
BMW 0.35 <LOD <LOD 
TM 0.3 <LOD <LOD 
RM 0.28 <LOD <LOD 
GM 0.3 0.09 <LOD 
LB 0.26 0.06 <LOD 
SCB 0.27 <LOD <LOD 
TB 0.21 0.06 <LOD 
 
 
 
 
 
 
 
Table 2.8. Activity of E1, E2 and EE2 (ng L
-1
) as measured by LC/MS-TOF from all 16 sites spot sampled in 
June 2008. Detection limit was 0.05 ng L
-1
 for all three oestrogens, <LOD = below the limit of detection. 
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2.3.2.2. Oestrogenic and anti-androgenic activity as determined by passive 
sampling 
 
All passive sample extracts were analysed for oestrogenic activity (ng E2 EQs SDB
-1
) 
by YES and for total E1, E2 and EE2 (ng L
-1
) by LC/MS-TOF. Figure 2.13 shows the 
mean oestrogenic activity (measured in ng E2 EQ SDB
-1
) as assessed by the YES for 
days 7, 14 and 21 at 13 sites. When considering all sites, oestrogenic activity ranged 
from non-detectable to 0.613 ng E2 EQs SDB
-1
 for day 7, with a mean of 0.121 ± 0.254 
SE ng E2 EQs SDB
-1
. For day 14, concentration ranged from non-detectable to 1.185 ng 
E2 EQs SDB
-1
, with a mean of 0.516 ± 0.041 SE ng E2 EQs SDB
-1
. Day 21 showed 
concentrations ranging from below the limit of detection to 2.395 ± 0.112 SE ng E2 EQs 
SDB
-1
, with a mean of 1.184 ± 0.112 SE ng E2 EQs SDB
-1
. 
 
To establish whether any statistically significant differences existed between 
concentrations at each site and at each time-point, data was normalised by a Box Cox 
transformation. Site did not have a significant effect on concentration (P>0.05), but day 
did (P<0.001) with day 21 samples displaying a significantly higher oestrogenic activity 
than day 7. 
   
LC/MS-TOF was able to fractionate the oestrogens into E1, E2 and EE2. All samples 
analysed in this way showed non-detectable levels (<0.2 ng L
-1
) for both E2 and EE2. E1 
concentrations ranged from non-detectable to 0.57 ng L
-1
. The mean E1 for all sites was 
0.322 ± 0.0014 SE ng L
-1
. LC/MS-TOF was not used to determine any anti-androgenic 
activity of the sites sampled passively. Figure 2.14 displays total mean oestrogen 
concentration (E1 + E2 + EE2) as assessed by LC/MS-TOF. To establish whether any 
statistically significant differences existed between concentrations at each site and at 
each time-point, data were normalised by a log10 transformation. Both site and day had a 
significant effect on concentration (P=0.03 and P<0.001, respectively). The 
concentration of mean total oestrogens (ng L
-1
) was below the limit of detection at day 7 
for all sites on the River Inny (BMT, BMB, BMB, TM, RM, and GM). Sites BMT, 
BMB and BMW on the Inny still had concentrations below the detection limit at day 14, 
but day 21 showed detectable concentrations for all sites except B2 and B20. Site had a 
significant effect on concentration (P<0.001), as did day (P<0.001) with day 21 samples 
displaying a significantly higher oestrogenic activity than day 7. Site had a significant 
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effect on concentration (P<0.001), as did day (P<0.001) with day 21 samples displaying 
a significantly higher oestrogenic activity than day 7. 
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Figure 2.15 shows the total oestrogenic activity as assessed by the YES and LC/MS-
TOF. Although actual concentrations were significantly different, the increasing trend 
from day 7 to day 21 is similar for both sampling methods. 
 
Figure 2.13. Mean oestrogenic activity at all 13 sites passively sampled for days 7, 14 and 21, as 
assessed by the YES. 
Figure 2.14. Mean total oestrogenic activity (E1 + E2 + EE2) at all 13 sites passively sampled for days 7, 14 
and 21, as assessed by LC/MS-TOF. 
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2.3.2.3. Relationship between spot and passive sampling methods for oestrogenic 
activity  
 
There was a statistically significant positive correlation between YES and LC/MS-TOF 
analysed samples (P=0.03, Spearman’s correlation coefficient=0.332), when values 
below the limit of detection are excluded. This relationship is displayed in Figure 2.16. 
 
2.3.2.4. Effect of distance from nearest WwTWs on endocrine activity at sampling 
sites  
 
Distance from the relevant WwTWs effluent discharges or industrial input and the river 
sampling sites ranged from 0 to 14.3 km. The relationship between distance and the 
oestrogenic activity of the corresponding river sample site is shown in Figure 2.17.  
 
As expected, due to the low levels of activity, there was no statistically significant 
correlation between average oestradiol equivalent (E2 EQ) and distance, when using a 
regression on data transformed by Box-Cox (P>0.05) for both spot and passive samples.  
Anti-androgenic activity was below the limit of detection at all sites from spot samples 
and not analysed by LC/MS-TOF so was not assessed. 
Figure 2.15. The total oestrogenic activity of the 13 sites passively sampled on days 7, 14 and 21, as 
assessed by the YES and LC/MS-TOF. Box and whisker plots show the 25% median and 75% confidence 
intervals in the boxes. The whiskers represent 95% and 5% confidence intervals. Outliers are shown as 
asterisks (*). 
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Figure 2.17. Relationship between oestrogenic activity determined by the YES (ng E2 EQ L-1s) and  
LC/MS-TOF (ng L-1) and the distance from each sampling site and the nearest WwTWs effluent discharge.  
Figure 2.16. Relationship between YES (ng E2 EQ L-1s) and LC/MS-TOF (ng L-1) methods in determining 
oestrogenic activity of all 156 samples.  
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2.3.2.5. Effect of population equivalent (PE) from nearest WwTWs on endocrine 
activity at sampling sites  
 
Total PE for the WwTWs relevant to the sampling sites had a range of 734, with the 
lowest at 35 PE and the highest at 769 PE, with a mean of 287.4375 ± 59.447 SE.  
  
There was no statistically significant correlation between average oestradiol equivalent 
and total PE when using a regression on data transformed by Box-Cox (P>0.05), for 
both spot and passive samples. Anti-androgenic activity was below the limit of 
detection at all sites from spot samples and not analysed by LC/MS-TOF so was not 
assessed. 
 
2.3.2.6. PBDE and PCB congener concentrations determined by spot sampling 
 
Spot samples from all sites were also analysed for 10 different PBDE congeners (Table 
2.3.4), and seven different PCB congeners. All PCB congeners were below the level of 
detection (0.05 ng L
-1
) when analysed by GCMS so are not reported on here. The 
congener profile for all 16 sites spot sampled was dominated by BDE congener 47, 
found at an average concentration of 0.28 ± 0.098 SE ng L
-1
. BDE 47 also showed the 
greatest range; 0.08 to 1.68 ng L
-1
. The limit of detection for BDE 47 was 0.02 ng L
-1
. 
BDE congener 85 was at the lowest levels, with a range of between 0.03 ng L
-1
 (the 
detection limit) and 0.07 ng L
-1
 (Figure 2.18). Mean concentration for total BDE 
congeners at all sites was 0.77 ± 0.719 SE ng L
-1
.   
 
Site TM showed the highest concentration of PBDES with congeners BDE 47 and BDE 
99 making up 54.72 % and 35.86 % of the total BDE content, respectively. The 
remaining 10 % was made up of the other eight congeners (Figure 2.19). The spot 
samples showed no statistically significant relationship (P>0.05) between the total 
oestrogen concentration analysed by LC/MS-TOF and total PBDE concentration 
analysed by GCMS, when assessed using Pearson’s correlation on Box-Cox 
transformed data.  
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SITE 
 
BDE 
28  
BDE 
47  
BDE 
66  
BDE 
85  
BDE 
99  
BDE 
100  
BDE 
138 
BDE 
153  
BDE 
154  
BDE 
183 
TOTAL 
PBDES  
Detection 
limits (ng L
-1
) 0.04 
 
0.03 
       
 0.02 0.03 0.04 0.03 0.06 0.08 0.04 0.05 
                        
BB <LOD 0.1 0.07 <LOD 0.04 0.04 0.06 0.1 <LOD <LOD 0.41 
B2 <LOD 0.09 <LOD <LOD <LOD 0.07 0.07 <LOD <LOD <LOD 0.23 
B3 <LOD 0.38 <LOD <LOD 0.14 0.2 0.08 0.09 0.07 0.06 1.02 
B20 <0.06 0.08 <LOD 0.04 <LOD 0.26 0.07 0.13 <LOD <LOD 0.58 
B6A <LOD 0.15 0.04 0.05 0.05 0.09 <LOD <LOD <LOD <LOD 0.38 
B17 <LOD 0.08 <LOD <LOD 0.03 <LOD 0.07 0.11 <LOD <LOD 0.29 
HK <LOD 0.31 <LOD <LOD 0.12 0.06 0.08 0.12 <LOD <LOD 0.69 
BMT <LOD 0.15 <LOD <LOD 0.08 0.2 0.07 0.11 0.05 <LOD 0.66 
BMB 0.16 0.1 <LOD <LOD 0.05 0.2 0.06 0.17 <LOD 0.13 0.87 
BMW  <LOD 0.21 <LOD <LOD 0.07 0.08 0.06 <LOD <LOD <LOD 0.42 
TM 0.07 1.68 <LOD 0.07 0.52 0.26 0.19 0.1 0.12 0.06 3.07 
RM 0.05 0.14 <LOD <LOD 0.05 <LOD 0.08 0.38 <LOD <LOD 0.7 
GM <LOD 0.17 0.17 <LOD 0.06 0.11 0.09 0.15 0.09 0.06 0.9 
LB <LOD 0.24 0.07 <LOD 0.13 0.11 0.09 0.1 <LOD <LOD 0.74 
SCB <LOD 0.12 <LOD <LOD <LOD 0.09 0.07 <LOD <LOD <LOD 0.28 
TB <LOD 0.47 0.05 <LOD 0.11 0.16 0.12 0.13 0.05 <LOD 1.09 
Mean 0.09 0.28 0.08 0.05 0.11 0.14 0.08 0.14 0.08 0.08 0.77 
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Figure 2.18. Mean concentrations of the BDE congeners measured for all 16 sample sites. 
 
 
Table 2.9. Concentration of PBDE congeners (ng L-1) analysed by GCMS for all 16 sites spot sampled in June 
2008, detection limits are noted for each congener, <LOD = below limit of detection for that congener. 
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Figure 2.19. Total PBDE concentration for all 16 sample sites. 
 
 
2.3.2.7. PBDE and PCB congener concentrations as determined by passive 
sampling 
 
Analysis by GCMS of the passive sample extracts revealed that concentration of all 
PBDE and PCB congeners tested for were below the detection limit of 0.5 ng L
-1
.   
 
2.3.2.8. Community profiles and correlation of contaminants for each sampling site  
 
The structure of the contaminant profiles for each site based on river (spot samples 
analysed by YES, LC/MS-TOF and GCMS), is shown in Figure 2.20. Sites on the River 
Inny clustered together, except for site TM, due to an exceptionally high concentration 
of BDE 47. Sites on the River Lyd were dissimilar, with sites BB and B2 clustering 
together. This also showed that sites TM, B3 and B20 were the most dissimilar.  
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Any differences between contaminant profiles of rivers were tested by ANOSIM 
(Mumby et al, 2004). This showed that there was no significant difference between the 
contaminant profiles (R = 0.103, P>0.05). Pairwise data between the rivers Lyd and 
Inny were also analysed, but showed no significant difference between contaminant 
profiles (R = 0.218, P>0.05). Pairwise data between the rivers Lew, Thrushel and Wolf 
were not analysed as there was only one sampling site on each of these rivers.  
 
Although no significant differences were found between sites, SIMPER was used to 
characterise any dissimilarity between contaminant profiles and determine average 
contribution of contaminants to this dissimilarity for sites on the Lyd and the Inny. This 
enabled the clarification of which contaminant was the driving force to discriminate 
between sites based on contaminant profiles. Average dissimilarity was 38.50, of this E2 
EQ contributed 11.71 (30.40 %) to the average dissimilarity, with BDE 47 contributing 
7.76 (20.16 %) to the average dissimilarity, cumulating to 50.56 %. Just over 60 % of 
the contribution to the average dissimilarity is accounted for by the first three 
contaminants: E2 EQ, BDE 47, and E1. Results are shown in Table 2.10.  
 
 
 
Figure 2.20. Multidimensional scaling ordination of the contribution of each contaminant analysed from the 
river water samples (measured by the Bray-Curtis dissimilarity coefficient) for each site. Data was not 
transformed.  
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CONTAMINANT AVERAGE ABUNDANCE  (ng L-1) AVERAGE DISSIMILARITY % CONTRIBUTION 
  LYD INNY     
E2 EQ 0.45 0.08 11.71 30.40 
BDE 47 0.16 0.36 7.76 20.16 
E1 0.26 0.30 3.85 10.00 
BDE 100 0.14 0.14 3.59 9.31 
BDE 99 0.06 0.12 2.8 7.27 
BDE 153 0.09 0.14 2.78 7.21 
BDE 66 0.03 0.04 1.21 3.15 
E2  0.06 0.05 1.13 2.94 
 
 
 
A principal components analysis (PCA) plot was used to view the levels of relationship 
between the contaminants concentrations at all sites (Figure 2.21). That is, whether 
contaminants show similar concentrations, relative to the overall concentration of the 
contaminant, in samples taken from the same river. Each data point on the plot 
represents a different contaminant. The more closely positioned congener plots are to 
each other the more the concentrations of the two contaminants correlate with each 
other.  
 
The PCA produced four principal components (PCs) with eigenvalues >1 (9.47, 2.72, 
1.62, and 1.07– the size of the eigenvalue indicating the importance of the component in 
explaining the total variance in the data). The first two components, accounting for 59.2 
% and 17.0 % of the total variance in the data respectively, identified the relationships 
between contaminants the most accurately. The first principal component grouping 
(PC1 – as ringed on Figure 2.21) relates to the correlation between E2, EE2 and BDE 
congeners 28, 66, 85, 154 and 183. This grouping of contaminants were found at low 
concentrations with many samples recorded as below the limit of detection (see Tables 
2.8 and 2.9). The correlation between these contaminants suggests that they were 
released into the environment from a similar source. BDE’s 99, 100, 138 and 153 were 
situated close to zero for both of the principal component measurements indicating that 
little of the variation seen for these congeners can be explained using the principal 
components of the analysis. The contaminants not in this grouping are the E2 EQ, E1 
and BDE 47, and confirm the SIMPER analysis that they are the most dissimilar. 
 
  
Table 2.10. SIMPER analysis of the top eight contaminants characterising the dissimilarity between the 
rivers Lyd and Inny. Percentage contribution = average contribution/average dissimilarity between sites on 
the rivers Lyd and Inny (= 38.50). n = 4 Lyd, and 9 Inny. 
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2.3.3. Macroinvertebrates 
 
The Biological Monitoring Working Party (BMWP) score, Average Score per Taxon 
(ASPT), density, and the Simpson’s Index of Diversity (1-D) for the nine sampling sites 
are displayed in Table 2.11. When considering all sites kick sampled, the BMWP score 
ranged from 79.7 to 144.6, with a mean BMWP score of 111.4 ± 7.357 SE. The ASPT 
score ranged from 6.1 to 7.1 with a mean of 6.67, density ranged from 9.26 to 142.61 
invertebrates per m
2, and the Simpson’s Index of Diversity ranged from 0.685 to 0.865, 
with a mean of 0.823 ± 0.020, thus all sites, except possibly TB (0.685), proving to be 
diverse.  
 
There was no statistically significant difference in BMWP scores between sites 
(P>0.05). Density did differ significantly between sites (P=0.023) with St Leonards 
WwTWs U/S and D/S sites, and upstream of Lifton WwTWs being significantly lower 
than the other sites when assessed using the Kruskall Wallis one way analysis of 
variance on the raw data.   
Figure 2.21. Plot of loadings from PCA, showing correlations between contaminants at all sampling sites. 
PC1 grouping is ringed.   
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SITE BMWP ASPT DENSITY (M
-2
) 1-D 
TB 79.7 6.6 51.20 0.685 
B3 143 6.8 142.61 0.842 
B20 115.5 7.2 72.65 0.865 
ST L W U/S 106.1 6.2 9.26 0.868 
ST L W D/S 85.8 6.1 22.08 0.851 
L W U/S 107.1 7.1 26.87 0.850 
L W D/S 144.6 6.9 95.40 0.862 
T W U/S 104.6 6.2 91.56 0.783 
T W D/S 116.5 6.9 124.32 0.797 
Table 2.11. BMWP score, ASPT score, density, and Simpson’s Index of Diversity (1-D) as determined by 
macroinvertebrate kick sampling for six sites sampled (U/S = upstream of effluent discharge, D/S = 
downstream of effluent discharge). 
 
 
2.3.3.1. Macroinvertebrate community analysis for each sampling site  
 
The structure of the macroinvertebrate community in terms of different species (rather 
than any score) for each site based on river differed markedly, as the cluster analysis 
shows in Figure 2.22. Sites upstream and downstream of St Leonards WwTWs on the 
Tamar are clustered together, as are the sites upstream and downstream of Trebullett 
WwTWs, on the Inny. All sites on the Lyd and the Thrushel as well as site TB on the 
Inny appear dissimilar. 
   
The magnitude of this difference was tested by ANOSIM (Mumby et al, 2004). This 
showed that there was a significant difference between the macroinvertebrate 
communities in all rivers at all sites (R = 0.422, P = 0.047). Pairwise data showed that 
there was no significant difference between macroinvertebrate communities when 
comparing one river with another for any of the sites (P>0.05 for all pairwise 
comparisons).  
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SIMPER was used to characterise any dissimilarity between macroinvertebrate 
communities and determine the average dissimilarity contribution for sites on all rivers. 
This enabled the clarification of which macroinvertebrate species were the driving force 
to discriminate between sites based on macroinvertebrates sampled. 
 
Gammarus, Hydropsychidae and Leuctra inermis were the three species identified as the 
driving force for any dissimilarity between communities of the Lyd and the Tamar, the 
Lyd and the Inny, and the Lyd and the Thrushel, with similarities of 77.4, 66.34 and 
71.84, respectively. Respective cumulative contributions were 46.71 %, 53.24 % and 
46.17 %. Leuctra geniculata and Brachycentris subnubilus proved to be the driving 
forces behind dissimilarities between the Inny and the Thrushel and between the Tamar 
and the Thrushel, with similarities of 58.01 and 63.07, respectively (respective 
cumulative contribution was 46.78 % and 43.49 %).  
 
 
 
 
 
Figure 2.22. Dendrogram of the similarity of each site, as determined by macroinvertebrate 
communities.  
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2.4. DISCUSSION 
 
This study investigated various indices of chemical pollution in the Rivers Inny, Lew, 
Lyd, Thrushel and Wolf in the Tamar catchment, focusing on oestrogens and anti-
androgens, including PCBs and PBDEs, and an assessment of the macroinvertebrate 
population diversity and abundance in these rivers.  
 
2.4.1. Oestrogenic activity in WwTWs effluents 
 
The overall oestrogenic activity in the WwTWs effluents, as assessed by spot sampling, 
ranged from below the limit of detection to 57.97 ng E2 EQ L
-1
 and was therefore 
comparable with many other studies in the UK and abroad. For example, Desbrow et al. 
(1998) detected steroidal oestrogens in the effluents of seven UK WwTWs, with 
concentrations of E2 ranging between 2.7 ng L
-1
 and 50 ng L
-1
. E1 was also detected at 
concentrations between 1 ng L
-1
 and 80 ng L
-1
. EE2 was not detected in two-thirds of the 
samples collected, but was detected in one-third of effluents at concentrations between 
0.2 ng L
-1
 and 7 ng L
-1
. While another UK study, reported activity up to 13 ng E2 EQ L
-1
 
in WwTWs effluent (Kirk et al., 2002). Similarly, two different municipal WwTWs 
effluents discharging into the River Rhine, Germany, demonstrated oestrogenic activity 
of 65 ng E2 L
-1
 and 34.1 ng E2 L
-1
 (Pawlowski et al., 2004), while a survey of five 
different WwTWs in Germany demonstrated total oestrogenic activity in the effluents to 
be within the range of 2.5 to 25 ng E2 EQ L
-1
.  
 
Total oestrogen activity, as assessed by the YES, was highly variable over time at any 
one site, from below the limit of detection to 22.8 ng E2 EQ L
-1
 at Lifton WwTWs, and 
from 2.1 to 58 ng E2 EQ L
-1
 at St Leonards WwTWs. Equally, Nakada et al. (2004) 
measured concentrations of 15 and 8 ng E2 L
-1
 from spot samples collected in May and 
November, respectively from WwTWs outfalls discharging into the Tamagawa River, 
Japan – at similar times of the year in which samples were collected from the Tamar 
catchment. In Italy, one effluent discharge from a municipal WwTWs was sampled on 
12 different occasions over eight months, and oestrogenic activity for this site varied 
between 0.2 and 58.1 ng E2 EQ L
-1
 (Schilirò et al., 2009).  
 
Variation in activity for oestrogen content may be, in part, related to the treatment 
process. As wastewater passes through a treatment works, it comes under a number of 
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processes dependent on the technology employed at that WwTWs (Johnson et al., 
2001). Large WwTWs use primary, secondary and tertiary treatments, whereas smaller 
works, servicing a much smaller population, may only have primary and secondary 
treatments in place. 
 
Assessing the WwTWs in this study, the final treatment included the secondary 
(biological) treatment processes of contact stabilisation, rotating biological contactor, 
and activated sludge. Secondary treatment processes have been reported to be the most 
effective stage of wastewater treatment with regard to the removal of oestrogenic 
activity and/or steroid oestrogens, and is likely due to the biodegradative capabilities of 
the microbial communities present within these treatments (Kirk et al., 2002; Vethaak et 
al., 2005; Leusch et al., 2006). Another major factor affecting the endocrine activity of 
an effluent discharged from a WwTWs is the chemical composition of the wastewater 
initially entering the works, varying within a single WwTWs due to a diurnal flux 
(increased loads into a WwTWs dependent on human activity) and also rainfall.  
 
At the time of collecting the third spot sample (on day 21), there had been adverse 
weather conditions and rainfall was particularly high. The sample collected from St 
Leonards on this day had an elevated oestrogen content at 57.966 ng E2 EQ L
-1
, 
especially when compared to that sampled on day 14 (<LOD), and this may have been 
because of the adverse weather. High rainfall can have two effects; it can either dilute 
the oestrogenicity of the sample, or it can increase it. Fast/high flows through a 
WwTWs mean a reduced retention time within the works, and so secondary treatments 
become less efficient at removing oestrogens. This may explain the high oestrogen level 
measured from the spot samples on day 21. 
  
St Leonards WwTWs consisted of two separate secondary treatments, activated sludge 
and a double set of biological filters. The flow of untreated wastewater was split after 
primary treatment, with 75 % of the flow going through activated sludge, and the 
remaining 25 % going through the biological filters. After these treatments, the flow 
was combined. The removal rates for oestrogenic activity for St Leonards WwTWs 
were between 98.1 % and 96 % after activated sludge treatment, and between 86.2 % 
and 95 % after biological filtering (Tyldesley, 2007).  
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These data suggest that biological filtering is almost as effective as activated sludge in 
reducing the oestrogenic activity in wastewaters. This type of secondary treatment is 
only usually found in large WwTWs (PE >10,000), and is not employed in smaller 
WwTWs, such as those found in the Tamar catchment. The data from the study by 
Tyldesley (2007) on St Leonards WwTWs was obtained three years after the start of this 
study so was not available when choosing the study sites for the Tamar catchment.  
  
Ying et al. (2008) studied the fate of oestrogens in four different WwTWs using 
different technologies, in Australia. One (A) was a large municipal works, with an 
activated sludge treatment, similar to that employed by St Leonards. The other three 
sites (B, C & D) were rural, using different secondary treatments. Final effluent from 
site A discharged to sea, while final effluent from sites B, C and D discharged to local 
rivers. Effluent from Lifton, St Leonards and Trebullett WwTWs, the WwTWs in this 
study, discharge to the Rivers Lyd, Tamar and Inny, respectively. The authors noted a 
decreasing trend in E2 for all WwTWs studied, with raw sewage containing between 7.4 
and 9.6 ng L
-1
, and final effluent containing between 2.8 and 5.9 ng L
-1
. Removal rates 
were between 47 and 68 % depending on the WwTWs. This downward trend as it 
passed through the works was not the same for E1. Levels of E1 in raw sewage were 
between 51 and 35.5 ng L
-1
, with removal rates of between 0.87 and 63 %. The low 
removal rate (0.87 %) may have been due to E2 being converted to E1, as demonstrated 
by Ternes et al. (1999), Lee & Liu (2002) and Ying et al. (2004), who showed that 
under both aerobic and anaerobic conditions, E2 could be quantitatively oxidised to E1. 
Concentrations of EE2 also showed a downward trend, except at one site where removal 
rates were only 0.77 %. The removal rates of these EDC’s were consistent with other 
plant performance parameters, including BOD, suspended solids and ammonia. The 
results from the study by Ying et al. (2008) show the importance of technologies 
employed at WwTWs to treat wastewater before discharging it to the environment as 
final effluent.  
 
Assessing the oestrogenic content of Lifton, St Leonards and Trebullett WwTWs 
effluents using passive sampling produced data sets comparable to the spot sampling 
method. At Trebullett WwTWs, the oestrogenic activity in the effluent proved to be 
below the limit of detection for both sampling methods. The oestrogenic activity in the 
effluent from Lifton WwTWs proved to be the most comparable when using the two 
different sampling methods. Oestrogenic activity from spot samples was below the limit 
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of detection, 1.77 ng E2 EQ L
-1
, and 22.8 ng E2 EQ L
-1
, for days 0, 7 and 14 
respectively. Oestrogenic activity demonstrated by passively sampling was below the 
limit of detection for day 0, 2.05 ng E2 EQ L
-1
 for day 14 and 27.8 ng E2 EQ L
-1
 on day 
21. Although these results are comparable, it must be remembered that spot samples are 
not cumulative, as passive samplers are. On days that spot samples were collected, 
levels of oestrogenic activity were obviously high and may have been for up to seven 
days, as the passive samplers proved. The oestrogenic activity measured in the effluent 
at St Leonards on day 14 was not quite so similar, with the passive sampler measuring 
oestrogenic activity at 55 ng E2 EQ L
-1
, while the oestrogenic activity in the spot sample 
was below the limit of detection. This would suggest that in the previous seven days 
prior to removing the day 21 passive sampler from the water, there was an event when 
the level of oestrogenic activity in the effluent increased dramatically. By the time the 
spot samples were taken, this event has passed and so was not evident in the spot 
sample, but had left its mark on the passive samplers. The missing of transient events, 
such as this, is one of the reasons that scientists and monitoring bodies, for example the 
EA, are moving towards passive sampling as a way of measuring contaminants in 
surface waters and effluents.   
 
The efficacy of the passive samplers is affected by many factors, including the receiving 
phase and the diffusion limiting membrane. This study used SDB-XC Empore disks as 
the receiving phase, and during calibration it was noted that absorption of compounds to 
this sorbent needed to overcome a lag phase. The suggestion for this is that the SDB-
XC, which contains polytetrafluoroethylene (PTFE; also known as Teflon
TM
), requires 
this lag time to overcome the hydrophobic properties of PTFE and to start absorbing the 
polar compounds (NLS, pers comm). During the calibrations in this study, the samplers 
required exposure in the medium for at least five days before the absorption of each 
analyte into the sampler would start. After this time, uptake increased exponentially. 
Exposure time has proved to be a subject of contention between different studies. 
Alvarez et al. (2004), using POCIS, analysed different analytes, including EE2, over a 
period of 56 days, with data calibrated to days 7, 14 and 28 to realise TWA 
concentrations. Samplers were still found to be in the kinetic phase at day 28, but by day 
56 had reached equilibrium. Whereas, Vermeirssen et al. (2008), using the Chemcatcher 
holder and SDB-RPS Empore
TM
 disks as the receiving phase, suggested that after five 
days, equilibrium was reached. The results from this study, both in calibration and in the 
field, have suggested that uptake continues after day 5, and may possibly still be in a 
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phase of integrative sampling at day 21 (although equilibrium may have been reached 
by this time), inferring that the values gained from any sub 10-day samples may be 
brought into question. 
 
The membranes used also affect the efficiency of the sampler. Zhang et al. (2008) 
assessed uptake rates, and how two different diffusion-limiting membranes affected 
them, following exposure to pollutants. The membranes studied were PES (as used in 
this study) and polysulfone (PS). It was determined that the PES membrane had a 
significantly higher uptake rate for polar compounds than the PS membrane. Uptake 
rates for PES were approximately 0.04 L d
-1
, whereas PS uptake rates were 
approximately 0.0015 L d
-1
. This result was favourable to a study by Alvarez et al. 
(2004), where uptake/diffusion by PES proved to be the most efficient for polar 
compounds when compared to six other membrane compositions. 
 
2.4.2. Anti-androgenic activity in WwTWs effluents 
 
Anti-androgenic activity in the three WwTWs effluents, as determined by spot samples, 
studied ranged between 254 and 429 µg FLUT EQ L
-1
 at Lifton WwTWs, between 78 
and 325 µg FLUT EQ L
-1
 at St Leonards, and was below the limit of detection at 
Trebullett WwTWs. This was consistent with levels shown in other studies. A recent 
study by Jobling et al. (2009) has looked at both the oestrogenic and anti-androgenic 
effect in 30 different sites receiving WwTWs effluent throughout the UK. These 30 sites 
covered a broad geographical range and had a wide variation in the proportion of the 
flow of the river composed of sewage effluent. Modelled predictions for oestrogenic 
activity at these sites ranged from 0.04 to 23.1 ng E2 EQ L
-1
, while modelled prediction 
of anti-androgenic activity ranged between 0 and 100.12 µg FLUT EQ L
-1
. Actual 
concentrations from these samples, analysed by the YES, were reported by Thorpe et al. 
(2006) as being in the range of 0 and 43 ng E2 EQ L
-1
. The study by Thorpe et al. did 
not assess anti-androgenic activity. The results of the modelling by Jobling et al., has 
demonstrated that feminising effects in wild fish could be best modelled as a function of 
their predicted exposure to both anti-androgens and oestrogens or to anti-androgens 
alone. It is now believed that widespread feminisation of wild fish in UK Rivers is 
multi-causal and involves the contribution of steroidal oestrogens, xenoestrogens and 
other unknown anti-androgenic contaminants released from WwTWs. Results from 
Jobling et al. (2009) may add further weight to the premise that endocrine disrupting 
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effects seen in wild fish are caused by a combination of both oestrogenic and anti-
androgenic contaminants.  
 
There was poor comparability between spot sampling and passive sampling techniques 
when assessing the anti-androgenic activity of the WwTWs effluents. Levels of anti-
androgenic activity determined by passive sampling showed no increase over time, and 
unfortunately, to date, no calibrations have been carried out for individual known anti-
androgens, such as the prostate cancer drugs flutamide and cyproterone, and the 
fungicide vinclozolin. Determining actual concentrations from uptake rate by the 
sampler, therefore, was not possible. It is not currently known which chemicals account 
fully for anti-androgenic activity in WwTWs effluent discharges. There are many 
chemicals widely-used, including pharmaceuticals and agricultural pesticides that are 
known to have anti-androgenic activity (Jobling et al., 2009). Possible reasons for the 
disparity in data for anti-androgenic activity between spot and passive sampling could 
be due to the fact that the extraction methods used for contaminants in the passive 
samplers may need to be modified for anti-androgens, and/or the sorbent or the limiting 
membrane may not be suitable for compounds with anti-androgenic properties. A 
number of studies would need to be carried out for optimisation of both of these factors. 
To date no data on passive sampling for anti-androgens has been published.  
 
2.4.3. Oestrogenic activity in surface waters of the Tamar catchment 
 
Comparing the spot sampling data for individual oestrogens analysed by LC/MS-TOF, 
and total E2 EQ’s analysed by the YES, for the 13 sites, it is seen that the YES measured 
similar levels of oestrogenic activity (<LOD - 0.62 ng L
-1
, with one site at 1.1 ng L
-1
) to 
that measured by LC/MS-TOF (0.21 - 0.47 ng E1 L
-1
; <LOD - 0.09 ng E2 L
-1
). These 
concentrations compare favourably with those found in another UK study, in which 
surface waters of the rivers Derwent, Severn, Tame, and Trent were found to have 
oestrogenic activity concentrations from below the detection limit to 2.3 ng E2 EQ L
-1
, 
as assessed by the YES (Fawell et al., 2001).  
 
Data for passive samples from the 13 sites does differ markedly when measured by the 
YES and LC/MS-TOF. Both methods demonstrated an increasing accumulation over 
time, meaning that the longer the samplers were in the water, the more the sampler was 
able to accumulate. Levels of mean oestrogenic activity measured by the YES ranged 
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between <LOD to 2.5 ng E2 EQ L
-1
, whereas total mean oestrogenic activity (E1 + E2 + 
EE2) ranged from <LOD to 0.55 ng L
-1
. Alvarez et al. (2004) measured levels of 
pharmaceuticals and steroid hormones, using POCIS, from the River Ravensbourne, a 
tributary of the River Thames, UK. Unusually, E1 was below the limit for their method 
of detection, as was EE2. But levels of E2 were high, ranging between 150 ng L
-1
 to 590 
ng L
-1
. This rate is extremely high for surface waters, when effluent from WwTWs have 
been shown to contain only levels up to 80 ng L
-1
 (Desbrow et al., 1998), and surface 
waters in the Tamar catchment only contain concentrations of up to 0.09 ng E2 L
-1
. The 
authors offer no interpretation of these data. Vermeirssen et al. (2005) measured 
oestrogenic activity by YES and POCIS in surface waters of four Swiss rivers, up- and 
downstream of WwTWs effluent discharges. In sites upstream, levels of activity in spot 
samples ranged from 0.4 to 1.6 ng E2 EQ L
-1
, and passive samples from 0.4 to 9.2 ng 
POCIS
-1
, when measured by the YES. When samples were analysed by LC/MS/MS, 
total oestrogenic activity was calculated as E1 + E2 + EE2 in both spot and passive 
samples. These levels ranged from 0.1 to 0.7 ng E2 EQ L
-1
 for spot samples and 0.8 to 8 
ng POCIS
-1
 for passive samples. Another site had raised levels of oestrogenic activity, 
but concentrations differed by up to 19 ng between spot and passive samples.  The work 
by these authors resulted in a close correlation between the two sampling methods and 
the method of quantification.  
 
The levels of oestrogenic activity found in the surface waters of these Swiss rivers were 
similar to those of rivers in the Tamar catchment, but unusually in the Swiss study, 
levels of oestrogenic activity were higher when measured by the LC/MS/MS than by the 
YES. This is not to say that the YES is more sensitive, but that the YES measures the 
total oestrogenic activity of all compounds found in surface waters, and not just that of 
E1, E2 and EE2. Effluents contain complex mixtures of chemicals, and interactions 
between these chemicals may be hard to define. Because of this, it is unlikely that fish 
are exposed to only one oestrogenic chemical at any time; rather, the water is likely to 
contain a mixture of chemicals possessing oestrogenic activity. It is possible that the 
effect of one chemical may be negated by an antagonistic effect of another chemical. 
Effects may also be cumulative, or even synergistic. It is also the case that effects 
resulting from mixture exposure may result in the activation of pathways different from 
that observed for the individual compound (Tyler et al., 2008). It has been shown that a 
mixture of different weakly oestrogenic pesticides produces a greater effect than if each 
was tested individually (Soto et al., 1994). Similarly a mixture of pesticides, 
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plasticisers, and alkylphenols produced an enhanced oestrogenic effect, compared to 
when each oestrogenic chemical was tested individually (Sumpter & Jobling, 1995). It 
has been demonstrated that EE2, when part of a complex mixture, can impact differently 
on measures of health compared with when it is exposed as a single chemical (Filby et 
al., 2007). But, in a study by Jukosky et al. (2008), it was found that a mixture of NP, 
E2 and EE2 was exposed to fish, the response elicited was much lower than the response 
elicited by EE2 alone.  
 
Levels of oestrogenic activity in the Tamar catchment, measured by the YES, may be 
high enough to produce biological effects, though levels measured by LC/MS-TOF 
were much lower. Purdom et al. (1994) reported the vitellogenic response of male trout 
to a 10 day immersion exposure to EE2 at doses ranging from 0.1 to 10 ng L
-1
. In that 
study, EE2 was shown to be a potent inducer of vitellogenesis, far exceeding the effect 
of E2. A concentration of 10 ng EE2 L
-1
 produced a response similar in magnitude to 
those observed in trout exposed for three weeks to a range of STW effluents. 
Furthermore, concentrations as low as 0.1 ng EE2 L
-1
 were shown to significantly 
elevate plasma VTG levels in trout. These findings suggests that EE2, when present, 
could also be a major contributor to the oestrogenic response observed in caged male 
fish exposed to domestic effluent, even though its concentration was approximately 10-
fold lower than E1 and E2 in WwTWs effluents. According to Bjerregaard et al. (2008), 
laboratory derived effective exposure concentration values for vitellogenin induction in 
juvenile brown trout were 3.7 ng L
-1
 for EE2 and 15 ng L
-1
 for E2, and 80 ng L
-1
 for E1, 
but this study did not look at mixtures. More recently, a study by Lange et al. (2009) 
has reported responses of VTG induction and intersex when exposed to 4 ng E2 L
-1
 over 
a two year period. Concentrations of E1, E2, and EE2 in river water from the Tamar 
catchment were appreciably lower than those reported to induce VTG in trout, although 
levels of oestrogenic activity in effluents are sufficient enough to induce VTG synthesis.  
 
The passive samplers showed that oestrogens accumulate over time, and is consistent 
with what has been reported and is likely to occur in fish in the environment. 
Vermeirssen et al. (2005) demonstrated that the POCIS accumulates oestrogens in a 
way similar to way the brown trout accumulates oestrogens. Oestrogen in the bile of 
trout was measured using the YES, and results were highly correlated with POCIS E2 
EQ values from river water samples. Thus, passive samplers not only able to give an 
overview of a longer time period with the ability to pick up transient events, they are 
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also able to demonstrate levels of bioaccumulation similar to how they would occur in 
exposed fish.  
 
At its present status, due to differences in passive sampler design, the fact that uptake 
rates for different compounds require calibration, and whether compounds are polar or 
non-polar, more field trials need to be carried out in conjunction with spot sampling for 
optimisation. When performances are improved and in agreement with spot sampling, 
then its use as a complimentary technique for the integrative analysis of existing and 
emerging pollutants in both surface waters and WwTWs effluents will become even 
more important.  
 
2.4.4. Anti-androgenic activity in surface waters of the Tamar catchment 
 
Anti-androgens were non-detectable in the surface waters of the Tamar catchment, 
when spot and passive samples were analysed by the anti-YAS. A study by Urbatzka et 
al. (2007) reported that anti-androgenic activity in the environment had high levels in 
both water and sediment of the River Lambro, a polluted river in Italy, levels in the 
River Lambro ranged between 1.34 µM and 17.1 µM FLUT EQs. FLUT in the µM 
range (400 µg L
-1
) has been shown to effectively block trenbolone (a steroid used by 
veterinarians on livestock to increase muscle growth and appetite) induced 
masculinisation in the fathead minnow (Ankley et al., 2004).   
 
2.4.5. Endocrine activity of study sites related to distance from, PE of, and 
treatment employed by, Tamar catchment WwTWs  
 
The size of the population serviced by each WwTWs (PE) and the distance of each 
sampling site from the WwTWs had no affect on the levels of oestrogenic activity. 
Mean dilution rates for the three WwTWs ranged between 1:413 and 1:597, meaning 
that as the effluent is discharged into the river it is immediately diluted by a factor of at 
least 400, this also means that the oestrogenicity becomes diluted very significantly, 
almost immediately that it enters the river. Because of this and the distance of the 
sampling site from the discharge, the oestrogenicity of the river water bears little 
relation to PE. Spengler (2001) and Tyldesley (2007) also found no relationship 
between PE and the level of oestrogenicity in the river. Sheahan et al. (2002) found 
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similar levels of oestrogenic activity (0.3 ng L
-1
) at both 2 km and 5 km from site of 
discharge, to that found at these distances on rivers throughout the Tamar catchment. 
  
2.4.6. PBDE and PCB concentrations in the Tamar catchment 
 
The most common and prolific PBDE congener found in the surface waters of the 
Tamar catchment was BDE 47, with concentrations ranging from 0.1 ng L
-1
 at sites BB 
and BMB, up to 1.68 ng L
-1
 at site TM. In the spot samples collected from sites in the 
Tamar catchment, BDEs 99, 100 and 153 were also high. BDE congeners that tend to be 
found at the highest concentrations in the environment, such as BDE 47, 99, 100 and 
153, echo those found in high concentrations in commercial mixtures. Once in the 
environment, BDE 47, a tetra-BDE, is more mobile than BDEs with more bromine 
rings, such as BDE 183. Because of this mobility, lower brominated BDEs have a 
tendency to leach into the environment. Higher brominated BDE’s are not as mobile as 
BDE 47, so are more likely to become associated with particulate matter of soils and 
sediments. PBDEs are persistent in the environment and the half lives of congeners 
BDE 47 and 99 in the aquatic environment are known to be ≥ 150 days. 
 
Many congener profiles of top predators are dominated by BDE 47 as PBDEs 
biomagnify in the food chain. The BDE congener profile of otters (Gama et al., 2006), 
fish (Covaci et al., 2004; Hartmann et al., 2007), marine mammals and piscivorous 
birds (Boon et al., 2002; Vorkamp et al., 2004; 2008; Braune et al., 2007) are all shown 
to be dominated by BDE 47. The PBDE congener profile of the little owl, a terrestrial 
bird, was dominated by BDE 99, along with congeners 153 and 47 the next highest 
(Jaspers et al., 2005). This differs from piscivorous birds, suggesting that birds living in 
a terrestrial environment maybe exposed to higher BDE congeners than aquatic birds. 
This association of PBDEs and aquatic birds is further explored in Chapter Four, in 
relation to the dipper. 
 
Legler (2008) reviewed the interactions of PBDEs with oestrogenic pathways. BDE 99 
was shown to have an oestrogenic effect on rats and included anogenital distance, sex 
steroid concentrations, and sweet preference in male rats, as well as ovarian follicle 
number in female rats (Talsness et al., 2006; Ceccatelli et al., 2006; Lilienthal et al., 
2006). But in vivo studies on aquatic organisms, including the rainbow trout 
Oncorhynchus mykiss and the feral eelpout Zoarces viviparous, demonstrated that these 
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BDEs (exposure concentrations of 0.1, 1, 10, 50, 100 mg kg
-1
) were shown to have no 
effect on VTG plasma protein levels, a common oestrogenic response in fish (Ronisz et 
al., 2004). Similarly, in a long-term study on flounder and in a short-term study on 
zebrafish, no gross or microscopic morphological alterations were observed in either 
species when exposed to concentrations of 0, 5, 16, 50, 160, and 500 µg L
-1
 of 
pentabromodiphenyl ether (pentaBDE; a commercial mixture of BDE congeners 47, 85, 
99, 100, 153 and 154) apart from curved spines in moribund zebrafish larvae exposed to 
the higher pentaBDE concentrations. Egg production appeared to decrease with 
increasing pentaBDE exposure concentration, and survival of zebrafish larvae exposed 
to 160 and 500 µg pentaBDE L
-1
 was significantly reduced. At an exposure of 50 µg L
-1
 
no reduced survival was noted. 
 
In another study, exposure to BDE 47 has been shown to alter growth, morphology, and 
cardiac and neural functions of early life zebrafish (Lema et al., 2007), but it has also 
been shown that exposure to BDEs has not resulted in the expression of an oestrogen 
receptor-mediated luciferase reporter construct (Legler et al., 2008). The measured no-
observable-effect concentration for trout was 8.9 µg L
-1
 and lowest-observable-effect 
concentration was 16 µg L
-1
. On mouse several effects (liver effects, neurotoxicity, 
serum thyroxin decreased) were observed with doses ranging between 0.7-10 mg kg
-1
 d
-
1
. In the St Lawrence River, Canada, environmental concentrations of total PBDEs has 
been shown to have increased five-fold in the last 10 years, with concentrations of total 
PBDEs ranging between 1 ng g
-1
 and 9.7 ng g
-1
 (Hale et al., 2003). 
 
Because of their hydrophobicity and persistence, PBDEs accumulate in biological 
tissues (de Wit, 2002). Aquatic organisms are exposed to PBDEs both through direct 
partitioning of PBDEs from the surrounding water (bioconcentration), and via the food 
web, through which PBDE concentrations are amplified (biomagnification). The 
bioconcentration factor (BCF) is the concentration of a particular chemical in a tissue 
per concentration of chemical in water.  
 
PCBs were not detected in any of the water samples collected from the study sites. 
Since the ban of PCBs in the 1970’s, exposure levels are much lower now than they 
were 30 years ago (Fensterheim, 1993). In river sediments, PCBs are still present in 
substantial quantities as PCBs tend to attach to the surface of organic matter, clay, and 
micro-particles that are still suspended in the water column or have already settled. 
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They can remain buried in sediments for a long time and be slowly released into the 
water and evaporate into air. When PCB concentrations in sediment are high, PCB 
levels in water are elevated. In river sediments, PCBs levels have been measured at 
different depths. Sediment samples showed the highest PCB concentrations in sediment 
layers buried during the time of maximum PCB manufacture. PCB concentrations are 
much lower in sediment layers that have formed following the ban on production and 
use of PCBs. In fish, reported PCB levels have dropped significantly. For example, PCB 
concentrations in trout from Lake Ontario decreased by 80 % between 1976 and 1994. 
For several fish species from the Great Lakes, the PCB concentrations in samples 
collected in the 1990’s were generally below 1 µg kg-1 wet weight. 
 
PBDEs and PCBs were not detected in the passive samples because of inappropriate use 
of the samplers, discovered retrospectively. This inappropriate use is due to the 
sampling receiving phase (SDB-XC disk) and diffusion-limiting membrane (PES), used 
in the samplers, being specific for polar compounds with a log Kow <4.  
 
2.4.7. Macroinvertebrates in the Tamar catchment 
 
This work was undertaken because it provided an index of water quality and gave 
comparisons across study sites to assess how WwTWs discharges related to the 
abundance and diversity of macroinvertebrates. Also, macroinvertebrates have been 
shown to concentrate contaminants in the aqueous environment, and given that 
bullheads and dippers feed on them, this could have some bearing on the subsequent 
analysis of dipper eggs.   
 
Sampling of macroinvertebrates found that all sites sampled had high invertebrate 
diversity except for site TB, which had a diversity score of 0.685 (with a score of 1 
being the highest). Site TB is on a first order stream on the River Inny and is very close 
to its source on Davidstow Moor (approximately 3 km upstream), so can be classed as a 
headwater. Headwaters typically yield lower diversity in invertebrates than lower 
reaches of rivers as they are traditionally less productive. This was demonstrated by 
Arscott et al. (2005), who studied invertebrate assemblages on 30 rivers in Italy using 6 
distinct zones, including the headwaters. Diversity at all other sites was high (>0.783), 
proving that all sites were diverse.   
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BMWP score for all sites ranged between 79.7 at site TB and 144.6 downstream of 
Lifton WwTWs. BMWP score for sites TB and ST L W D/S fell within the ‘good’ 
category for river quality based on the BMWP score, with all other sites falling into the 
‘very good’ category. Sites B3 and L W D/S almost reached the ‘exceptional’ category 
of >150, with scores of 143 and 144.6, respectively. Unusually, BMWP and Simpson’s 
Index of Diversity increased after the effluent input of Lifton WwTWs, although the 
ASPT score decreased. Organic pollution generally reduces invertebrate diversity 
dramatically in comparison to upstream sites (Lewis, 1986; Wright et al., 1995; 
Kosmala et al., 1999); Kosmala et al. noted that the effluent from the Châtillon-sur-
Chalaronne WwTWs effluent decreased instream invertebrate diversity within the 
receiving water of the Chalaronne River, France. Density of macroinvertebrates at each 
site didn’t correlate with BMWP. ST L W U/S site had a macroinvertebrate density of 
just 9.26 m
-2
, though the BMWP score was 106.1 and diversity was 0.868. Site B3 had a 
BMWP score of 143 and a diversity score of 0.842, with a density of 142.61 m
-2
. 
 
Although BMWP and ASPT scores were similar between sites, the actual 
macroinvertebrate composition of the sites differed, with both upstream and 
downstream sites of Trebullett WwTWs the most similar. Trebullett WwTWs effluent 
showed levels of oestrogenic activity below the limit of detection. This lack of activity 
would also relate to other attributes of the effluent, i.e. organic pollution, of which 
macroinvertebrates communities are generally used as indicators for. This may, 
therefore, be the reason that the sites above and below Trebullett WwTWs effluent 
discharge were similar. One of the reasons why composition of the macroinvertebrate 
communities at the other sites differed more markedly may have been due to the size of 
the river at that sampling point. The sites above and below the effluent discharge at St 
Leonards are the most dissimilar from the other sites. The river here is wide and fast, 
and although sampling was performed on riffles, the substrate differed from that of the 
smaller rivers, and water was deeper. Macroinvertebrates differed due to the differences 
in the amount of interstitial space between strata on the river bed, and depth of sampling 
site as different invertebrates live at different zones of the water column. Although 
differences existed in assemblages between the sampled sites, all the macroinvertebrates 
sampled were generally those that are found in waters of good quality, with the BMWP 
and ASPT scores attesting to this.  
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BCFs of contaminants have also been determined for macroinvertebrates, with some 
being as low as 3.95. Although BCFs are generally low in invertebrate fauna, it is the 
biomagnification and bioaccumulation of contaminants through the trophic web that are 
cause for concern. Within the Tamar catchment, levels of contaminants are very low, 
with all PCBs of concern below the limit of detection. Although PCBs proved to be 
non-detectable, this may have only been due to the limit of the analytical methods used 
to detect these contaminants, rather than any absence. If these contaminants were 
present, then it is likely that they would biomagnify and bioaccumulate in predators of 
these macroinvertebrates, including the dipper and the bullhead.  
 
2.4.8. Conclusions 
 
The three study WwTWs compare with others in the UK in terms of both their 
oestrogenic and anti-androgenic activities. The receiving rivers had very low levels of 
hormonal activity, which was also true for concentrations of PBDEs and PCBs. BDE 
congeners 47, 99, 100 and 153 were the most common.  
 
Information and research is rapidly increasing on the use of passive samplers in 
determining the concentrations of both polar and non-polar contaminants in both 
WwTWs effluents and surface waters. In this study, there was a disparity between spot 
and passive samples, and also for oestrogen concentrations determined by the YES and 
LC/MS-TOF. The YES gives information based on an equivalent concentration of the 
potent oestrogen 17β-oestradiol (E2 EQs) and so measures the total oestrogenic activity, 
as opposed to concentrations of individual contaminants. LC/MS-TOF was used to 
analyse the natural and synthetic oestrogens E1, E2 and EE2, and so total oestrogen was 
calculated as the sum of all three of these analytes.  
 
Effluents from WwTWs contain a vast array of chemicals that are known to be 
oestrogenic (Desbrow et al., 1998; Routledge et al., 1998; Ternes et al., 1999; Zhang et 
al., 2008). The use of passive samplers using a receiving phase of SDB-XC and a PES 
membrane in this study allowed the analysis of concentrations of polar chemicals, but 
not non-polar contaminants. Analysis of PBDEs and PCBs from passive sample extracts 
proved that this sorbent and membrane is not suitable for allowing the uptake and 
accumulation of these contaminants onto the receiving phase. Analysis of the spot 
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samples proved that PBDEs, but not PCBs, were in surface waters of the catchment, and 
therefore available for uptake in top predators, such as the dipper.  
  
To date, it seems that there is not enough information on calibration data available for 
the different samplers and the contaminants that they are able to accumulate. More 
intensive field trials are needed for this type of sampling to complete a full validation 
and indeed, to possibly replace the traditional spot sampling. 
 
The passive samplers were able to concentrate increasing levels of E1, E2, and EE2 over 
time. Although some sampling studies reported that uptake was at equilibrium with the 
media it was sampling after five days, (Vermeirssen et al., 2008), other studies have 
proved that sampling is still integrative at 28 days in the sampling medium (Alvarez et 
al., 2004). The calibrations and field survey in this study determined that the sampler 
was still integrative at 10 days and at 21 days may have reached a plateau, but could still 
possibly have been integrative. Other studies have shown long integration times, so it is 
likely to be the case here, although it is unproven. 
 
Anti-androgenic activity in the effluents from WwTWs in the Tamar catchment was 
comparable to that of other studies, when determined by spot sampling and the anti-
YAS. Passive sample extracts analysed by the anti-YAS had varying concentrations of 
activity (FLUT EQs), and so no real meaning could be sought from these results.  
 
The passive samplers have also proved the ability to accumulate contaminants over a 
period of time, and have often been called 'virtual fish'. Like a fish, the sampler 
experiences the natural environment and all its variability, resulting in a measurement of 
what is really going into the environment over a period of time. Vermeirssen et al. 
(2005) determined that the relationship between levels of oestrogenic activity in the bile 
of brown trout and levels of oestrogenic activity in samples extracted from passive 
samplers was significant.    
 
In rivers of high quality, the oestrogenic nature of the effluent may be lost within a 
hundred metres downstream of a WwTWs effluent discharge. In contrast, in rivers of 
low quality, significant stretches of rivers (many kilometres) may be strongly 
oestrogenic (Harries et al., 1997). The oestrogenic activity found in surface waters of 
the Inny, the Lew, the Lyd, the Thrushel and the Wolf was minimal, with many sites 
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having concentrations below the limit of detection. Surveys of macroinvertebrates also 
proved that water quality was very good; in fact two sites almost fell into the criteria of 
exceptional. From the data in this chapter, and previous studies, it can, therefore, be 
inferred that the Tamar catchment is a ‘clean’ catchment, with very low levels of 
oestrogenic activity.  
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CHAPTER THREE: ASSESSING WHETHER WILD BULLHEAD (COTTUS 
GOBIO) POPULATIONS FROM SITES DOWNSTREAM OF WWTWS 
EFFLUENT DISCHARGES SHOW SIGNS OF SEXUAL DISRUPTION IN THE 
TAMAR CATCHMENT 
 
3.1. INTRODUCTION 
 
There have been a number of studies documenting the widespread occurrence of 
endocrine disruption in freshwater and marine fish (as discussed in Section 1.7, Chapter 
One). The bullhead Cottus gobio, the species studied in this thesis, has long been used 
as a sentinel species for assessing river water quality, but has not yet been used for 
studies into endocrine disruption. More broadly, very few field studies have been 
carried out to investigate for endocrine disruption on natural populations of fish in rural 
areas.  
 
Studies on roach have demonstrated that intersex males have altered sexual maturation, 
are less fertile, and have reduced milt volume and sperm density (Jobling et al., 2002a; 
Jobling et al., 2002b). The intersex condition in roach has recently also been shown to 
impact on their breeding capability under competitive breeding scenarios (Harris et al., 
2011).  Rodgers-Gray et al. (2001) demonstrated that a controlled early life exposure of 
roach to a WwTWs effluent induced altered gonadal duct formation in males resulting 
in an ovarian cavity. In a more recent study by Lange et al. (2011) exposure of roach to 
a 50 % concentration of WwTWs effluent induced ovotestis (oocytes in the testis), and 
for a three year exposure to the effluent at full strength there was a complete sex 
reversal in the exposed population. Further studies by Lange et al. (2009) found that 
when wild roach Rutilus rutilus were exposed to 4 ng L
-1
 EE2 during early life, intersex 
was induced. They further showed that exposure of roach to EE2 during early life 
altered the subsequent responsiveness to oestrogen in later life. Females in particular 
showed enhanced responses on re-challenge to EE2, occurring in a concentration-
dependent manner for the early life exposures. These findings not only prove that 
WwTWs effluents induce all of the feminised responses seen in roach in the wild, but 
strongly indicate that multiple exposures to oestrogen, even with considerable time 
intervals between successive exposures, can markedly affect the dynamics of the 
response to an environmental oestrogen.  
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The studies described above inducing feminised responses in exposed fish were 
controlled exposures. Vermeirssen et al. (2005) studied the oestrogenicity of 18 rivers in 
Switzerland that receive effluent from WwTWs and their effects on wild brown trout 
Salmo trutta (<3 years in age). Trout were sampled downstream of effluent discharges 
in 16 of these rivers and vitellogenin (VTG; an egg pre-cursor protein) induction was 
measured. Although analysis of water samples downstream of these discharges proved 
most rivers to have some oestrogenic activity, at only five of the 16 sites did fish show a 
vitellogenic response. Other experimental studies on wild fish (roach) populations 
however, living in UK Rivers, downstream of WwTWs effluent discharges have shown 
a high occurrence of intersex (the presence of both male and female characteristics) and 
ovotestis as well as raised levels of plasma VTG  (Jobling et al., 1998; Nolan et al., 
2001; Jobling et al., 2006; Jobling et al., 2009). Roach and trout, as is the case for 
bullheads, are normally single-sexed and intersex is an unusual occurrence.   
 
3.1.1. Population level effects of EDCs 
 
The suggestion that long-term effects of oestrogen exposure is enough to impact on  fish 
populations, especially if that fish is short lived, was investigated in a comprehensive 
study on the fathead minnow Pimephales promelas (lifespan of ~4 years) by Kidd et al. 
(2007). This was carried out within a whole lake over seven years, with a chronic 
exposure to 5-6 ng L
-1
 of EE2. Whole body homogenates of male fish had VTG levels 
three orders of magnitude greater than reference samples, a response which was 
sustained for three years. Intersex and a decreased GSI were also phenomena in fish in 
this study. After the first spring, male fish displayed delayed spermatogenesis, 
widespread fibrosis, and malformation of the tubules. Germinal tissue consisted mainly 
of spermatogonia instead of spermatocytes that were normally observed at that time of 
year. The fathead minnow population collapsed at the end of the second year of chronic 
exposure to EE2. This reproductive failure continued for a further two years in the 
exposed lakes, and was mainly due to the loss of the youngest cohort. This study 
suggested that if exposure to xenoestrogens is chronic and at high enough 
concentrations, the result may be a reduction in reproductive success and sustainability 
of fish populations.   
 
Another concern about EDCs is the possibility that they can impact on the reproductive 
behaviour of fish, which, in turn has the potential to impact genetics of the population 
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more widely (Goodhead & Tyler, 2009). Exposure to EE2 has now been shown to 
disrupt normal reproductive hierarchies in group spawning zebrafish, altering the 
normal pattern of genetic diversity among offspring, even in the absence of impacts on 
survival and egg production (Coe et al., 2008). Based on microsatellite paternity 
analyses, a short term exposure of 17 days to 10 ng EE2 L
-1
 resulted in suppression of 
dominance normally enjoyed by the reproductively dominant male fish in the breeding 
colony. This reduction in dominance was linked to a reduction in plasma concentrations 
of the main testosterone hormone in fish, 11-ketotestosterone (Coe et al., 2008). It is 
clear from this introduction therefore that EDCs have the potential to operate through a 
series of mechanisms to impact on the breeding capabilities of fish with the potential for 
population level outcomes. 
 
The following sections give an overview of the processes of sexual differentiation and 
gametogenesis in teleost fish, to illustrate the mechanisms involved and the sensitivity 
of the process for disruption by chemicals, and as a background against which to 
compare the bullheads sampled in this chapter. 
 
3.1.2. Sex determination and reproduction in teleost fish 
 
Reproductive strategies in fish are extremely diverse. Some species, such as the 
Amazon molly Poecilia formosa, are represented only by females produced by 
hybridisation or by activation of eggs by sperm (from young, inexperienced males of a 
related species) that does not contribute genetic material to the developing eggs (Bond, 
1996; Jobling, 1995). In other species some fish undergo a sex change during the course 
of their lives, such as the clownfish (Amphiprion spp), a protandrous hermaphrodite 
(male to female). Others exhibit protogynous hermaphroditism (female to male), as in 
the case of the parrotfish (Scarus spp), while other fish can undergo synchronous 
hermaphroditism, in which both male and female sexual organs are present at the same 
time (e.g. the mangrove killifish Rivulus marmoratus). In most fish species, however, 
sexes are separate (gonochoristic) and individually do not usually undergo a sex change, 
and this is the case for the bullhead. Having said this, sex may not be irrevocably fixed 
by the genetic constitution of the individual. In a number of these species it is possible 
to alter sexual differentiation by manipulations of the environment (such as temperature 
and pH) or via exposure to exogenous chemicals (such as xenoestrogens). Therefore, the 
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translation of genotypic sex to gonadal sex in fish is plastic and can be strongly 
influenced by environmental factors (Baroiller et al., 1999). 
 
Teleosts also exhibit a range of spawning behaviours, with some species, including the 
bullhead, spawning once annually (as described in Section 1.9, Chapter One). Others 
spawn frequently during a breeding season, such as the zebrafish Danio rerio (Tyler & 
Sumpter, 1996). Most species of fish are oviparous (eggs fertilised externally, for 
example, the bullhead), others are ovoviviparous (the eggs are fertilised internally and 
fish give birth to live young; a common strategy in shark spp), while others are 
viviparous (the embryo develops whilst receiving nutrition from the parent and fish give 
birth to live young; species include the mosquitofish Gambusia affinis). According to 
Hann (1927) and Lahnsteiner et al. (1997), the bullhead exhibits copulating behaviour, 
though fertilisation of the eggs is external.   
 
Most habitats are subject to regular, moderately predictable, periodic changes, on a 
daily, monthly and annual basis, and so reproductive strategies of most teleosts are 
restricted to time of year and a suitable environment in which to rear young. Bullheads 
have been shown to have two different reproductive strategies when living in two 
extreme environmental locations of the UK. These strategies, in turn, determine life 
expectancy (Fox, 1978). Populations from chalk streams were found to lay eggs at the 
end of their first year of life, with most dying soon afterwards, and only a small 
percentage surviving to breed the next year. In contrast, a population in a northern 
tributary of the Upper Tees were found to breed in their second and third year and had a 
maximum life expectancy of nine years. The Tamar falls between these two 
environmental extremes, being neither northern or chalk, and though life expectancy 
had not been determined for these populations, it is believed to be anywhere from three 
to five years (EA; pers comm., 2004).  
 
3.1.2.1. Spermatogenesis 
 
Spermatozoa, or sperm, are formed from primordial germ cells (PGC’s) via a series of 
developmental changes known collectively as spermatogenesis (reviewed by Billard, 
1986; Nagahama, 1994; Pudney, 1995). Spermatogenesis involves initial proliferation 
of spermatogonia through repeated mitotic divisions, and growth to form primary 
spermatocytes. These then undergo meiosis to form secondary spermatocytes. Division 
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of the secondary spermatocytes results in the production of spermatids, which then 
undergo metamorphosis to the motile spermatozoa (Jobling, 1995). 
 
3.1.2.2. Oogenesis 
 
The earliest stages of the development of the female PGCs are similar to those seen in 
the initial stages of spermatogenesis. The germ cells undergo proliferation via mitotic 
division and then develop into primary oocytes, followed by a period of growth and a 
meiotic division (Jobling, 1995). The final meiotic division, with expulsion of the 
second polar body, does not occur until after fertilisation, when the egg has been 
activated by the sperm. Oocyte growth varies from species to species, with oocyte 
enlargement caused by the accumulation of yolk. Oocyte enlargement can be 
considerable. For example, in the bullhead the diameter of the developing oocyte 
increases from ~20 µm to 1-1.5 mm (Sawle et al. 2003), and in salmonids, the oocyte 
diameter increases from 20–50 µm to 4–5 mm (Jobling, 1995). Yolk accumulation 
occurs during vitellogenesis.  
 
3.1.2.3. Spermatogenesis and oogenesis in the bullhead Cottus gobio 
 
Spermatogenesis in male bullheads appears to follow that of other Cottus species, 
including the river sculpin C. hangiogensis, and the mottled sculpin C. bairdii. 
Spawning occurs in Tamar bullheads during March and April (EA, pers. Comm), and 
spermatogenesis follows an annual cycle. Sexual maturity is reached in most 
populations at the age of two years, and at this time the fish are between 45 and 70 mm 
in length (Fatio, 1882, cited in Hann, 1927).  
 
Testes are in early-recrudescence between August and October; entering 
spermatogenesis in September and germ cells of all stages fill the seminal lobules. The 
gonadal weight as a proportion of the body weight (gonadosomatic index; GSI) 
increases from ~0.2 % to 2 % (pers obs).  
 
During mid-recrudescence, few spermatogonia are in the lobules, while there are an 
increased number of mature spermatozoa in the lumen. GSI is in the range of 1.8 % to 3 
%. The late- recrudescence stage is reached in February. The testis at this time become 
grey in colour, and spermatozoa fill the lumen of the lobule. GSI values are similar to 
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the mid- recrudescence stage. In March and April, bullheads reach functional maturity; 
tests are at their largest (GSI ~5 %), and spermatozoa fill the sperm reservoir rather than 
the lumen. After spawning (May to June), the testes shrink and become black in colour, 
and GSI values range between 0.1 to 1 % (pers obs). 
 
The ovarian development correlates well with the development of testicular activity in 
this species. Oogenesis in female bullheads from the River Axe, UK, was studied by 
Sawle et al. (2003), who reported that female bullheads reach sexually maturity during 
March and April, similar times as bullheads in the Tamar catchment. Sexually maturity 
is reached during their second year (Tomlinson & Perrow, 2003), with oogenesis 
starting in October. At this time the ovaries are dominated by primary oocytes, although 
cortical alveoli, secondary oocytes and vitellogenic oocytes are present; GSI values 
range between 1 and 2 % (pers obs). Between the months of November and February, 
the number of secondary oocytes and vitellogenic oocytes increases, as does GSI (2 – 6 
%). As female bullheads become functionally mature (from February to April), the 
number and size of vitellogenic oocytes increases exponentially, and GSI values tend to 
be >16 % (Quinitio et al., 1989). Spawning usually occurs during April and May, and in 
June, after spawning, the ovaries are filled with both atretic and primary oocytes (Sawle 
et al., 2003). 
 
3.1.3. Vitellogenin (VTG) induction in fish  
 
In teleosts, as in other oviparous species, the glycolipophosphoprotein vitellogenin 
(VTG) is the precursor of yolk proteins in females. VTG synthesis is thus a prerequisite 
for oocyte growth and undergoes a seasonal cycle of synthesis and deposition in the 
bullhead, as in other seasonally breeding fish (see Section 1.2.1, Chapter One, for a 
description of vitellogenesis). VTG, however, can be used as a biomarker of oestrogen 
in male fish and there is now good understanding of the role of oestrogens and 
oestrogen mimics in stimulating vitellogenesis (Specker & Sullivan, 1994; Thorpe et 
al., 2000; Berg et al., 2004; Arukwe et al., 2001; Jurčíková et al., 2007; Rodas-Ortiz et 
al., 2007; Jobling et al., 2009).  
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3.1.3.1. VTG induction as a biomarker of oestrogen exposure 
 
In oviparous vertebrates such as fish, oestrogens activate the hepatic synthesis of VTG. 
Vitellogenesis is a crucial period in the female reproductive cycle and plasma VTG 
levels are a direct indicator of the female reproductive stage. Whilst the detectable 
synthesis of VTG is normally restricted to females, males can be induced to produce 
VTG by exposure to, or administration of, exogenous oestrogens (Mommsen & Walsh, 
1988; Silversand et al., 1993; Tyler et al., 1996; Fenske et al., 2001; Nilsen et al., 2004; 
Jobling et al., 2009), although male fish do produce VTG at very low levels, due to 
normal processes. The induction of VTG in male fish or abnormally high levels of VTG 
in female fish are indicative of exposure to oestrogenic chemicals. This response has 
been widely utilised for chemical screening and environmental monitoring and is an 
accepted biomarker of oestrogen exposure (Purdom et al., 1994; Knudsen et al., 1997; 
Tyler et al., 1999; Sherry et al., 1999; Tyler et al., 2002; Thorpe et al., 2003; Burki et 
al., 2006).   
 
The River Tamar and its tributaries proved to have very low levels of oestrogenic 
activity (<1.12 ng E2 EQs L
-1
; as discussed in Chapter Two), especially at sites at 
kilometre distances downstream from a WwTWs effluent discharge. To date, there have 
been no studies on the effect of WwTWs effluents or oestrogenic exposure on the 
reproductive biology of the bullhead. The only studies on any effluent discharge and 
their effects on the bullhead were carried out by Bucher et al. (1992; 1993). These 
authors studied the effects of paper mill effluent on the physiological features of the 
liver of the bullhead, rather than any type of endocrine disruption. The 1992 study 
examined the morphology of the liver, which revealed a marked depletion in glycogen, 
necrosis of single hepatocytes and a high degree of liver parasitisation when flows were 
low (levels of contaminants were higher). Disturbances in the pro-oxidant – anti-oxidant 
balance were also measured (Bucher et al., 1993). Results revealed that when flows 
were low, bullheads were in a pro-oxidant state, in which anti-oxidants were inhibited; 
the strong induction of hepatic aryl hydrocarbon hydroxylase (AHH) combined with a 
weakened antioxidant defence (reduction of vitamin C, glutathione, and superoxide 
dismutase) suggested an enhanced risk of oxidative damage. Gibbons et al. (1998) also 
studied the effects of pulp mill effluent on EROD activity in the livers of another Cottus 
species, the spoonhead sculpin C. ricei, and found that at sites approximately 1 km 
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downstream of the effluent discharge, hepatic EROD activity was 2.5 times higher than 
reference sites, and was also found to be higher in males compared with females.  
 
VTG can be measured in fish as circulating protein in plasma or through analysis of the 
VTG transcript in liver (VTG mRNA; see Section 3.1.2.2). VTG protein quantification 
is usually achieved with biochemical methods such as enzyme linked immunosorbant 
assays (ELISA’s: Bon et al., 1997; Tyler et al., 1999; Tatarazako et al., 2004) or 
radioimmunoassays (RIA’s; Thorpe et al., 2000). Vitellogenin is strongly immunogenic 
and monoclonal/polyclonal antibodies or antisera towards this protein from various fish 
species have been produced (Silversand et al., 1993; Matsubara et al., 1994). Many 
VTG ELISAs have now been established for fish of different species and families, 
including the carp (Tyler et al., 1996); the zebrafish (Fenske et al., 2001); perch Perca 
fluviatilis (Hennies et al., 2003); greenback flounder Rhombosolea tapirina (Sun et al., 
2003); rainbow trout (Mourot & Le Bail, 1995); and  the medaka Oryzias latipes 
(Tatarazako et al., 2004). The primary structures of the VTG molecule can differ 
between fish species, even between closely allied species (Lee et al., 1992). As a 
consequence of this, interspecies cross-reactivity of anti-VTG antibodies with VTG’s 
from other species is often limited (Norberg and Haux, 1985; So et al., 1985; Copeland 
et al., 1986; Benfey et al., 1989; Tyler and Sumpter, 1990). Therefore, the value of 
heterologous assays for quantification of VTG is limited. The bullhead VTG (bh-VTG) 
has not been shown to cross-react with any of the above mentioned assays (Tyler et al., 
1996; Sawle et al., 2003), and to date no homologous VTG ELISA has been developed 
for the bullhead, or indeed any of the Cottidae family. Because of this lack of cross 
reaction with the VTG antibody of other species, there was the need to establish a new 
assay to quantify bh-VTG in this study. 
 
Oestrogenic responses in fish can also be assessed by measuring the transcript for VTG 
and changes in expression of the VTG messenger RNA (mRNA) is now commonly 
used as a biomarker for exposure to EDCs (Flouriot et al., 1995; Islinger et al., 1999; 
Lattier et al., 2001; Islinger et al., 2002; Filby et al., 2007; Greytak & Callard, 2007). 
Several advantages of this approach have been suggested, such as VTG mRNA gives a 
better representation of the actual time-dependent oestrogenic status of an organism or 
tissue. The detection of VTG in the blood serum of male fish can depict an 
accumulation of this protein. This may, in turn, lead to an overestimation of an 
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oestrogenic response due to the longer half-life of the protein in males when compared 
to females (Filby, 2005).  
 
There are a number of different technologies that are now used to measure gene 
expression, including reverse transcription (RT) real-time quantitative polymerase chain 
reaction (qPCR), Northern blotting, in situ hybridisation, and DNA microarrays. 
Northern blotting is often used to estimate the expression level of a gene by visualising 
the abundance of its mRNA transcript in a sample. In this method, purified RNA is 
separated by agarose gel electrophoresis, transferred to a solid matrix (such as a nylon 
membrane), and probed with a specific DNA probe that is complementary to the gene of 
interest. Although this technique is still used to assess gene expression, it requires 
relatively large amounts of RNA and provides only qualitative or semi-quantitative 
information of mRNA levels.  
 
In order to detect and quantify gene expression from small amounts of RNA, 
amplification of the gene transcript is necessary. PCR is a common method for 
amplifying DNA; for mRNA-based PCR, the RNA sample is first reverse transcribed to 
complementary DNA (cDNA) with reverse transcriptase. Real-time PCR, or 
quantitative real time PCR (qPCR; reviewed by Freeman et al., 1999; Bustin, 2000; 
Bustin, 2002; Klein, 2002; Bustin et al., 2005; Wong & Medrano, 2005) is used to 
amplify and simultaneously quantify a targeted DNA molecule. It enables both 
detection and quantification of a specific sequence in a DNA sample. The procedure 
follows the general principle of the PCR; its key feature is that the amplified DNA is 
measured, or quantified, as it accumulates in the reaction in real-time after each 
amplification cycle. Frequently, real-time PCR is combined with reverse transcription to 
quantify mRNA in cells or tissues. PCRs based on reverse transcription using 
fluorophores (a component of a molecule which causes a molecule to fluoresce) permit 
measurement of DNA amplification during PCR in real time. The data generated are 
analysed by computer software to calculate relative gene expression in several samples. 
Real-time qPCR is therefore used to provide quantitative measurements of gene 
transcription. The technology can then be used in determining how the genetic 
expression of a particular gene changes over time, such as in response to changes in 
environmental conditions.  
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RT-qPCR is now used more and more frequently for determining exposure and 
characterising expression profiles to the effects of oestrogenic EDCs to fish in the 
aquatic environment, and this has been especially so in the fathead minnow (Filby & 
Tyler, 2005; Filby & Tyler, 2006a; Filby et al., 2006; Filby et al., 2007a; Filby et al., 
2007b). 
 
3.1.4. DNA sequencing of the bullhead VTG gene 
 
Real-time qPCR has a fully quantitative ability, high sensitivity for detecting less 
abundant mRNA, a high throughput capability, the requirement for only small amounts 
of RNA, the ability to measure multiple genes and status as a mainstream research tool 
in endocrine disruption. But before this procedure can be carried out, the sequence for 
the gene in question needs to be established. To date, the VTG gene in the bullhead has 
not been sequenced, and as such it was the aim of this study to sequence the bullhead 
VTG gene to enable the performance of RT-qPCR and quantitatively determine VTG 
gene expression in the bullheads collected from sites throughout the Tamar catchment.  
 
Although the VTG gene is present in all oviparous fish, it is not conserved between all 
species. The bullhead of the family Cottidae, and the order Scorpaeniforme, is the only 
freshwater sculpin in the UK, and is not closely related to any species in which the VTG 
gene has been sequenced. In order to sequence the bullheads VTG gene, degenerate 
primers were required and developed based on both gene sequence and protein sequence 
of VTG in other fish species. Degenerate primers are mixtures of similar, but not 
identical, primers and are based on conserved nucleotides in the gene of interest. As the 
genes are not identical, but are likely to be similar, the degenerate primers were used to 
amplify the gene of interest. They are useful for pulling out a part of the gene sequence 
when only that of similar organisms is known. The more distant those related 
organisms, the more difficult it can be to design effective primers (HCGS, 2009). 
Therefore, one way is to assemble sequences from other fish, translate them to amino 
acid sequence and align them. Based on these alignments, regions of the sequence can 
be identified which are highly conserved at the amino acid level. These conserved 
regions become possible locations for degenerate primers. Degenerate primers are then 
designed to match that amino acid sequence (HCGS, 2009). Alternatively, degenerate 
primer design can be based on protein sequence. As several different codons can code 
for one amino acid, it is often difficult to deduce which codon is used in a particular 
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case – differences among sequences are accounted for by using the IUPAC degeneracies 
for individual bases. Primers can then be synthesised as a mixture of primers 
corresponding to all permutations. Unfortunately, the use of degenerate primers can 
greatly reduce the specificity of the PCR amplification (Wei et al., 2003; Linhart & 
Shamir, 2005).  
 
3.1.5. Experimental aims 
 
The aims of this chapter were to establish whether wild populations of the bullhead 
Cottus gobio show any signs of endocrine disruption within the surface waters of the 
Tamar and its tributaries, and whether the bullhead could be used as a sentinel for 
endocrine disruption in UK rivers. To pursue this aim, the following hypotheses were 
tested: 
 
1. Higher oestrogenic activity in the surface waters correlates with elevated levels 
of the yolk precursor protein, vitellogenin (VTG) in the plasma of the bullhead  
2. Higher oestrogenic activity in the surface waters correlates with altered sexual 
disruption in the gonads of the bullhead 
 
To further test these hypotheses, a controlled caged exposure, using rainbow trout 
Oncorhynchus mykiss and bullheads was carried out (Section 3.2.9) to ascertain the 
following:  
 
1. Whether the key WwTWs effluent discharges into the study catchment are 
sufficiently oestrogenic to induce a VTG response in the bullhead and rainbow 
trout  
2. To determine the relative responsiveness of the bullhead (VTG induction) to 
oestrogenic effluents when compared against another, more well studied, 
sentinel fish species (here rainbow trout), and whether the bullhead could be 
used as an effective sentinel for studying endocrine disruption  
3. To determine the expected levels of VTG in bullheads in the wider river, given 
the responses seen from the controlled exposures and the known levels of 
environmental oestrogen in the catchment  
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In Chapter Two, river water from all sites was analysed for oestrogenicity and showed 
very minor activity (mean 0.23 ± 0.19 SE ng E2 EQ’s L
-1
), as determined by oestrogen 
yeast screen analysis of spot and passive samples. To determine if this low oestrogenic 
activity had any effect on the bullhead, a homologous, competitive enzyme-linked 
immunosorbant assay (ELISA) for bullhead VTG (bh-VTG) was developed, validated 
for the detection of oestrogenic responses in the bullhead, and then applied to bullheads 
living in the Tamar catchment. In parallel with this work, an attempt was made to 
develop a VTG mRNA RT-qPCR assay for bullheads as an additional measure of 
oestrogenic response in bullheads in the Tamar catchment. Gonads were also assessed 
for evidence of altered sexual disruption by light microscopy. The overarching aims of 
this work were to assess the use and application of the bullhead as a sentinel species for 
measuring oestrogenic pollution and identifying impacts (or lack thereof) of selected 
key oestrogenic discharges into the Tamar catchment. 
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3.2. MATERIAL AND METHODS  
 
3.2.1. Study area and fieldwork 
 
At the start of this project data were supplied by the EA, showing that bullheads were 
either common (20 – 29 individuals) or abundant (30+ individuals) at all their sampling 
sites throughout the Tamar catchment, according to the standard ACFOR system (pers 
comm., EA, February 2005). This meant that wherever the sites were chosen in this 
study, there were likely to be a sufficient number of bullheads available for sampling. 
 
Bullheads were collected from the River Clyst at Clyst Honiton (SX987936) in 
November 2004 and January 2007 to establish a bullhead VTG (bh-VTG) ELISA. To 
determine whether bullheads were affected by any xenoestrogens in the waters of the 
Tamar catchment, bullheads were collected during September and October 2007 from 
13 sites; BB, B2, B3, B20, B6A, B17, HK, BMT, BMB, BMW, TM, RM and GM. 
These fish were collected from sites based on dipper nesting activity (Chapter Four). 
Sites were sampled in conjunction with water sample collections in late September/ 
early October 2007, from close to dipper nesting sites. New nest-sites (LB, SCB, TB) 
found in 2008 were not sampled for bullheads. The sites from which bullheads were 
collected gave a broad coverage of the catchment area (Figure 3.1). From each site, 
between 10 and 25 fish were collected by electrofishing by a team from the University 
of Exeter; all electrofishing was covered under an Environment Agency licence (Form 
FR2: Application to use fishing instruments [other than rod and line] and/or remove fish 
from inland waters). All fish caught via electrofishing were transported back to the 
laboratory in same site aerated river water.  
 
Bullheads from the Tamar catchment were only collected during 2007 and not in any of 
the preceding years due to the difficulty in developing the bh-VTG ELISA.  
   
In order to determine the responsiveness of bullheads for VTG induction at two of the 
more oestrogenic effluents entering into the Tamar catchment, controlled caged 
exposures were carried out. Cages were placed at St Leonards (STLW), and Lifton 
(LW) WwTWs effluent discharges (Figure 3.1) and 100 m upstream of these discharges 
(as described in Section 3.2.9). St Leonards WwTWs discharges into the River Tamar 
and Lifton WwTWs discharges into the River Thrushel.  
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3.2.1.1. Electrofishing 
 
Electrofishing involves passing an electric current through the water to stun and draw 
fish to the surface where they can be captured alive in a dip net. Usually, when 
surveying, a net is placed at the upper and lower ends of a 100 m long stream section 
that is being surveyed.  
 
The electrofishing equipment used was a battery powered Safari 2000 backpack model 
which relied on two electrodes (anode and cathode) delivering a current into the water 
to stun the fish. The current runs from the anode (located at the end of a long, 2 metre 
pole and in the form of a ring held by the operator) to the cathode (a long, 3 metre 
braided steel cable that trails behind the operator), creating a high-voltage potential. 
When a fish encounters the large potential gradient, it becomes affected by the 
electricity. Pulsed DC current is applied, which causes galvanotaxis in the fish. 
Figure 3.1.Geographical location of bullhead sampling sites in September and October 2007 (red circles). 
Green circles show sites of caged trout and bullhead experiment at St Leonards WwTWs (STLW) and 
Lifton WwTWs (LW) in August and September 2010. 
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Galvanotaxis is uncontrolled muscular convulsion that results in the fish swimming 
toward the anode. Three people were required to electrofish; one to operate the anode, 
one to catch the stunned fish with a dip net, and another to carry a bucket to collect the 
caught fish. Electrofishing resulted in no permanent harm to bullheads, which when not 
required for terminal sampling/cage placement studies, were returned to the river within 
a few minutes of being stunned.  
 
At each site on the Tamar, including the sites used for the caged exposure, the 
electrofishing was carried out by the candidate and staff from the University of Exeter. 
Each site was fished for between 30 minutes and 1 hour, depending on how quickly 
bullheads of appropriate size (over 40 mm) were caught. No note was made of the 
number of undersized bullheads caught which were returned to the river. Each site was 
fished along a stretch of approximately 100 m, both upstream and downstream of the 
dippers nest sites, but once again this was dependent on how quickly the required 
number of appropriately sized bullheads was caught. 
 
Bullheads were collected from the River Clyst in January 2007 using the above 
procedure, whereas bullheads collected from the River Clyst in November 2004 were 
electrofished by the EA without our participation in the collection process.   
 
Fish were transported back to the laboratory in aerated river water. Bullheads from sites 
throughout the Tamar were sampled in the laboratory within two to six hours after 
collection. Fish collected from the River Clyst were acclimatised, as described in 
Section 3.2.2.2, before use in each exposure. No water chemistry was carried out on 
river water from the Clyst. 
 
3.2.2. Establishing a bullhead VTG (bh-VTG) ELISA 
 
A bullhead VTH (bh-VTG) ELISA was required as it has previously been shown that 
bullhead VTG does not cross react with the available carp or salmon VTG antibodies 
(Tyler et al., 1996). 
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3.2.2.1. Exposure to E2 and EE2 
 
Bullheads were exposed to either E2 or EE2 to induce the fish to produce VTG, for use 
in establishing the bh-VTG ELISA. This assay was then to be used to determine 
whether wild bullheads from the Tamar catchment had been exposed to xenoestrogens 
and to assess the vitellogenic response of bullheads placed in cages in oestrogenic 
WwTWs discharges. 
 
A number of attempts were made to induce VTG in bullheads. Exposure, and blood and 
terminal sampling regimes were as follows: 
 
 March 2005. Exposure to E2 by immersion in water (exposure via gills and skin) 
for 21 days, containing 200 ng E
2
 L
-1
. This exposure used 15 fish (nine male and 
six female), and VTG purification was attempted by gel filtration 
chromatography (GFC), using a GF column. 
 
 July 2005. Exposure to EE2 by peritoneal injection. Injected with 5µg EE2 g
-1
 
body weight on days 0 and 7. Fish were terminally sampled on day 21. This 
exposure used 10 of the fish (seven male and three female) collected in January 
2005, and VTG purification was attempted by GFC.  
 
 January 2006. Exposure to EE2 by peritoneal injection. Baseline blood samples 
were taken from 10 fish (nine male and one female) prior to exposure. Twenty 
fish (14 male and six female) were injected with 5µg EE2 g
-1
 body weight 
(including those from which the baseline blood sample was collected) on days 0, 
7 and 14. Fish were terminally sampled on day 42. VTG purification was 
attempted by fast protein liquid chromatography (FPLC). Of the baseline fish, 
only three male and one female survived to be terminally sampled.  
 
 February 2007. Fifteen vitellogenic female fish were terminally sampled for use 
in VTG purification (no oestrogen exposure). Fish were collected in late January 
2007, when VTG was likely elevated in maturing fish. VTG purification was by 
FPLC.  
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3.2.2.2. Fish maintenance 
 
Fourteen days prior to the start of each oestrogen exposure, fish were acclimatised to 11 
± 1 °C, maintained under a 24 hour (12:12 light:dark) cycle in aerated tanks supplied 
with mains water, which was passed through reverse osmosis filtration, and fed daily 
with bloodworm. All fish underwent the same maintenance regime before and during 
the exposures. During the exposures, the injected fish were kept in a separate tank.  
 
3.2.2.3. Exposure to E2 – immersion in water  
 
Bullheads were exposed to 200 ng E2 L
-1
 for 21 days via immersion in water in a 40 L 
glass fish tank. This exposure was conducted using a semi-static system with reverse 
osmosis water. Every two days 10 L of water was removed from the tanks and 
discarded, and another 10 L, containing 200 ng E2 L
-1
, replaced it. Ambient temperature 
remained at 11 ± 1 °C for the entire exposure and both tanks were aerated at all times. 
 
3.2.2.4. Exposure to EE2 – peritoneal injection 
 
Fish were anaesthetised according to 3.2.2.6. Prior to exposure in January 2006, 
baseline blood samples were taken from 10 male fish as described in section 3.2.3.1.5. 
A stock solution of EE2 was made up according to 3.2.2.3, and fish were dosed by 
peritoneal injection containing 5 µg EE2 g
-1
 body weight using a 27 gauge 0.5 mL 
Monoject™ syringe with needle (Kendall, Tyco Healthcare, UK). For this exposure, 
fish were injected on day 0, given a booster injection on day 7 and terminally sampled 
on day 21, as described in 3.2.2.1.5. In January 2006, fish were dosed on days 0, 7, 14 
and terminally sampled on day 42. Prior to injection, a baseline blood sample was taken 
from 10 male fish. During each exposure, the injected fish were kept at 11 ± 1 °C, in 
reverse osmosis water in 20 L tanks on a flow through, aerated system. Fish from which 
baseline samples had been taken were kept in a separate 20 L tank. 
 
3.2.2.5. Test chemicals 
 
E2 (17β-oestradiol, CAS no. 50-28-2) was purchased from Sigma-Aldrich, UK. A stock 
solution for E2 was prepared prior to use in HPLC grade ethanol (Fisher Scientific, UK). 
From this, a second dosing stock solution (at 100x final exposure concentration) was 
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prepared and added to the 10 L of replacement water every two days. After 21 days, the 
bullheads were removed from the tanks. The concentration of the ethanol in the tanks 
was less than 0.001 ‰. 
 
EE2 (17α-ethinylestrodiol, CAS no. 57-63-6) was purchased from Sigma-Aldrich, UK. 
A stock solution for EE2 was made up as follows: 3 mg EE2 was added to 300 µL 
ethanol and made up to 6 mL with 0.98 % physiological saline (NaCl). The final dosing 
regime was 5 µg EE2 g
-1
 body weight. 
 
3.2.2.6. Blood sampling  
 
Fish were anaesthetised by submersion in a solution of the anaesthetic benzocaine, in 
accordance with the Animals (Scientific Procedures) Act 1986. A stock solution of 
benzocaine (ethyl 4-aminobenzoate) was prepared in ethanol (100 g L
-1
). When 
required, this solution was dissolved in fresh water, the amount depending on the size of 
the fish and volume of water (~500 mg L
-1
). Anaesthesia was induced in 1-2 minutes. In 
the case of taking a baseline blood sample from the fish and exposure by injection, only 
temporary anaesthesia was required. Fish were removed from the anaesthetic and blood 
samples were obtained from the caudal sinus by means of a heparinised 27 gauge 0.5 
mL Monoject™ syringe with needle (Kendall). Blood was added to a 1.5 mL micro-
centrifuge tube on ice containing approximately 2 µL of aprotinin (2 TIU mL
-1
) and 
spun in a centrifuge at 13,000 RPM for 3 min at 4 °C to separate the plasma. After 
centrifugation, the plasma was carefully removed using a Gilson pipette taking care not 
to disturb the pellet of blood cells at the bottom of the tube. Collected plasma was then 
aliquoted into 0.65 mL micro-centrifuge tubes and immediately stored at -80 °C, until 
required. After baseline blood sampling and injection, fish were replaced in clean, 
aerated water where recovery occurred, before being transferred to the respective 
exposure tanks. At the end of each exposure, all fish were sacrificed by destroying the 
brain, and their fork length (mm) and weight (g) recorded.  
 
3.2.2.7. Purification of bh-VTG by fast protein liquid chromatography (FPLC)  
 
Bh-VTG was isolated from the plasma samples of E2 treated adult males and 
vitellogenic females by anion-exchange fast protein liquid chromatography (Plate 3.1). 
The isolation procedure was performed according to the protocol of Fenske et al. 
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(2001). The diethyl aminoethyl (DEAE) anion-exchange system used was a 1 mL Mono 
Q 5/50 GL (50 x 5 mm ID, Amersham Pharmacia), linked with a FPLC system 
(Pharmacia) comprising a Bio-Sys 520 system, photodiode array (PDA) detector and a 
sample collector (all Beckman Coulter). To reduce proteolysis, the chromatographic 
procedure was performed at 4 °C, and all samples contained the trypsin inhibitor 
aprotinin. Before application to the column, the plasma was first diluted 10-fold with 20 
mM Tris-HCl (pH 8.0) and 1.0 mL was loaded onto the column by means of a 10 mL 
superloop (the superloop was added as the final sample size was >0.5 mL). The column 
had previously been equilibrated with three volumes of 20 mM Tris-HCl, pH 8.0. All 
solutions were degassed by vacuum filtering prior to use. Unbound substances were 
eluted from the column with 5 ml of 20 mM Tris-HCl buffer. Subsequently, adsorbed 
plasma proteins were eluted using a 17 mL NaCl gradient from 0 to 1.0 M NaCl 
(dissolved in 20 mM Tris-HCl, pH 8.0). The flow rate through the column was 1 mL 
min
-1
. 
 
 
 
 
 
Plate 3.1. Fast protein liquid chromatography (FPLC), with superloop and anion exchange column 
attached. Buffer A and buffer B, and fraction collector (though cassette is missing) are also visible.  
 Column 
 Superloop 
 Fraction    
 collector 
Output 
FPLC 
 Eluting buffer (B) Starting buffer (A) 
 Pump A 
 Pump B 
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The elution profile was monitored in the PDA detector at an absorbance of 280 nm and 
a trace of the chromatography was printed. Fractions were collected every 0.5 mL. The 
fractions containing bh-VTG were aliquoted and stored at -80 °C until required. 
Proteins in solution exhibit strong absorbance at 280 nm due to absorption by the 
aromatic rings in tyrosine and tryptophan amino acid residues. Although different 
proteins have different absorption characteristics, protein concentration can be estimated 
using the formula below (Stoscheck, 1980):  
 
Concentration (mg mL
-1
) =       Absorbance @ 280 nm 
        Path length of spectrophotometer (1 cm) 
 
To confirm the purity of the bh-VTG, the isolate was subjected to SDS-PAGE, (sodium 
dodecyl sulfate polyacrylamide gel electrophoresis) according to Laemmli (1970), under 
reducing conditions with pre-cast 4 – 15 % gradient mini gels (Tris-HCl, pH 8.8, Bio-
Rad). The purified VTG was run in parallel with a plasma sample from an exposed and 
unexposed rainbow trout and a rainbow trout VTG standard (rt-VTG) for comparison. 
The plasma samples and the purified bh-VTG was diluted 1:1 in sample buffer (0.25 M 
Tris-HCl, pH 6.8; 20 % glycerine; 4 % SDS (both Merck); 10 % -mercaptoethanol; 
0.01-0.02 % bromophenol blue (both Serva) and 20 µL per sample and applied to the 
gel. Standard proteins were applied to the gel to determine the molecular mass of the 
separated plasma proteins. Electrophoretic separations of plasma protein were carried 
out for 60 min at 130 V. Gels were stained in a 0.5% aqueous solution of coomassie 
brilliant blue R-250 (Merck) in staining buffer (25 mM Tris-HCl, 292 mM glycine, 20% 
MeOH). 
 
3.2.2.8. Production of polyclonal bh-VTG antibodies  
 
Specific antiserum against the purified bh-VTG was raised in a rabbit. The 
immunisation program was conducted by Harlan, UK. In this standardised program, the 
rabbit was injected with 100 µg of bh-VTG in adjuvant and then boosted on five 
subsequent occasions with 30 µg of bh-VTG adjuvant after 14, 28, 42, 56 and 72 days. 
The rabbit was killed for final bleeding on day 77 after the first antigen injection. Serum 
from the rabbit was collected and kept on dry ice during transportation. Once in the 
laboratory at Exeter, the plasma was aliquoted and stored at -80 °C until required.  
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3.2.2.9. Development of a homologous competitive ELISA for bullhead vitellogenin 
(bh-VTG) 
 
The protocol established was based on a competition for the bh-VTG antibody between 
VTG-coated on wells of a 96-well Nunc MaxiSorp™ microtitration polystyrene based 
coated plates, which have a modified surface giving a high affinity for polar groups, 
including glycoproteins, such as antibodies, which adsorb to the surface of each well 
(Life Technologies, Paisley, UK) and free VTG in solution.  
 
The bh-VTG ELISA is based in competition for the bh-VTG antibody (Primary 
antibody; PAb) between VTG coated to the surface of microtitre plates and VTG in 
solution (standard or plasma sample). Briefly, a known amount of VTG (in coating 
buffer) is bound to the surfaces of 96-well Nunc MaxiSorp™ coated plates and 
incubated overnight (Figure 3.2A). After incubation the plate is rinsed, and to prevent 
non-specific binding, the free binding sites on these plates are then blocked using 
bovine serum albumin (BSA; Figure 3.2B). In a separate non-coated (sample) plate, a 
serial dilution of a standard of a known concentration of VTG is added, along with 
dilutions of samples in which the concentration of VTG is to be measured. Nothing 
binds to these plates as they have no special coating, and as such, when washed, all 
proteins are rinsed away. Both the standards and the unknown samples are pre-
incubated with the rabbit anti-VTG polyclonal antibody (PAb) overnight at 4 °C (Figure 
3.2C). During incubation, the PAb binds to VTG in the samples and standards, but not 
to the plate. The samples and standards are then transferred, by multi-channel pipette, 
into the coated plates, once the coated plates have been washed (Figure 3.2D). Any PAb 
still free in solution binds to the VTG coated onto the surface of these plates, which is 
quantified using a second antibody (goat anti-rabbit antibody; SAb) after the plates have 
been washed. The SAb binds to the VTG anti-VTG complex on the surface of the plates 
(Figure 3.2E). To enable quantification, the SAb is conjugated to horseradish 
peroxidase. This enzyme changes the colour of a substrate dissolved in buffer from 
colourless to yellow; the more VTG-antibody-peroxidase conjugate present, the deeper 
the colour (Figure 3.2F). Between each step, the plates are rinsed. The absorbance of 
each well is measured at an absorbance of 490 nm and indicates the concentration of 
PAb bound to the VTG coated to the surface of the plates. This is inversely proportional 
to the amount of free VTG in the samples or standards.  
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E 
A 
D 
B 
C 
F 
Figure 3.2. Schematic representation of the bh-VTG ELISA protocol used to quantify levels of VTG in 
bullhead plasma. See section 3.2.2.9 for details. A known amount of bh-VTG is bound to the walls of a 
96-well plate (A), and non-specific sites are blocked using BSA (B). VTG standards and samples are 
added to the wells of a separate plate and are pre-incubated with an anti-VTG polyclonal antibody (C). 
The pre-incubated samples are then transferred into the plates coated with bh-VTG, where there is 
competition between the coated VTG and free VTG (D). The amount of antibody bound to the coated 
VTG is quantified using a secondary antibody (E). To enable quantification, the secondary antibody is 
conjugated to an enzyme that changes the colour of a substrate from colourless to yellow, and is 
inversely proportional to the amount of free VTG in the standard or samples (F). Plates were rinsed 
between each step. 
Coated plate 
Sample plate 
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Non-specific binding (NSB) and maximum binding are measured on each plate. To 
measure NSB, at least two wells on the coating plate are incubated with coating buffer 
alone and no VTG. All subsequent steps remain the same and any colour development 
in these wells is the result of non-specifically bound PAb and/or SAb. To measure 
maximum binding (which is the absorbance measured when there is no VTG in the 
sample), at least four wells on each plate receive only blocking buffer and PAb solution. 
Again, all subsequent steps remain the same. With no competition, all PAb should bind 
to the VTG coated onto the surface of the plates. 
 
The bullhead VTG standard and coating VTG were from purified bullhead plasma, and 
the bullhead PAb was produced by the process described in 3.2.2.8. Before the bh-VTG 
ELISA could be carried out, optimisation of the bh-VTG antibody (primary antibody 
[PAb]) was required. This is described in Section 3.2.2.9.2, and is different from that 
which is described above. The general protocol of the bh-VTG ELISA, which is briefly 
described above, is fully described in Section 3.2.2.9.5.  
 
3.2.2.9.1. VTG ELISA buffers 
 
Coating buffer: a 0.1 M bicarbonate buffer was prepared by dissolving 4.24 g Na
2
CO
3
 
(0.4 M) and 5.04 g NaHCO3 (0.06 M) in 1 L distilled water and adjusted to pH 9.6, and 
stored in the fridge. 
 
Washing buffer: a 10 x stock solution of phosphate buffered saline (PBS) was prepared 
by dissolving 16.7 g Na2HPO4 (0.012 M), 3.6 g NaH2PO4 (0.003 M), and 85 g NaCl 
(0.15 M) in 1 L distilled water, and stored at room temperature. To prepare the working 
solution, a 10-fold dilution was made with distilled water and adjusted to pH 7.4, and 
0.05 % Tween-20 was added. Tween-20 is a detergent and facilitates antibody 
attachment. Washing buffer was stored at room temperature. 
 
Blocking buffer: blocking buffer was prepared by adding 1 % bovine serum albumen 
(BSA) to the washing buffer. It was stored at 4 °C and used for no longer than two days. 
 
Substrate buffer: a phosphate-citric acid buffer was prepared by adding 25.7 mL 0.2 M 
Na2HPO4 (dibasic sodium phosphate) and 24.3 mL 0.1 M citric acid (2-
hydroxypropane-1,2,3-tricoxylic acid) to 50 mL distilled water. The solution was 
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adjusted to pH 5.0 using either dibasic sodium phosphate or citric acid. Immediately 
prior to use, 0.5 mg mL
-1
 orthophenylene diamine (OPD) and 0.5 µL mL
-1
 H2O2 (30 %) 
were added. 
 
3.2.2.9.2. Bh-VTG ELISA development and optimisation 
 
To develop the working bh-VTG ELISA optimised conditions for the bh-VTG antibody 
(Primary antibody [PAb] had to be established. This was performed as follows:  
 
Ninety six-well microtiter Nunc
TM
 Maxisorp coated plates were coated with purified bh-
VTG serially diluted by a step-wise factor of two (1:2,000 – 1:8,192,000) across the 
plate. On a separate non-coated 96-well microtiter non-coated plate (Elkay, Hants, UK) 
the polyclonal bh-VTG antibody (PAb) was diluted from the original stock at 1:3,125, 
1:6,250, 1:12,500, 1:25,000, 1:50,000 and 1:100,000. Each of these titres was used in 
one row of 12 wells. Both plates were pre-incubated for 30 min at room temperature. 
After this time, the coated plates were washed three times with washing buffer and the 
contents of the wells on the dilution plate were transferred to the corresponding 
positions on the coated plates by multi-channel pipette. These were then incubated at 37 
°C for 1 hour. After this time, the plate was again washed three times and a secondary 
antibody (SAb), at a dilution of 1:2,000 was serially diluted in a stepwise factor of two 
across the plate. This was once again incubated at 37 °C for 1 hour. The wells were then 
washed three times and 125 µL of phosphate–citric acid substrate buffer was added to 
each well. The plates were incubated in the dark at room temperature for 20-30 min. 
The reaction was stopped with 30 µL per well of 3N H2SO4. Absorbencies were read 
after approximately 10 min at 490 nm with a SPECTRAMax
®
 340PC plate reader 
(Molecular devices, Wokingham, UK), run by SOFTmax Pro 3.1.2 software (Molecular 
Devices).  
 
By producing standard curves for each titre, the optimal reagents for the routine assay 
were selected. Once the reagents were optimised, the assay was then repeated with 
different incubation times for the chosen PAb and SAb. The timings for each incubation 
step were 30 min, 60 min and 120 min. From these further standard curves were 
produced. Incubation times for the routine assay were determined from the best fit 
standard curve (see Section 3.3.2.1 for optimisation results). 
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3.2.2.9.3. Validation of the bh-VTG ELISA for the measurement of VTG in plasma 
in the bullhead 
 
Plasma samples from male and maturing (vitellogenic) female bullheads were serially 
diluted by a stepwise factor of two (1:10 – 1:10,240 for male plasma and 1:500 – 
1:2,048,000 for female plasma) with blocking buffer and were assayed to assess 
parallelism between each of these samples and the bh-VTG standard (see Section 
3.3.2.5). In this way the bh-VTG ELISA was validated. Inter-assay variability (% CV) 
was measured using aliquots of vitellogenic female bullhead plasma at a fixed dilution 
of 1:50,000 (50 % binding), and measured from each plate. Intra-assay variation was 
assessed by adding the same fixed plasma sample from a vitellogenic female bullhead at 
a dilution of 1:50,000 to 40 wells on one plate, alongside a bh-VTG standard. 
 
3.2.2.9.4. Bh-VTG coatings and standards 
 
The purified sample, containing 340,000 ng mL
-1
 of bh-VTG, was diluted to prepare 
aliquots of both the standard VTG and coating VTG for use in the bh-VTG ELISA.  The 
standard was diluted in blocking buffer to a concentration of 2000 ng mL
-1
. The coating 
VTG was diluted in coating buffer to 7.2 µg mL
-1
. The final dilution to 300 ng mL
-1
 
took place during day one of the assay. All standards and coatings were stored at -80 °C 
until required. 
 
Once the bh-VTG ELISA had been optimised it was then applied in a routine manner to 
the field and exposure samples.  
 
3.2.2.9.5. General protocol for the routine bh-VTG ELISA 
 
The routine bh-VTG ELISA takes two days to complete and is a standard method used 
by the Ecotoxicology and Aquatic Biology Research Group at the University of Exeter 
for trout and carp VTG ELISAs. Factors that differ between the assays include the 
different incubation phases with the various ingredients. For the bullhead VTG ELISA 
the routine procedures was as follows: 
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Day one: Bh-VTG coating solution (300 ng mL
-1
) was prepared by adding 0.5 mL (7.2 
µg mL
-1
) to 11.5 mL coating buffer. Ninety-six-well Nunc
TM
 Maxisorp coated plates 
were coated with 100 µL per well of the bh-VTG coating solution. Nunc
TM
 Maxisorp 
plates have a high protein binding affinity and are specifically designed for use in 
ELISA’s. The wells for non-specific binding (NSB) were coated with 100 µL per well 
with coating buffer alone. Coated plates were sealed with microtiter plate sealing film 
(BIS Ltd, Lancashire, UK) to prevent evaporation and incubated overnight at 4 °C. To 
prepare the bh-VTG standard curve, bh-VTG was serially diluted in blocking buffer 
using a two-fold dilution series starting from 2000 ng mL
-1
 for 12 dilutions. Two 
aliquots of 60 µL of each concentration were placed into a non-coated 96-well 
microtiter plate (Elkay). Bullhead plasma samples were diluted with blocking buffer to 
an appropriate dilution for the VTG to be measured by the standard curve (1:10 – 1:100 
for male plasma, and 1:10 – 1:1,000,000 for female plasma). Sixty microlitres of each 
plasma dilution was added to the non-coated plate in duplicate. Finally the primary 
antibody (PAb) was diluted to a concentration of 1:6,250 in blocking buffer and 60 µL 
of this was added to all wells on the non-coated plate. Both the NSB and maximum 
binding control wells contained 60 µL of blocking buffer and 60 µL of PAb solution. 
All wells were mixed on a microtiter plate shaker (Titramax 100 microtitre plate shaker, 
Heidolph, Germany), covered with plate sealing film and incubated overnight at 4 °C. 
This step allows the PAb to bind to VTG in the samples and standards. 
 
Day Two: Bh-VTG coated plates were washed three times with washing buffer using a 
handheld 96-well microtitre plate washer (Vaccu-Pette 96, Fisher Scientific UK). 
Without allowing the plates to dry out, 150 µL
-1
 of blocking buffer was added to each 
well and plates resealed. Both the coated and non-coated plates were incubated at 37 °C 
for 30 min. Following incubation, the coated plates were washed three times with 
washing buffer, and 100 µL of samples and standards from the non-coated plates were 
transferred to the corresponding wells on the (now blocked) coated plates. These plates 
were then resealed and incubated for 60 min at 37 °C. The empty non-coated plates 
were discarded. While the coated plates were incubating, the secondary antibody (goat 
anti-rabbit IgG whole molecule peroxidase conjugate) was diluted to 1:2,000 in 
blocking buffer. Coated plates were then washed again and 125 µL secondary antibody 
solution was added to each well. Plates were resealed and incubated at 37 °C for a 
further 60 min. Following this incubation step, the plates were washed and 125 µL 
phosphate-citric acid buffer, containing the substrates OPD and H2O2 were added to all 
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wells. The substrate buffer was prepared immediately prior to use, and it was important 
to perform this step as rapidly as possible to reduce any across plate effects where 
different wells are exposed to light for differing amounts of time. The plates were 
incubated in the dark at room temperature until an optimal colour had developed 
(between 20 – 30 min) and the remaining enzymes elicit a chromogenic or fluorescent 
signal. The colour reaction was stopped by adding 30 µL 3N H2SO4 and the plates were 
then incubated in the dark for a further 10 min at room temperature. After this time, the 
absorbance of each well was read at a wavelength of 490 nm using a SPECTRAMax
®
 
340PC plate reader (Molecular Devices). The higher the original antigen concentration, 
the weaker the eventual signal and so the lower the colour change. 
 
3.2.2.9.6. Analysis of ELISA data 
 
All samples and standard dilutions were run in duplicate and the mean of each duplicate 
calculated and NSB subtracted from this value. Relative maximum binding (B/B0) was 
calculated for all samples, including the standards, using the following formula: 
 
Relative maximum binding (B/B0) (%) =  mean ODsample – mean ODNSB      x 100 
          mean ODB0 – mean ODNSB  
 
where OD = optical density, NSB = non-specific binding, and B0 = maximum binding. 
B/B0 is expressed as a percentage of B0. A standard curve was created by plotting B/B0 
obtained for each of the standards against bh-VTG concentration. From this curve, the 
VTG concentrations for each of the unknown samples can be calculated. It is important 
to select the appropriate dilution to read B/B0 for each of the samples. This should be 
the closest to 50 % binding, somewhere on the linear part of the standard curve. The 
working range of the assay is usually between 30 – 80 % B/B0. All data analysis was 
performed using SOFTmax Pro 3.1.2.  
  
3.2.3. mRNA expression analysis of target genes 
 
In order to study the mRNA expression of VTG in the bullhead, RNA first needed to be 
extracted from the bullheads liver. The concentration and integrity of the RNA was 
recorded prior to reverse transcription. Once complementary DNA (cDNA) was 
obtained, degenerate primers were used in the PCR to amplify the VTG DNA sequence. 
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This would lead to RT-qPCR being performed, and mRNA expression would be able to 
be calculated. 
 
3.2.3.1. RNA extraction of bullhead livers 
 
Numerous methods exist for the extraction of RNA, with choice usually based on cost, 
tissue source, type of RNA extracted and the analytical resolution needed (Jones et al., 
1994). A phenol chloroform-based procedure, which involves cell lysis in a chaotropic 
reagent followed by organic extraction, was the chosen method of RNA extraction in 
this chapter. 
 
Tri
®
 Reagent (Sigma), which isolates total cellular RNA, is simple and efficient, 
allowing the simultaneous processing of large numbers of samples in a short time, and 
its ability to perform well with small quantities of tissue. Tri
®
 Reagent is a mono-phasic 
solution combining phenol and the chaotropic agent guanidine isothiocyanate, based on 
a single-step method of total RNA isolation developed by Chomczynski and Sacchi 
(1987).  
 
Because RNA is associated with protein in ribosomes, the initial stages of RNA 
extraction calls for the lysing of the cells, a process carried out by homogenisation. Tri
®
 
Reagent acts as a homogenisation buffer, inactivating RNases to ensure that the RNA is 
not degraded before the procedure has started, while additionally lysing the cells, 
dissociating nucleoprotein complexes, and dissolving cell components. Subsequently, 
addition of chloroform and centrifugation separate the solution so that RNA, but not 
DNA and protein, can be removed and precipitated. The last stage of the procedure 
washes the RNA and re-dissolves it in water for further analyses. As with the tissue 
dissection, it is vital to ensure that RNase activity is totally inhibited during this 
procedure. Various steps are taken to ensure this, including working under sterile 
conditions and working on ice to keep samples as cold as possible to inhibit RNase 
activity.  
 
3.2.3.2. General protocol for RNA extraction 
 
Liver samples were removed from storage at -80 °C and homogenised immediately in 
0.5 mL ice-cold Tri
®
 Reagent in 1.5 mL micro-centrifuge tubes using a cordless hand-
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held pellet pestle motor (Sigma) with plastic homogeniser blades. Homogeniser blades 
were cleaned by washing in 0.1 M sodium hydroxide (NaOH) and rinsing in molecular-
grade water (HPLC, Sigma). Following homogenisation, a further 0.5 mL Tri
®
 Reagent 
was added to each sample and the samples incubated for 5 minutes at room temperature 
to permit complete dissociation of nucleoprotein complexes. To purify the soluble RNA 
from the insoluble high molecular weight DNA, lipids, proteins, and extracellular 
material also present in liver tissue samples, 0.2 mL chloroform was added to each 
sample. Samples were vigorously shaken and incubated for 15 min at room temperature 
and then centrifuged at 13,000 rpm for 15 min at 4 °C. For each sample, the RNA 
containing upper aqueous phase was transferred to a new 1.5 mL micro-centrifuge. To 
precipitate the RNA, 1 mL isopropanol was added and incubated overnight at -20 °C. 
The following day, the tubes were centrifuged at 13,000 rpm for 20 min at 4 °C. For 
each sample, the isopropanol supernatant was removed and discarded. To remove any 
traces of solvents, the RNA pellet was washed by adding 1 mL 70% ethanol, vortexing 
to displace the pellets from the bottom of their tubes and centrifuging at 7,500 rpm for 5 
min at 4 °C. The supernatant was poured off and discarded and the pellet air-dried for 
10-30 min at room temperature, resuspended in 20 µL concentrationof ice-cold 
molecular-grade water to maximise RNA.  
 
Ultraviolet spectrophotometry was used to determine the total RNA concentration of 
each RNA sample. Spectrophotometric assessment of RNA concentration is based upon 
RNA absorbing light strongly at 260 nm and, thus, the concentration of the sample can 
be calculated based upon a sample of 40 µg mL
-1
 producing an absorbance of 1.0 at 260 
nm. A 1 µL aliquot of each RNA sample was taken and A260 was read using a 
NanoDrop
®
 ultraviolet-visible spectrophotometer (NanoDrop Technologies). The 
NanoDrop
®
 gives an accurate measurement in ng µL
-1
. To correlate the calculated 
absorbance with concentration, the NanoDrop
®
 uses the Beer-Lambert equation: 
 
A = E*b*c  
 
Where A is the absorbance represented in absorbance units (A), E is the wavelength-
dependent molar absorptivity coefficient (or extinction coefficient) with units of L mol-
cm
-1
, b is the path length in cm, and c is the analyte concentration in moles L
-1
 or 
molarity (M). For nucleic acid quantification, the Beer-Lambert equation is modified to 
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use an extinction coefficient with units of ng-cm mL
-1
. Using this extinction coefficient 
gives the following manipulated equation:  
 
c = (A*e)/b  
 
Where c is the nucleic acid concentration in ng µL
-1
, A is the absorbance in AU, e is the 
wavelength-dependent extinction coefficient in ng-cm µL
-1
, and b is the path length in 
cm. The generally accepted extinction coefficient for RNA is 40 ng-cm µL
-1
 
 
The ratio of absorbance at 260 and 280 nm was then used to assess the purity of the 
RNA. A ratio of between 1.8 and 2.0 is generally accepted as ‘pure’. If the ratio is 
appreciably lower, it may indicate the presence of protein, phenol or other contaminants 
that absorb strongly at or near 280 nm.  
 
3.2.3.3. Agarose gel electrophoresis of bullhead RNA  
 
Agarose gel electrophoresis was used to further verify the quality of extracted RNA. 
Electrophoresis is a separation method based on the movement of charged molecules in 
an electric field, which is performed in a supporting media. RNA has a consistent 
negative charge (imparted by its phosphate backbone), so it will move towards an anode 
with smaller, compact fragments passing more easily through the sieve-like gel matrix 
than larger, extended fragments, resulting in a series of bands if a mixture of different 
fragments with varying size is present. Electrophoresis is conducted using 
electrophoresis buffer, which not only maintains a constant pH but provides ions, thus 
supporting conductivity. In order to visualise the RNA, ethidium bromide was used as a 
fluorescent dye, allowing the gel to be viewed under UV light. High quality RNA has 
two discrete bands corresponding to 28S and 18S subunits.  
 
3.2.3.4. General protocol for electrophoresis 
 
A 5x Tris borate-EDTA (TBE) buffer was prepared by mixing 540 g Tris, 275 g boric 
acid, and 200 mL of a 0.5 M pH 8.0 solution of EDTA (diaminoethanetetra-acetic acid 
disodium salt) and making up to a volume of 10 L with ultra pure water. From this a 1 x 
TBE buffer was prepared by adding 1 L of 5x TBE buffer to 4 L of ultra pure water. A 
1.5 % agarose gel was prepared by weighing out 0.60g of molecular-grade multi-
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purpose agarose (Bioline Ltd, UK), added to 40 mL of 1x TBE buffer, microwaved until 
completely dissolved (~1 min 30 s), and left to cool for 5 minutes until the temperature 
reached around 60 °C. To counteract any evaporation during heating an appropriate 
volume of ultra pure water was added after microwaving. When the agarose was cool, 1 
µL of ethidium bromide was added and the solution mixed by swirling. The gel solution 
was poured into a gel tray, any air bubbles were removed, a comb was put in place, and 
the gel was left to set at room temperature for 1 h. Once set, the comb was removed, and 
an electrophoresis tank (DNA Sub cell
TM
, Bio-Rad, Hemel Hempstead, UK) was filled 
with 1x TBE buffer plus 10 µL of ethidium bromide, and the gel tray containing the gel 
was submerged 2-5 mm below the TBE buffer line.  
 
The RNA samples were prepared by adding 1 µL of blue/orange 6X loading dye 
(Promega, Southampton, UK) to 5 µL of each RNA sample. The samples were loaded 
into the wells left by the comb, as was a 100 base pair (bp) ladder (Promega) used as a 
positive control. The gel was electrophoresed at a voltage of 120 V for 45 min (Consort 
E443 microcomputer electrophoresis power supply; Flowgen, Lichfield, UK). The gel 
was visualised under UV light and photographed (Uvi-tech gel documenting system; 
Jencons-PLS, Leighton Buzzard, UK). 
 
3.2.3.5. Reverse transcription of bullhead RNA 
 
Once RNA quality has been determined, to run RT-qPCR, the RNA needed to be 
reverse transcripted to complementary DNA (cDNA). In the first stage, a 
deoxyribonuclease (DNase) treatment was required to destroy any contaminating DNA, 
after which the DNase itself also needed to be destroyed. Genomic DNA in the RNA 
preparation may give a false positive result during RT-qPCR. For each reaction (in a 
PCR tube), 2 µg of RNA (as determined by the NanoDrop
®
) was added to 1µL of 
DNAse buffer (Promega) and made up to 9 µL with HPLC water (the amount of water 
depends on the concentration of RNA). To this, 1 µL of DNase enzyme (Promega) was 
added, making a final volume of 10 µL per reaction. This was then vortexed and briefly 
centrifuged at 13,000 RPM to mix, and then incubated in PCR 2720 Thermocycler 
(Applied Biosystems, California, USA) for 30 min at 37 °C. After this time, 1 µL of 
RQ1 Stop solution (Promega) was added to stop the DNase functioning and then 
vortexed and briefly centrifuged at 13,000 RPM again. This was then incubated in the 
thermocycler for 20 min at 72 °C for complete deactivation of the DNase. 
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The second stage of reverse transcription requires the selection of mRNA to synthesise 
the first strand of cDNA. This gives results as an mRNA: cDNA hybrid. To each 
reaction from the first stage, 1 µL of oligo-d(T) or random hexamers (5’-NNNNNN-3’; 
at a concentration of 10 pmol µL
-1
, MWG, Biotech) was added, vortexed, and then 
briefly centrifuged at 13,000 RPM. To melt the secondary structure within the template, 
each reaction was incubated in the thermocycler for 5 min at 65 °C, immediately after 
which each reaction was put on ice to prevent the secondary structure from reforming. 
Whilst on ice, 6 µL of HPLC water, 5 µL of 5x MMLV RT buffer (with 10 mM DTT 
incorporated), 1 µL dNTP (10 mM each of dATP, dCTP, dGTP, and dTTP; Invitrogen, 
UK) and 1 µL of Moloney Murine leukaemia virus (MMLV) enzyme were added to 
each tube. This was then vortexed and briefly centrifuged at 13,000 RPM before being 
incubated in the thermocycler for 15 min at room temperature, for 50 min at 42 °C, for 
10 min at 72 °C (which deactivates the reaction) and then chilled at 4 °C. This method 
yields 25 µL of cDNA solution for each tube, enough for approximately 25 PCRs. Each 
tube was then stored at -20 °C.  
 
3.2.4. Obtaining appropriate primers for amplifying the bh-VTG gene 
 
To obtain nucleotide sequences for publicly available sequenced genes for sequence 
alignment of the VTG gene, the GenBank
®
 online database was used (Benson et al., 
2005). The GenBank
®
 sequence database is an open access, annotated collection of all 
publicly available nucleotide sequences and their protein translations. GenBank
®
 is 
accessible through the NCBI retrieval system, ENTREZ, which integrates data from the 
major DNA and protein sequence databases. During the work described in this Chapter, 
sequence searching was conducted on both the ‘nucleotide’ and ‘protein’ subsection of 
the database through ENTREZ, using the BLAST program. 
 
3.2.4.1. Degenerate primer design and PCR 
 
The polymerase chain reaction (PCR) is a technique used to amplify a single or few 
copies of a piece of DNA across several orders of magnitude, generating millions or 
more copies of a particular DNA sequence. The method relies on thermal cycling, 
consisting of cycles of repeated heating and cooling of the reaction for DNA melting 
and enzymatic replication of the DNA. Primers (short DNA fragments) containing 
sequences complementary to the target region along with a DNA are key components to 
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enable selective and repeated amplification. As PCR progresses, the DNA generated is 
itself used as a template for replication, setting in motion a chain reaction in which the 
DNA template is exponentially amplified. Most PCR applications use a heat-stable 
DNA polymerase, such as Taq polymerase, an enzyme originally isolated from the 
bacterium Thermus aquaticus. This DNA polymerase enzymatically assembles a new 
DNA strand from nucleotides by using single-stranded DNA as a template and primers, 
required for initiation of DNA synthesis. The thermal cycling steps are necessary to 
physically separate the strands (initialisation) in a DNA double helix (denaturation) 
used as the template during DNA synthesis (annealing and elongation) by the DNA 
polymerase to selectively amplify the target DNA. After this, a final extension step 
ensures that any remaining single-stranded DNA is fully extended. The selectivity of 
PCR results from the use of primers that are complementary to the DNA region targeted 
for amplification under specific thermal cycling conditions.  
 
Degenerate primers (Table 3.1) had either been used in previous studies on different fish 
species, or were designed based on conserved sequences of 10 other fish species. The 
BLAST program was used for these homologous searches, and the sequences were 
aligned using the CLUSTAL W multiple sequence alignment program. All primer 
groups were used in all configurations during the PCR. All PCRs were conducted with 
an initialisation step at 95 °C for 10 min, followed by 30 cycles of 94 °C for 30 s 
(denaturation step), 40 °C for 30 s (annealing step) and 72 °C for 90 s (elongation step), 
and a final extension step at 72 °C for 7 min. The annealing temperature was varied, 
with 40 °C, 45 °C, 50 °C, 55 °C, and 60 °C all tested for use with all primers. 
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PRIMER NAME SEQUENCE REFERENCE 
ForwardBHVTFdegen1A 5'-AA(AG)CA(AGCT)TA(CT)GT(AGCT)TA(CT)AA(AG)TA(CT)GA(AG)GC(AGCT)-3' BLAST search 
ReverseBHVTGdegen1A 5'-(CT)TC(AG)TA(AGCT)AC(AG)TT(CT)TG(AGCT)TG(CT)TT(CT)TT(AGCT)AT(AG)TT-3' BLAST search 
ForwardBHVTFdegen2A 5'-CC(AGCT)AT(AGCT)AA(AG)TT(CT)GA(AG)TA(CT)GC(AGCT)-3' BLAST search 
ReverseBHVTGdegen2A 5'-(AGCT)GC(AG)TA(CT)TC(AG)AA(CT)TT(AGCT)AT(AGCT)-3' BLAST search 
ForwardBHVTFdegen3A 5'-AA(CT)AT(AGCT)AA(AG)CA(AGCT)CA(AG)AA(CT)GT(AGCT)TA(CT)GA(AG)-3' BLAST search 
ForwardBHVTFdegen1B 5'-GG(AGCT)AA(CT)GC(AGCT)GG(AGCT)CA(CT)CC(AGCT)GC(AGCT)-3' BLAST search 
ReverseBHVTGdegen1B 5'-(AGCT)GG(CT)TC(CT)TT(CT)TT(AGCT)GC(AGCT)AT(AG)TT-3' BLAST search 
ReverseBHVTGdegen2B 5'-(AGCT)GC(AGCT)GG(CT)TG(AGCT)CC(AGCT)CC(CT)TT(AGCT)-3' BLAST search 
   
SEBASTESVTGF1 5'-ACGGTGAAATCAGAGAGGAGTTCAGCAC-3' Jung et al (2005) 
SEBASTESVTGR1 5'-AAGGTCTGAGCAGCATCTTCGAGAAG-3' Jung et al (2005) 
   
EELVTGF1 5'-GCTGCAGTCTGGAGTTGCAATCC-3'  
EELVTGR1 5'-CCCTTTTTCAATGGCTGCTTCAGC-3'  
   
BHVTGF1 5'-CACGA(AG)GATGCTCC(AGCT)CT(AGCT)AA-3' Mikawa et al (2006) 
BHVTGR1 5'-CT(AGCT)GCAGGATG(AGCT)CCAGCATT-3' Mikawa et al (2006) 
BHVTGF2 5'-CTTGCAGCTGCCCTGGTATT-3' Mikawa et al (2006) 
BHVTGR2 5'-AGGAA(AGCT)GCAATTTCTTG(AT)CC-3' Mikawa et al (2006) 
BHVTGF3 5'-AT(CT)CAGGAGGCCCT(AGCT)TTGAA-3' Mikawa et al (2006) 
BHVTGR3 5'-AGACCAGGAG(AGCT)CAG(AGCT)ATCTTCTT-3' Mikawa et al (2006) 
BHVTGF4 5'-GACCACAAG(AG)(AGCT)CCAGGGATACCA-3' Mikawa et al (2006) 
BHVTGR4 5'-TGTCTGCTCAGCAGGATTCCATC-3' Mikawa et al (2006) 
BHVTGR5 5'-CA(AGCT)GTCT(GT)TCCT(CT)TCATCCAGTC-3' Mikawa et al (2006) 
   
BHRPL8F1 5'-ATCAGGGGACAGAGA(AG)AAGGTGC-3'  
BHRPL8R1 5'-GCCTTCAGGATGGG(AG0TTGTCAATACG-3'  
   
KILLIVTGF1 5'-AT(AGT)CA(AG)GG(AGT)CA(CT)AA(CT)G(AG)CTA(CT)AT(GC)TG-3' Greytak & Callard (2007) 
KILLIVTGR1 5'-AA(AGCT)CC(AT)GG(AGC)A(GCT)(CT)T(CT)TTT(GCT)GGCCAG(GCT)(CT)(AG)ATCAT-3' Greytak & Callard (2007) 
Table 3.1. Oligonucleotide primer sequences. Within each group, primers were used in all configurations. 
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3.2.5. Sampling wild fish from the Tamar catchment 
 
All fish collected were blood sampled (as Section 3.2.2.6), and were sacrificed, the 
brain destroyed, and their fork length (mm) and weight (g) recorded. To remove the 
gonads from the bullheads, a ventral incision was made from the anus to the gills and 
the viscera pushed to one side. The gonads were easily identifiable and located both 
sides of, and ventral to, the swim bladder and against the dorsal wall of the peritoneal 
cavity. They were carefully excised with forceps, and weighed before being fixed in 10 
times their volume of 10% neutral buffered formalin (Section 3.2.8.1). At the time of 
gonad removal, the liver was also removed. These were weighed, snap frozen in liquid 
nitrogen, and stored at -80 °C for future RNA extraction to determine VTG gene 
expression. 
 
3.2.6. Condition factor (K), Gonadosomatic index (GSI) and Hepatosomatic index 
(HSI) 
  
Condition factor (K) was used to compare growth conditions between fish from 
different sites in the Tamar catchment. A high K value (>1) reflects a good condition of 
the fish, while a K low value (<1) reflects poor condition. Gonadosomatic index (GSI) 
is used to estimate reproductive condition, and is generally indicative of stages of 
maturation. Hepatosomatic index (HSI) provides an indication on the metabolic load on 
an animal. In a poor environment, fish usually have a smaller liver (with less energy 
reserved in the liver). HSI has been reported to decrease in fish exposed to high 
concentrations of cadmium and zinc. K, HSI and GSI are not only responsive to 
temperature and food availability, they can also be affected by other factors, such as 
pollution. Condition factor (K) was calculated for each individual fish using the 
following formula derived according to Williams (2000): 
 
K =        Weight (g)      x 100 
 Length
3
 (mm)
 
 
 
Gonadal status was assessed using the gonadosomatic index (GSI), and was calculated 
for each fish using the formula, according to Liney et al. (2005), as follows: 
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GSI=      Gonad weight (g)       x 100 
       Total body weight (g) – gonad weight (g) 
 
Liver size was assessed using the hepatosomatic index (HSI), and was calculated for 
each fish using the following formula, adapted from Quinitio et al. (1989): 
 
HSI=        Liver weight (g)      x 100 
         Total body weight (g) – liver weight (g) 
 
 
3.2.7. Plasma concentrations of VTG in wild bullheads from the Tamar catchment 
 
VTG was measured using the bh-VTG ELISA (see Section 3.2.2.9.5). All bullhead 
VTG data in this thesis are given as ng bh-VTG mL
-1
. Male fish plasma normally 
contain little, if any, VTG, but the concentration of VTG in the plasma of females varies 
with the seasonal cycling of ovary growth. It is possible to distinguish between male 
and female bullheads if they are large enough (2+ years), although this can be quite 
difficult, but juvenile bullheads can prove very difficult to sex. Identification of the sex 
of juvenile fish and of the different stages of development in maturing females was 
ascertained from dissection and examination of the gonads, grossly and histologically, 
subsequent to blood sampling. Plasma samples were diluted appropriately to enable the 
concentrations to be accurately determined from the standard curve.  
 
3.2.8. Gonadal histology 
 
3.2.8.1. Fixation of bullhead gonads 
 
The fixation process preserves tissue structure by converting the semi-fluid consistency 
of cells to a semi-solid consistency. Fixation was achieved using 10 % neutral buffered 
formalin (37% formaldehyde 100 mL, sodium phosphate monobasic 4 g, sodium 
phosphate dibasic 6 g, distilled water 900 mL). Formalin penetrates the whole of the 
tissue and works by cross-linking proteins, meaning that tissue is not subject to normal 
protein breakdown and decay processes. Some shrinkage of tissues can occur due to 
formalin. Formalin firstly fixes the sodium pump proteins on the outer membrane of the 
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cell. As a consequence, sodium rushes in down the gradient from the extracellular fluid, 
and carries in water to maintain tonicity. Cells swell and fill the extracellular space to 
abut neighbouring cells, then proteins in the membranes are cross-linked between cells. 
When equilibrium is re-established, the cells shrink and pull their neighbours in with 
them. The shrinkage due to formalin is thus loss of extracellular space. Replacing 
sodium in the extracellular fluid, while maintaining tonicity, prevents shrinkage, and 
will give non-shrunken formalin fixed soft tissue.  
 
The gonads were removed from the fixative after four hours to prevent brittleness and 
excessive hardening, and were placed in 70 % industrial methylated spirits (IMS; 99%; 
Sigma) to remove excess fixative, and then stored at room temperature indefinitely. 
 
3.2.8.2. Wax impregnation, embedding and sectioning of gonad 
 
The stored bullhead gonads were removed from the 70 % IMS. As each gonad was so 
small, the whole gonad was placed in a labelled plastic tissue processing cassette 
(VWR, UK) and stored in 70 % IMS before wax impregnation. Impregnation of the 
tissue with wax was carried out using a Shandon Hypercenter XP autoembedder. The 
autoembedder ran an 18 hour cycle to dehydrate the tissue with increasing IMS 
concentrations; 70 % IMS, 90 % IMS, 95 % IMS, three washes of 100 % IMS, and one 
of 100 % EtOH. The gonad was then washed in three baths of Histoclear which is 
miscible in both IMS and paraffin wax and allows the wax to penetrate the tissue when 
it is washed twice in the wax bath (see Table 3.2). 
 
STEP SOLUTION IMMERSION TIME 
1 70 % IMS 1 h 
2 90 % IMS 1 h 20 m 
3 95 % IMS 1 h 20 m 
4 100 % IMS 1 h 20 m 
5 100 % IMS 1 h 20 m 
6 100 % IMS 1 h 20 m 
7 100 % EtOH 1 h 20 m 
8 Histoclear 1 h 35 m 
9 Histoclear 1 h 35 m 
10 Histoclear 1 h 35 m 
11 Paraffin wax 2 h 
12 Paraffin wax 2 h 
Table 3.2. Autoembedder processing times 
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Immediately after wax impregnation, the gonads were embedded in blocks of paraffin 
wax using metal embedding moulds and a wax dispenser (Electrothermal Engineering 
Ltd., UK), orientated correctly so that sectioning would provide a transverse cross-
section of the gonad. Each gonad was embedded in one paraffin block. Prior to 
sectioning, paraffin blocks were chilled on ice for 1 hour. This procedure hardened the 
wax and improved sectioning. Sectioning was carried out using a rotary microtome 
(Shandon AS 325 retraction rotary microtome; Shandon, Shandon Life Sciences Ltd.), 
with a fresh section of microtome blade (ThermoShandon MB35 premier microtome 
blades, 30°/80 mm; Shandon Life Sciences Ltd.) for each section to minimise tearing. 
Blocks were first trimmed such that the tissue was exposed and the area of excess wax 
to be sectioned was reduced. Sections were cut at 5 µm as a ribbon of sections and then 
floated onto the surface of a bath of 30 % IMS for up to 1 min to reduce static charge 
and folding, and then transferred to a water bath maintained at 45 °C to stretch the 
section, for up to 1 min. Each section was floated onto a clean slide; one slide contained 
between 10 and 15 sections from each gonad, and for each gonad four glass slides were 
prepared. This provided a representative sample of sections through the gonad. Slides 
were left overnight on a hotplate maintained at 40 °C to allow sections to adhere to the 
slides. 
 
3.2.8.3. Staining of histological sections 
 
To distinguish cell types and structures under the light microscope, sections were 
stained with haematoxylin (purple/blue; Thermoshandon, US), which binds to nuclear 
material, with an eosin counter stain (red; Thermoshandon, US), which binds to the 
cytoplasm. This stain is the most popular staining procedure used, its popularity based 
on its ability to demonstrate clearly many different tissue structures, its versatility, and 
its comparative simplicity of use (Bancroft & Stevens, 1982). Staining was carried out 
by hand using the protocol detailed in Table 3.3. In this protocol, the slides were first 
de-waxed using Histoclear. The sections were then taken through a series of decreasing 
concentrations of IMS to hydrate the tissue (haematoxylin is soluble in water and, 
therefore, requires the sections to be hydrophilic). The sections were then over-stained 
with haematoxylin before non-specifically bound haematoxylin was removed by 
washing with acid alcohol. Subsequently, the sections were counter-stained with eosin, 
before progressive dehydration through a series of increasing concentrations of IMS. 
Finally, the sections were cleared in Histoclear. Each slide was removed from the 
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Histoclear bath and two small drops of Histomount
TM
 histological mounting medium 
(National Diagnostics, Hull, UK) was applied to the slide, over which a cover slip was 
placed and lightly pressed into place. The mounted slide was left to dry overnight at 
room temperature. 
 
STEP SOLUTION IMMERSION TIME FUNCTION 
1 Histoclear 5 min Clearing agent to remove wax  
2 Histoclear 5 min and allow IMS penetration 
3 100 % IMS 2 min Rehydration to allow  
4 90 % IMS 2 min Haematoxylin, which  
5 80 % IMS 2 min functions in aqueous   
6 Tap water 2 min solution, to stain tissue 
7 Harris' Haematoxylin non-acidified  15 min Stains nuclear material 
8 Tap water 2 min Wash  
9 
Acid alcohol (0.5 % concentrated HCl in 
70 % IMS) 5 sec Resolves stain 
10 Tap water 30 sec Wash  
11 70 % IMS 30 sec Bluing agent - raises pH to  
   achieve purple colour 
12 Tap water 30 sec Wash  
13 Eosin Y aqueous  10 sec Counter stains cytoplasm red 
14 Tap water 30 sec Wash  
15 80 % IMS 30 sec  
16 90 % IMS 1 min  
17 95 % IMS 1 min Dehydration of tissue 
18 100 % IMS 2 min  
19 100 % EtOH 2 min  
20 Histoclear 2 min Allows mounting agent 
21 Histoclear 3 min (Histomount) to be applied 
Table 3.3. Haematoxylin-Eosin staining protocol used for wax-embedded sections.   
 
3.2.8.4. Analysis of histological sections 
 
Histological sections were analysed by light microscopy (Zeiss Axioskop 40 
microscope; Carl Zeiss Ltd, Germany) and digital images were obtained using an 
Olympus DP70 CCD camera (Olympus Optical, UK) coupled to Analysis 3.2 software 
(Soft Imaging System, GmbH, Germany). The testes of male fish were examined 
qualitatively for spermatogenic activity. The ovaries of females were analysed 
quantitatively for progression of oogenesis. All sections were examined on each of the 
four slides, and then three sections from each slide were randomly selected and the 
number of oocytes in each class counted. The three section counts were combined to 
give the proportion of each stage for each ovary. Using the same slides, one quadrant 
per slide was again chosen randomly and the diameters of each of the oocytes were 
measured using the Analysis 3.2 software. 
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3.2.9. Controlled caged exposure at two WwTWs in the Tamar catchment 
 
Controlled caged exposures on bullheads and rainbow trout were carried out during 
August and September 2010, at the St Leonards (STLW) and Lifton (LW) WwTWs 
effluent discharges and 100 m upstream of these discharges. St Leonards WwTWs 
discharges into the River Tamar and Lifton WwTWs discharges into the River Thrushel. 
 
3.2.9.1. Cages 
 
Cages were made of steel, with a mesh size of 2 cm, and were 1.5 m x 1 m x 0.5 m in 
size. Welded stainless steel chain to AISI 316 Standard, in four metre lengths, was used 
to attach each cage to the river bank and to hold the cage in position. The lid of each 
cage and each chain were held together using 280 mm long black nylon cable ties, and 
locked with an Asec 32 mm long shackle brass padlock. Inside each cage, a smaller 
cage was made using fine plastic mesh with a 2.5mm aperture (Trago Mills, Devon), 
and held in place using 100 mm and 280 mm long black nylon cable ties. These smaller 
cages held the bullheads. 
 
3.2.9.2. Fish 
 
Bullheads were collected by electrofishing (as Section 3.2.1.2) upstream of each 
effluent discharge. Bullheads could only be collected from the river where they were to 
be caged, due to restrictions under Section 30 of the Salmon and Freshwater Fisheries 
Act 1975. Forty bullheads were collected from each river, with 20 being placed in each 
of the smaller bullhead cages on that river.  
 
One hundred immature female rainbow trout O. mykiss (male trout need to be ordered 
and bred specifically over a year in advance) were sourced from Houghton Springs Fish 
Farm (Blandford Forum, Dorset). Trout measured between 190 and 250 mm in length, 
and weighed between 100 and 200 g. Fish were all the same age (approximately 9 
months) and were all triploid females. The trout were introduced into the river at these 
sites after authorisation from the EA, under the Salmon and Freshwater Fisheries Act 
1975, Section 30. All trout were blood sampled (as Section 3.2.2.6), and their lengths 
and weights taken prior to introduction to the rivers. Trout were carried to the sites in 
reverse osmosis filtrated mains water aerated with pure oxygen. Twenty trout were 
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placed in each cage (80 in total), with 20 being held at the laboratory as a control, in 
mains fed, reverse osmosis filtered water.  
 
Once the fish were in the cages, the cages were moved into position and fastened 
securely. Cages at the sites of the effluent discharge were placed directly into the 
effluent plume. Upstream cages were placed 100 m above the WwTWs discharge. Each 
cage was placed at a depth of at least 1 m. Fish were held in the cages for 21 days, with 
each cage checked for security every five days.  
 
3.2.9.3. Collection and sampling of fish 
 
After 21 days, the cages were retrieved and the fish removed. Fish were transported 
back to the laboratory in same site aerated river water. All fish were sampled at the 
laboratory within two to six hours after collection, as described in Section 3.2.4. The 
condition factor of both trout and bullheads was determined, as described in Section 
3.2.4.1.  
 
3.2.9.4. Collection of water and effluent samples during exposure 
 
At the start (day 0) and end (day 21) of the exposure, spot water and effluent samples 
were collected and the oestrogenic activity was measured according to the YES methods 
outlined in Chapter Two, Section 2.2.3. 
 
3.2.9.5. Plasma concentrations of VTG bullheads and in rainbow trout from the 
controlled caged exposure in the Tamar catchment 
 
Plasma VTG was measured in bullheads using the bh-VTG ELISA, as detailed in 
Section 3.2.8. Plasma VTG in the trout was measured using the rt-VTG ELISA. The rt-
VTG ELISA protocol is similar to that of the bh-VTG ELISA (see Section 3.2.2.9.5), 
although incubation times differ and is specific to rainbow trout. The last two incubation 
steps each require incubation for 120 minutes, rather than the 60 minutes that the bh-
VTG ELISA requires. Twenty of the original trout baseline blood samples were 
analysed for plasma concentration of VTG. All caged and control trout were analysed 
for VTG plasma concentrations. All rainbow trout VTG data in this thesis are given as 
ng rt-VTG mL
-1
.  
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3.2.10. Data analyses 
 
All statistical analyses were carried out using MINITAB
®
 Release 14. When needed, 
variables were log and Box-Cox transformed to ensure normality where possible, while 
percent data was arcsine transformed. Statistical significance was accepted at p<0.05 for 
all comparisons. For the purposes of statistical analysis, concentrations below the limit 
of detection were assigned a value of half of that detection limit. For all analyses 
between male and female bullheads and between sites, data was analysed by a general 
linear model (GLM), after appropriate transformation to normalise data that did not fit a 
normal distribution. Analyses of data from caged exposures was analysed by t-test, 
analysis of variance (ANOVA) and GLM. 
 
 
 
 
CHAPTER THREE 
 
195 
3.3. RESULTS 
 
3.3.1. Bh-VTG ELISA development  
 
3.3.1.1. Purification of bh-VTG  
 
Figure 3.3 shows the elution profile of a plasma sample taken from a male bullhead 
before exposure (A), and the VTG profile of a vitellogenic female bullhead (B). The 
fractions collected at the peak on graph (B) were used in the production of the 
polyclonal antibody. 
 
    
 
 
 
 
SDS-PAGE confirmed the molecular mass of bh-VTG, from two vitellogenic females, 
to be approximately 190 kDa (Figure 3.4B). The SDS-PAGE confirmed the molecular 
mass of VTG from oestrogen exposed rainbow trout (5 & 6) and an rt-VTG standard 
used in the rt-VTG ELISA (1 & 2), to be approximately 220 kDa.  
 
 
 
 
Figure 3.3. Vitellogenin elution profiles of bullhead plasma samples (absorbance 280 nm). Fractions 
measured by the FPLC machine were collected every 0.5 mL. (A) shows a baseline sample from a male 
bullhead. (B) shows the profile of a vitellogenic female. The peak on (B) corresponds to that of VTG 
(fractions 28-30). 
 A  B 
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The actual concentration of proteins (mg mL
-1
) in each fraction was measured at 280 nm 
using a spectrophotometer, called a NanoDrop
®
 (NanoDrop
®
 ND-1000 
Spectrophotometer; NanoDrop Technologies, Wilmington, USA). A 2 µL aliquot of 
each fraction was taken and read using the NanoDrop
®
, which gives an accurate 
measurement in mg mL
-1
. The NanoDrop
®
 measures the protein’s absorbance at 280 nm 
(A280) and calculates the concentration (mg mL
-1
). Using the NanoDrop
®
, VTG 
concentration was determined as 340,000 ng bh-VTG mL
-1
. 
 
3.3.1.2. Optimisation of the bh-VTG ELISA 
 
A maximal absorbance observed binding (B0) point value corresponding to an optical 
density of 1.51 was selected when optimizing the assay, as the plate reader gave linear 
responses up to this optical density. The titre of VTG for coating the wells and titre for 
specific antibody concentrations were determined by a two-dimensional titre. Primary 
antibody dilutions of 1:3,125, 1:6,250, 1:12,500, 1:25,000, 1:50,000, 1:100,000 and 
1:200,000 were performed on a 96 well plate. A secondary antibody conjugate dilution 
of 1:2,000 was chosen as this was the working titre used in the c-VTG and rt-VTG 
ELISA’s. For a primary antibody dilution of 1:6,250 and an absorbance of around 1.51, 
the corresponding plate coating of VTG was 300 ng mL
-1
 (Plate 3.2 and Figure 3.5), 
which was used subsequently in the routine assay. Time of incubation was also 
optimised for both the primary antibody and secondary antibody incubations, with 30 
min, 60 min, and 120 min being tested for each of the incubations. A time of 60 min 
Figure 3.4. SDS-PAGE of fractions confirming the purity of bullhead VTG. Gel (A) shows rt-VTG standard 
in lanes 1 & 2, unexposed trout  VTG in lanes 3 & 4, and exposed trout VTG in lanes 5 & 6. Gel (B) shows 
two vitellogenic female bullheads in lanes 7 & 8 and 9 & 10. 
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was chosen for both incubations and these timings were subsequently used in the 
routine assay. In addition, the assay was developed for use with small sample volumes 
because of the inherent problems of obtaining large blood samples even from mature 
bullheads. The protocol described in Section 3.2.2.4 and the concentrations of reagents 
used here were those that produced the most sensitive assay. 
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Figure 3.5. Determination of the optimal concentration of bullhead vitellogenin (bh-VTG) and primary 
antibody for development of the bh-VTG enzyme linked immunosorbant assay (ELISA). The conditions 
for the observed binding point (B0) in the routine ELISA are indicated by the dashed line (300 ng mL
-1
 bh-
VTG and the 1:6,250 primary antibody dilution).  
Plate 3.2. A coated plate showing the determination of the optimal concentration of bullhead 
vitellogenin (bh-VTG) and primary antibody for development of the bh-VTG enzyme linked 
immunosorbant assay (ELISA), before being read by the plate reader. This plate gave Figure 3.5. 
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3.3.1.3. Reproducibility and working range (sensitivity) 
 
The inter-assay variation (variation in binding of the bh-VTG standard between 
different assays) measured using the 80, 50, and 30 % effective dose of binding, were 
14.8 ± 4.6 %, 10.7 ± 3.9 %, and 15.7 ± 4.5 %, respectively, calculated using 10 standard 
curves. Thus, the reproducibility was consistent across the working range of the assay. 
The intra-assay variation (variation in binding of the bh-VTG standard within an assay 
conducted on different plates), measured using the 50 % effective dose of vitellogenic 
female plasma, at a dilution of 1:50,000, was 12.88 %. Using the standard curve (Figure 
3.6) the working range of the routine assay using the maximum binding (B/B0) at 80% 
and 30% was determined as between 10.5 ng bh-VTG mL
-1
 and 300 ng bh-VTG mL
-1
. 
The sensitivity of the bh-VTG ELISA could, therefore, be determined as 10.5 ng bh-
VTG mL
-1
 (Figure 3.6) 
 
3.3.1.4. Dilution curves of plasma containing bh-VTG 
 
Dilutions of plasma from maturing (vitellogenic) female bullheads showed parallelism 
with the standard curve over the working range of the assay. Little vitellogenin could be 
detected in the plasma of male bullheads (Figure 3.7). The male plasma was obtained 
from male fish held in the laboratory. To avoid any problems associated with the use of 
neat plasma, all plasma samples were diluted to at least 1:10 with assay buffer before 
use in the bh-VTG ELISA.  
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Figure 3.6. Standard curve for percent binding (%) against bh-VTG concentration (ng mL-1). 80 % binding 
= 10.5 ng bh-VTG mL-1, 30 % binding = 300 ng bh-VTG mL-1 – the working range of the bh-VTG ELISA, 
using optimised reagents and timings. 
Figure 3.7. Cross reaction of plasma from female and male bullheads Cottus gobio in the bh-VTG ELISA. 
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3.3.2. RNA extraction and degenerate primers 
 
Total RNA extracted from the liver of two female bullheads was of high quality, 
containing a total of 1.689 ng RNA µL
-1
 (Figure 3.8). The RNA extracted from these 
two bullheads was enough to run 2,000 PCRs. 
 
 
 
 
 
Unfortunately all degenerate primers used in this study did not work. Gene expression, 
therefore, cannot be reported on. Figure 3.9 shows an image of a gel using degenerate 
primers with no results. All other primers used gave similar results. It was decided not 
to carry on with this work due to the onset of the dipper breeding season, as well as the 
increasing cost. 
 
 
 
 
 
 
 
 
 
Figure 3.8. High quality RNA extracted from the liver of female bullheads. The two bands correspond to 
28S and 18S subunits.  
28S RNA 
 
18S RNA 
Figure 3.9. Example of gels run using degenerate primers.  
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3.3.3. Collection of wild bullheads 
 
At each site, we attempted to get a sample size of 20 fish, but unfortunately for sites 
HK, RM and GM the number of fish caught were 11, 16 and 10, respectively, due to 
low numbers of appropriately sized fish (over 50 mm). Appendix A shows data for 
number, length, weight, and sex ratio of the bullheads caught from sites throughout the 
Tamar catchment. Fish were only collected at one time point during this study due to 
difficulties with the development of the bh-VTG ELISA which was not completed until 
late in the project (see Section 3.4.1). 
 
 3.3.4. Analysis of wild bullheads: Condition factor (K), Gonadosomatic index 
(GSI) and Hepatosomatic index (HSI)  
 
In the Tamar catchment, wild male fish accounted for 44% of the overall sample from 
all sites, showing a reasonably balanced fish population in the catchment, with 
approximately the same numbers of male and female fish at each site. 
 
Most fish from most sites had a mean K value of >1, with an overall mean for all sites 
of 1.06 ± 0.03 SE, meaning that fish were in overall good condition throughout the 
Tamar. Mean condition factor ranged from 0.92 ± 0.03 SE to 1.27 ± 0.19 SE for male 
fish at all sites, and 0.93 ± 0.02 SE to 1.87 ± 0.17 SE for female fish. Overall mean 
condition factors for male and female fish were 1.09 ± 0.04 SE and 1.05 ± 0.03 SE, 
respectively. There was no statistically significant difference between the condition 
factor of male and female fish (GLM, P>0.05; Figure 3.10A). Males and females from 
site B20 proved to be statistically different (GLM, P<0.001), with a mean K value of 
0.92 ± 0.03 SE, from sites B2, B3, B6A, BMT, BMB, BMW, TM AND RM. Data were 
Box-Cox transformed to ensure normality.  
 
The mean GSI ranged from 0.29 ± 0.03 SE % to 1.36 ± 0.19 SE % for male fish at all 
sites, and 1.03 ± 0.15 SE % to 1.87 ± 0.17 SE % for female fish. Overall mean GSI was 
0.88 ± 0.13 SE % for male fish, and 1.489 ± 0.13 SE % for female fish. There was a 
statistically significant difference in the GSI between the sexes (GLM, P<0.01) at all 
sites except RM and GM. Male fish from sites BMT, BMB and BMW proved to be 
statistically different from all other sites, but not from each other (GLM, P<0.001; 
Figure 3.10B). As data were presented as percent, they were arcsine transformed. 
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Mean HSI ranged between 1.096 ± 0.12 SE % and 2.134 ± 0.15 SE % for male fish at 
all sites, and 1.473 ± 0.11 SE % to 2.995 ± 0.24 SE % for female fish. The overall mean 
for male fish was 1.263 ± 0.21 SE %, and 1.949 ± 0.29 SE % for female fish. There was 
a statistically significant difference in the HSI between the sexes (GLM, P<0.001) at all 
sites. Female fish from site B3 were significantly different from all other female fish 
(GLM, P<0.04; Figure 3.10C). As data were presented as percent, they were arcsine 
transformed.  
 
3.3.5. Analysis of wild bullheads: Plasma concentrations of VTG  
 
Male fish from sites throughout the Tamar catchment had a mean plasma VTG 
concentration of 487.97 ± 28.51 SE ng bh-VTG mL
-1
, and a range from below the limit 
of detection to 989 ng bh-VTG mL
-1
, suggesting that there was some VTG induction 
occurring in male bullheads in the Tamar. Female fish from all sites had a mean plasma 
VTG concentration of 253,445.45 ± 10,688.39 SE ng bh-VTG mL
-1
. Site B2 had the 
highest VTG concentration in females with a mean of 294,011 ± 26,824.47 SE ng bh-
VTG mL
-1
. These high levels of VTG reflect the gonadal status of the bullhead, with 
much plasma VTG circulating in the blood of female bullheads. For male fish sampled, 
site B3 had the highest mean concentration of bh-VTG at 688.33 ng bh-VTG mL
-1
. 
There was no significant difference in VTG concentration between males (GLM, 
P>0.05) or between females from different sites (GLM, P>0.05), but there was a 
significant difference between males and females (GLM, P<0.05). Figure 3.11 shows 
the overall mean bh-VTG concentrations of both male and female bullheads. Figure 
3.12 shows the concentration of bh-VTG in male and female fish for all sites. 
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Figure 3.10. Mean condition factor (K) of male and female bullheads at each site (A), mean GSI for male 
and female bullheads at all sites (B), and mean HSI for male and female bullheads at each site (C). * 
denotes sites that are significantly different from others (P<0.05).  
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3.3.6. Gonadal development and status of male and female bullheads 
 
All gonads dissected from the bullheads appeared macroscopically to be either male 
(i.e., testis) or female (i.e., ovary). Histological examination of the gonads also revealed 
that all fish were either male or female. Histological sections of a normal bullhead 
ovary, a normal bullhead testis, are shown in Plates 3.3 and 3.4. Bullheads in UK 
upland streams (rather than chalk streams) generally spawn between March and May. 
Figure 3.12. Mean bh-VTG concentration of male bullheads at all sites (closed bars), and mean bh-
VTG concentration in female bullheads at all sites (open bars) (Log scale). 
Figure 3.11. The total bh-VTG concentration for both male and female bullheads at all sites proved to 
be significantly different (P<0.001). Box and whisker plots show the 25% median and 75% confidence 
intervals in the shaded boxes. The whiskers represent 95 % and 5 % confidence intervals.  
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Bullheads in this study were collected in late September/early October. In the testes, 
germ cells of all stages (spermatogonia A, spermatogonia B, spermatocytes and 
spermatids) filled the seminal lobules, showing that they were in the stage of early 
recrudescence. The ovaries also contained all stages of germ cells, primary oocytes, 
cortical alveoli, secondary oocytes and vitellogenic oocytes. Based on this, female 
gonads were determined as being in the stage of early to mid recrudescence. 
 
3.3.6.1. Ovaries 
 
The bullhead ovaries were paired and appeared granular and black in colour due to a 
large number of melanocytes (Hann, 1927). No oogonia were visible in the female 
bullhead ovaries, but all fish had all other developmental stages (Plate 3.3). Plate 3.5 
shows ovary sections from bullheads at various sites on the Tamar’s tributaries. All 
were at similar stages of maturation. Maximum diameters of oocyte developmental 
stages were: 
 
Primary oocytes  = 230 µm 
Cortical alveoli  = 300 µm 
Secondary oocytes = 425 µm 
Vitellogenic oocytes = 700 µm 
 
In each ovary, primary oocytes were the most abundant (Figure 3.13). The proportion of 
primary oocytes were significantly higher than the proportion of cortical alveoli, 
secondary oocytes and vitellogenic oocytes (GLM, P<0.05), but there was no significant 
difference between sites when assessing the relative abundance of cell types in each 
ovary (GLM, P>0.05) 
 
3.3.6.2. Testes 
 
Maturing testes were paired and appeared grey/black in colour due to the large number 
of melanocytes distributed in the testicular capsule and intercellular spaces.  
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that is, the maturing germ cells in the seminal lobule were confined to the germinal 
cysts of the same spermatogenetic stages. As a seasonal spawner, it was assumed that, 
like C hangiongenesis (Quinitio et al., 1988), the testis underwent regular change in 
spermatogenetic activity and changes in GSI throughout the year.  
 
3.3.6.2.1. Spermatid masses 
 
One other observation that was made was the presence of dark masses within the lumen 
of the lobule (as noted in Plate 3.4), which occurred in all bullhead testes from all sites. 
To determine whether the masses were composed of DNA, sections were stained with 
Hoescht. This proved that all masses indeed contained large amounts of DNA/chromatin 
and therefore were classified as ‘spermatid masses’. Plate 3.6 shows bullhead testes 
from various sites throughout the Tamar catchment, all showing the same stage of 
maturation (early-recrudescence) and the spermatid masses they contain. 
 
3.3.6.3. Intersex  
 
No form of intersex was evident in any of the bullhead testes or ovaries analysed from 
any of the sites, as shown in Plates 3.5 and 3.6. 
Figure 3.13. Proportion of the developmental stages of oocytes in female bullheads from each site in the 
Tamar catchment, sampled during September and October 2007. 
CHAPTER THREE 
 
207 
 
 
 
 
 
  
 
 
 
 
 
SGA SGB 
SC 
  ST 
STM 
X 40 
X 10 
  PO 
 SO 
 CA 
VO 
Plate 3.3. Photomicrograph of a section of a typical bullhead ovary. PO = primary oocyte; CA = 
cortical alveolus; SO = secondary oocyte; VO = vitellogenic oocyte. 
Plate 3.4. Photomicrograph of a section of a typical bullhead testis lobule. Note the spermatid masses 
within the lumen of the lobule. SGA = spermatogonia A; SGB = spermatogonia B; SC = spermatocytes; ST 
= spermatid; STM = spermatid masses. 
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Plate 3.5. Photomicrograph of sections of bullhead ovaries from various sites within the Tamar 
catchment. PO = primary oocyte; CA = cortical alveolus; SO = secondary oocyte; VO = vitellogenic 
oocyte. 
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Plate 3.6. Photomicrograph of sections of bullhead testes from different sites throughout the Tamar 
catchment. Note the varying degrees of spermatid masses within the lumen of each of the lobules. 
SGA = spermatogonia A; SGB = spermatogonia B; SC = spermatocytes; ST = spermatid; STM = 
spermatid masses. 
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3.3.7. Caged exposure study: oestrogenic activity of water and effluent samples 
during caged exposure study 
 
Spot water samples collected at the start and end of the exposure from both upstream 
sites showed non-detectable levels of oestrogenic activity. The effluent samples 
collected at STLW and LW showed low levels of oestrogenic activity, at 7.6 ng E2 EQ 
L
-1
 and 3.7 ng E2 EQ L
-1
, respectively. River water samples showed non-detectable 
levels of oestrogen acitivty. 
 
3.3.8. Caged exposure study: fish 
 
Unfortunately during the 21 day controlled caged exposure, adverse weather conditions 
and torrential rain caused the death of many of the bullheads. Both rivers were almost 
continually in spate, rising by up to 2 m over the normal river level for approximately 
two weeks of the study. Although cages were checked every five days, river conditions 
were too dangerous to allow access to the cages. At the end of the exposure, it was 
found that two of cages had turned upside down, even though they were chained to the 
river bed and bank, and were extremely heavy. Of the 20 bullheads that were placed in 
the upstream cage at Lifton WwTWs, only 10 survived, while only eight survived in the 
cage placed at the in the effluent plume at Lifton WwTWs. Twelve bullheads survived 
from the cage placed in the effluent plume at St Leonards WwTWs, while only nine 
survived in the cage 100 m upstream. All of the trout placed in the cages survived, but 
three of the control trout died. Appendices B and C show data for number, length, 
weight, VTG concentration and K of the caged bullheads and caged trout respectively. 
 
3.3.8.1. Condition factor (K) in caged fish 
 
Of the surviving fish in the controlled caged exposure, male fish accounted for 87% of 
the overall sample. This does not give a representative sample of fish collected from the 
Tamar and Thrushel for this study, but male fish were the preferred sex for analysing 
VTG levels. Male bullheads are usually larger than female, which may have led to their 
better survival rate. 
  
Condition factor (K) was not measured in the bullheads prior to the 21 day exposure. 
All bullheads from all sites had a K value greater than 1, with an overall mean of 1.42 ± 
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0.04 SE, with a range of 1.15 to 1.77. There was no significant difference in K values of 
fish at both sites (GLM, >0.05), and no significant difference between males and 
females (GLM, >0.05). 
 
Condition factor was measured in all trout prior to the 21 day exposure. The mean K 
value before the exposure was 1.48 ± 0.03 SE, whereas after the exposure the mean K 
for all fish was 1.24 ± 0.12 SE, including the control. K of the trout was significantly 
less after the 21 day controlled exposure at all the river sites (t-test, <0.001). In the 
control fish, there was no significant difference after the 21 day exposure (t-test, >0.05). 
Data were Box-Cox transformed to ensure normality.  
 
3.3.8.2. Caged exposure study: Plasma concentrations of VTG in exposed fish 
 
Of the ten surviving bullheads held 100 m upstream of the Lifton WwTWs effluent 
discharge, six were male, with a mean plasma concentration of 376 ± 45 SE ng bh-VTG 
mL
-1
 (range 66 to 768 ng bh-VTG mL
-1
) compared with a mean plasma concentration of 
455 ± 52 SE ng bh-VTG mL
-1
 (range 126 to 880 ng bh-VTG mL
-1
) from eight male 
bullheads caged in the plume of the Lifton WwTWs effluent discharge. There was no 
significant difference (t-test, P>0.05) between plasma VTG concentrations from 
bullheads at the upstream site and the effluent discharge site at Lifton WwTWs.  
 
In the bullheads (all male) held 100 m upstream of the St Leonards WwTWs mean 
plasma VTG concentration was 342 ± 23 SE ng mL
-1
, and in the 11 male bullheads 
caged in the plume of the effluent discharge, 512 ± 38 SE ng bh-VTG mL
-1
, with a 
range of 145 to 934 ng bh-VTG mL
-1
) of that WwTWs, there was found to be no 
significant difference (t-test, P>0.05).  
 
There was no significant difference between plasma concentrations of VTG in male 
bullheads at all sites (ANOVA, >0.05). Plasma VTG levels in the female bullheads 
from all four cages ranged between 167,900 and 324,098 ng bh-VTG mL
-1
) at both 
sites, with a mean of 244,706.87 ± 13,212.91 SE ng bh-VTG mL
-1
. All data were Box-
Cox transformed to ensure normality. 
 
Trout sampled before the exposure commenced had a mean VTG plasma concentration 
of 56,901.65 ± 9,870.13 SE ng rt-VTG mL
-1
, ranging between 6,017 and 163,912 ng rt-
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VTG mL
-1
. Control trout after the 21 day exposure had a mean plasma concentration of 
846.82 ± 169.73 SE ng rt-VTG mL
-1
, ranging from 78 ng rt-VTG mL
-1
 to 2,307 ng rt-
VTG mL
-1
. 
 
Trout held 100 m upstream of the Lifton WwTWs effluent discharge had a mean plasma 
concentration of 284.9 ± 55.11 SE ng rt-VTG mL
-1
 (range 60 to 892 ng rt-VTG mL
-1
) 
compared with a mean plasma concentration of 338.25 ± 35.41 SE ng rt-VTG mL
-1
 
(range 140 to 641 ng rt-VTG mL
-1
) in trout caged in the plume of the Lifton WwTWs 
effluent discharge. There was no significant difference (t-test, P>0.05) between plasma 
VTG concentrations from trout at the upstream site and the effluent discharge site at 
Lifton WwTWs. When plasma VTG levels were analysed in trout held 100 m upstream 
of the St Leonards WwTWs (mean 355.4 ± 71.71 SE ng rt-VTG mL
-1
), and in the plume 
of the effluent discharge (mean 402.75 ± 88.90 SE ng rt-VTG mL
-1
) of that WwTWs 
there was found to be no significant difference (t-test, P>0.05). When all plasma 
concentrations of VTG in the trout were analysed it was found that all samples were 
significantly lower (ANOVA, <0.05) than plasma concentrations of VTG found in the 
control fish. Plasma VTG concentrations in all fish sampled after the 21 day exposure 
were significantly lower than the baseline samples (mean 56,901.65 ± 9,870.13 SE ng 
rt-VTG mL
-1
) taken before the exposure started (ANOVA, P<0.01). All data were log 
transformed to ensure normality. Figure 3.14 shows the mean plasma VTG levels of the 
baseline trout before the exposure after the 21 day exposure.  
 
  
 
 
 
 
Figure 3.14. Mean initial and final plasma vitellogenin levels in immature female rainbow trout exposed 
to effluents from both St Leonards and Lifton WwTWs (log scale). * indicates significant difference from 
the baseline levels. 
* 
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3.4. DISCUSSION 
 
The work in this chapter was conducted to determine whether male bullhead 
populations in the Tamar catchment showed any signs of sexual disruption, using VTG 
induction and altered gonadal development as biomarkers. To do this, a bullhead VTG 
ELISA was developed and validated, and subsequently used to quantify plasma 
concentrations in both male and female bullheads from sites throughout the Tamar 
catchment. An attempt was also made to develop a RT-qPCR assay to quantify bullhead 
VTG mRNA as a tool to measure exposure of bullheads to oestrogenic EDCs in the 
aquatic environment. Gonads were analysed histologically for intersex and other signs 
of altered sexual disruption 
  
3.4.1. Developing the Bh-VTG ELISA  
 
Initially, the bh-VTG ELISA proved difficult to develop. For the first two oestrogen 
exposures conducted in March and July 2005, gel filtration (size exclusion) 
chromatography (GFC) was used to attempt to separate bh-VTG from other plasma 
proteins based on methods by Tyler & Sumpter (1990b). Gel filtration (GF) separates 
molecules according to size and is a mild technique whereby no binding and 
precipitation of proteins occur. To perform separation, spherical particles of GF medium 
are packed into a column, forming a porous matrix to which samples are applied. Larger 
molecules are unable to diffuse through the matrix pores and so pass through the 
column relatively quickly, therefore they are eluted first. The smaller the particles that 
are applied to the column, the further they move into the matrix, and consequently stay 
longer on the column, but a large amount of sample is required (at least 100 µL). The 
bullhead plasma samples were between 20 and 50 µL and this proved to be too small a 
sample for purification of the bh-VTG by GF. Consequently, purification by fast protein 
liquid chromatography (FPLC) was selected. Unfortunately, after working on the FPLC 
for six months with no consistent results, a fault in the apparatus was discovered and so 
another FPLC machine was sourced. Using the new FPLC system, the VTG protein 
(tentatively identified as bh-VTG) was purified, and SDS-PAGE confirmed that the 
molecular mass of the purified protein was approximately 190 kDa, similar to that for 
the VTG monomer in other fish species (e.g. O. mykiss, as determined by Brion et al. 
(2000; 240 kDa) and Fremont & Riazi (1988; 170 kDa). The molecular mass of bh-
VTG is also within range described for VTG in other fish species, including the 
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zebrafish D. rario at 172 kDa (Fenske et al., 2001), the striped bass Morone saxatilis at 
170 kDa (Kishida et al., 1992), the sea bream Sparus auratus at 180 kDa (Mosconi et 
al., 1998), and the gag grouper Mycteroperca microlepis (Heppell & Sullivan, 1999).  
 
Once the bullhead plasma had been purified, it was sent away to Aberdeen Proteomics 
for the N-terminal sequencing of 20 amino acids. This also proved to be difficult. On 
first analysis using a matrix-assisted laser desorption/ionisation time-of-flight mass 
spectrometry (MALDI-TOF MS), no signal was detected, which was either the result of 
low protein concentration or that the level of salts present may have affected the 
ionisation. It was decided, therefore, to desalt the sample with a C8 zip tip, which 
produced a very small signal from the MALDI-TOF (around 14 kDa) but this was still 
not sufficient for any conclusions to be drawn. From here it was decided to go for a 
ProSorb cartridge for Edman Sequencing but this column approach also proved to be 
unsuccessful. It was then decided to drop the N-terminal sequencing approach and try to 
obtain internal fragments of the bh-VTG molecule using a trypsic digest. At first this 
appeared successful using a small amount of material, but when a larger amount was 
used with High Performance Liquid Chromatography (HPLC) to separate the fractions, 
this too was unsuccessful. At this point, given the limited amount of time remaining it 
was decided to try and raise the bh-VTG antibody (Section 3.2.2.8) without confirming 
whether the purified sample was in fact bh-VTG from sequence analysis.   
 
Collection of bullheads was delayed due to this difficulty with the purification and 
ELISA development. If it had been possible to develop the ELISA at an earlier time, 
bullheads would have ideally been collected each year to measure levels of plasma VTG 
in wild populations. Obtaining the permission required to do so from the EA however 
would have been difficult. A request to the EA for collecting bullheads in both late 2004 
and at the same site in early 2007 (Clyst Honiton) was not met favourably, although 
permission was finally granted. This reluctance was due to worries over taking large 
males from the same population already sampled. Because bullheads were collected 
only once at the selected sites, this meant that it was not possible to study seasonal and 
annual variations of the bullheads reproductive cycle.  
 
Once the antibody had been raised, and the bh-VTG ELISA developed, it provided a 
sensitive and specific measurement technique for assessing VTG concentrations in 
CHAPTER THREE 
 
215 
plasma of bullheads and may thus be used to monitor not only the reproductive stage of 
female fish, but also exposure to environmental oestrogens in male fish.   
 
3.4.2. Bh-VTG ELISA validation 
 
The bh-VTG ELISA, with a detection range of 10.5 ng mL
-1
 to 300 ng mL
-1
 (80 % to 30 
% B/B0), compares favourably with the rainbow trout VTG (rt-VTG) ELISA (detection 
limit 9 ng mL
-1
; Tyler et al., 2002), but slightly less favourably than the carp VTG (c-
VTG) ELISA, which had a detection limit of 1 ng mL
-1
 (Tyler et al., 1999). To further 
sensitise the bh-VTG ELISA, lower concentrations of both the primary antibody (PAb) 
and plate coating of bh-VTG could be used, although the PAb dilution in this ELISA 
was already at a dilution of 1:6,250.  
 
The bh-VTG ELISA is highly reproducible and the inter- and intra-assay variations also 
compare favourably with other VTG ELISA’s (Tyler et al., 1999; Tyler et al., 2002; 
Hennies et al., 2003; Sun et al., 2003; Tatarazako et al., 2004 – between 2 and 7 %).  
 
Dilutions of plasma from vitellogenic female bullheads diluted parallel with the 
standard curve over the working range (10.5 ng mL
-1
 to 150 ng mL
-1
; 80 - 30 % B/B0) 
for the bh-VTG ELISA. Plasma had an inhibitory effect on binding, as it does in all 
other established ELISA’s, so plasma samples had to undergo a 1:10 dilution with 
blocking buffer before analysis in the bh-VTG ELISA.  
 
When baseline trout plasma samples were run on the bh-VTG ELISA, rt-VTG was non-
detectable, showing that rainbow trout VTG does not cross react with the bullhead 
antibody. This confirmed that, during this study, the bh-VTG ELISA was specific to the 
bullhead VTG antibody, although it is yet to be tested against other species. 
 
3.4.3. Development of a VTG mRNA RT-qPCR assay 
 
To examine the possibility that chronic exposure, albeit very low, of the bullhead to 
oestrogenic EDCs impacts on the mechanisms of regulating hepatic expression of the 
bh-VTG gene, it was hoped that the gene could be cloned and sequenced. RT-qPCR 
could then be applied to quantify mRNA levels in male bullhead livers. Unfortunately 
the degenerate primers used in the first step of this process did not work, so RT-qPCR 
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was abandoned. In other studies where degenerate primers, sequencing and cloning 
have been successful (Greytak & Callard, 2007; Wang & Lou, 2006; Jung et al., 2005; 
Mikawa et al., 2006; Filby et al., 2005) some have been used to examine the effects of 
EDCs on male fish in the aquatic environment, including PCB 153, E2, EE2 and NP, as 
well as using expression to determine the reproductive status in females. Hepatic 
expression of VTG transcripts can be utilised to evaluate fish exposure to oestrogenic 
EDCs and can potentially offer greater sensitivity than measurements of the VTG 
protein via ELISA. Differences between these two techniques were evaluated by 
Hiramatsu et al. (2006) when examining the pattern of induction of circulating VTG and 
hepatic VTG mRNA in the cutthroat trout Oncorhynchus clarkii. After a single injection 
of 1 mg E2 kg
-1
 body weight, VTG mRNA was detected after 12 hours post-injection, 
whereas the circulating VTG protein was only detectable after 24 hours. Circulating 
VTG, however, is detectable for longer periods after exposure, while VTG mRNA has a 
shorter turnover time (Hiramatsu et al., 2006). Therefore, both techniques should be 
used when needing to distinguish between recent or relatively recent exposures of wild 
fish populations to EDCs. 
 
3.4.4. Analysis of wild bullheads: Plasma concentrations of VTG  
 
Having developed, optimised and validated the bh-VTG ELISA, it was subsequently 
used to quantify plasma VTG concentrations in wild bullhead populations from the 
Rivers Inny, Lew, Lyd, Thrushel and Wolf in the Tamar catchment, and bullheads from 
the controlled caged exposure at the St Leonards and Lifton effluent discharge. Analysis 
of effluent and river water samples from the Tamar catchment carried out in Chapter 
Two determined that while some effluents were highly oestrogenic (>50 ng L
-1 
at St 
Leonards), at the study sampling sites (>2 km downstream from any effluent discharge) 
dilution ratios were such that as the effluent from each WwTWs discharged into the 
river, it was diluted by a factor of over 1:400 (see Section 2.2.1.2, Chapter 2), reducing 
the oestrogenic activity to between non-detectable and 1 ng E2 EQs L
-1
 at almost all 
sites.  
 
The fact that there was very little sign of any VTG induction in the wild male bullheads 
sampled may be due to the sampling of populations from a distance greater than 2 km 
downstream of any significant effluent input, and as noted previously, the effluent at 
this point is highly diluted. Wild bullhead populations were not sampled from sites 
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close to WwTWs effluent discharges, and so, by the time effluents had reached where 
the bullhead population was sampled, dilution had greatly reduced the oestrogenicity of 
the river water. Wild populations throughout the Tamar contained plasma VTG levels 
from non-detectable to 990 ng bh-VTG mL
-1
. It was difficult to conclude whether these 
higher levels were evidence of VTG induction in male bullheads, as baseline VTG 
levels are not known for this species.  
 
Baseline levels of VTG in male fish derived from the wild vary. In some fish species, 
such as in the greenback flounder, normal plasma VTG levels were approximately 10 ng 
mL
-1
, and concentrations between 100 and 200 ng mL
-1
 were viewed as VTG induction 
(Sun et al., 2003). Low plasma VTG concentrations in male fish are also found in 
different Cyprinid species; normal plasma VTG concentrations in male gudgeon Gobio 
gobio are reported to be <20 ng mL
-1
 (van Aerle et al., 2001) and the roach have base 
levels of plasma VTG of up to 10 ng mL
-1 
(Lange et al., 2009). But other studies have 
determined VTG induction as >1 µg L
-1
. Bjerregaard et al. (2008) reported that plasma 
vitellogenin concentration in first year control brown trout reared in re-circulated 
groundwater were between 165 ng mL
-1
 and 783 ng mL
-1
 (similar to levels in the 
bullhead in this study); and that trout with plasma vitellogenin concentrations above 1 
µg mL
-1
 have had their vitellogenin synthesis induced by exposure to oestrogens in the 
environment. This was in agreement with a study by Vermeirssen et al. (2005) who also 
determined that VTG induction had occurred when plasma VTG concentrations were >1 
µg mL
-1
. These differences in baseline VTG levels demonstrate the importance of 
determining normal plasma VTG levels in fish from pristine environments, as well as 
determining plasma VTG levels in fish exposed to oestrogenic activity.  
  
Bullhead territories are usually small, with little migration between populations 
(Tomlinson & Perrow, 2003), so the results determined in this chapter for plasma VTG 
concentrations and lack of gonadal disruption are likely to be a good representation of 
the vast majority of bullhead populations in the Tamar catchment. Migration can be an 
important factor when measuring VTG induction in wild populations of other fish 
species, as demonstrated by Vermeirssen et al. (2005). These authors analysed 
populations of brown trout 200 m downstream of WwTWs effluent discharges in Swiss 
rivers. Very little VTG induction had occurred (plasma VTG concentrations were <1 µg 
mL
-1
), and it was theorised that this lack of induction could have been a result of 
unexposed migrant fish from upstream of the WwTWs discharge being caught and 
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sampled instead of resident fish. This would, therefore, have led to reduced mean VTG 
values and increased variability in the reported data.   
 
3.4.5. Analysis of wild bullheads: GSI, HSI, and gonads, 
 
Both male and female bullheads, collected from each site in late September/early 
October 2007, were in early-recrudescence. At this time of year, GSI was expected to be 
quite low (Quinitio et al., 1989). Just before the onset of spawning in April, GSI tends 
to reach its peak (Quinitio et al., 1989), and at this time of year, GSI has been recorded 
as high as 28 % in female bullheads from the River Axe, UK (Sawle et al., 2003). In 
female bullheads sampled at all sites, GSI ranged from 1.03 to 1.87 %. In line with this 
was the GSI of male fish, ranging from 0.29 to 1.36 %. Male bullheads at sites BMW, 
BMB and BMT had significantly lower GSI values than males from other sites (0.74 %, 
0.57 %, and 0.44 %, respectively). These sites are all on the same river, the River Inny, 
and there is a very small WwTWs effluent discharge (PE = 437), between sites BMB 
and BMT (site BMW is upstream of both of these sites). Upstream of site BMW is site 
TM; male bullheads from this site had a mean GSI of 0.87 % similar to sites on the 
River Lyd. Between sites TM and BMW there are no authorised discharges into the 
river, so it must be assumed that male bullheads from sites BMT, BMB and BMW are 
slightly less mature than bullheads in other parts of the catchment, although there is no 
significant difference between length and weight. 
 
HSI values in female bullheads were higher than in male fish, with values ranging from 
1.47 to 2.99 % and 1.09 and 2.13 %, respectively. HSI in Tamar bullheads, especially 
the females, were reasonably high for the time of year they were collected and 
significantly higher at site B3 than other sites. This would suggest that bullheads in the 
Tamar and its tributaries are healthy with high energy reserves, and confirmed at most 
sites by a condition factor value of >1. VTG plasma concentrations also peak just before 
spawning (Quinitio et al., 1989), coinciding with the increase in HSI, indicating that 
vitellogenesis could be the reason that HSI increases in female bullheads (Quinitio et 
al., 1989). But it should also be noted that increases in HSI are commonly seen in fish 
that have been chronically exposed to contaminants (Poels et al., 1980; Everaarts et al., 
1993). An increase in the HSI may be due to hyperplasia (increased cell number) and/or 
hypertrophy (increased cell size), and may be associated with the capacity to metabolise 
xenobiotics. Therefore, an increase in liver mass may be an adaptation to the presence 
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of pollution. However, decreases in HSI values may also occur if a fish is under stress 
due to pollution (Lee et al., 1988), presumably occurring when chronic stress imposes 
an energy drain on the fish and is often correlated with a loss of energy stores as liver 
glycogen. The cause of a decrease in liver mass can, therefore, be due to depressed 
feeding, and not necessarily an effect of any contaminant. Thus, if exposure is short-
term, then the HSI may decrease if food is scarce, but if exposure is long-term and 
feeding is normal, then an increased HSI may be the expected response. Although 
bullhead gonads had not previously been characterised, and the spermatid masses 
proved an interesting discovery, the main aim of the histopathology was to determine 
whether intersex or other signs of gonadal disruption were evident within the bullheads 
testes from populations found at different sites in the Tamar catchment. With such low 
levels of oestrogen activity (<1 ng E2 EQ’s L
-1
) within Tamar river water, this seemed 
unlikely, and histological analysis proved this to be the case as there were no signs of 
any intersex in any of the gonads of the fish sampled.  
 
Ovaries, on analysis, were found to be maturing, with ovaries showing primary oocytes, 
cortical alveoli, secondary oocytes, and vitellogenic oocytes, though no oogonia were in 
evidence. Testes were also maturing; as bullhead testes mature, they become a light 
greyish colour, caused by the dispersion of melanocytes when the testes enlarge, and 
also by a larger proportion of white milt (Quinitio et al., 1988). Spermatogonia A, 
spermatogonia B, spermatocytes and spermatids were all in evidence. It was also noted, 
within the lumen of the lobule, the presence of spermatid masses alongside normal 
spermatids. These masses, as reported by Hann (1927; 1930) and Quinitio et al. (1988; 
1992), were evident in other fish from the family Cottidae. Though never before 
reported in the bullhead C. gobio, they were found (in this study) in all male fish from 
all sites. Hann (1927) considered the masses to be derived from the fusion of 
spermatids, becoming aberrant during the course of spermatogenesis. Quinitio et al. 
(1988) determined that the aberrant spermatids became binuclear, gradually increasing 
in size due to enlargement of the paired nuclei, rather than fusion of smaller spermatid 
or spermatid nuclei.  
 
Further studies on these masses were carried out on many other Cottidae species (Hann, 
1930). Other teleost species were also studied, but masses have only ever been found in 
the Cottidae family, in both freshwater and marine spp, and from as far afield as 
Norway, China, Japan, the USA, and with this study, they have now been found in the 
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only UK species of freshwater Cottidae. In 1930, Hann found masses in seven species 
and sub-species of the genus Cottus and three other genera from the Cottidae family to 
varying levels, but did not include C. gobio in his study. In C. bairdii however, they 
were not found in all fish from all locations. Differences in the presence of spermatid 
masses in C. bairdii, put forward by Hann (1930), included racial character within 
species, or an external factor, such as temperature, as the masses appeared in fish 
toward the southern extent of their range. Racial character was ruled out as the masses 
were found in different species and genera. Temperature was also ruled out after 
analysis of where fish were collected from, i.e. in water bodies of different 
temperatures, including a lake that was frozen over for half the year. However, Quinitio 
et al. (1988) suggested that it could be a possible lowering of the temperature that might 
trigger the masses to form. In terms of milt, the masses were found not to hamper 
discharge. Hann, in 1927, noted that a large number of masses were contained in the 
fresh milt of C. bairdii, while the milt of C. hangiongenesis contained relatively few 
(Quinitio et al., 1988). Fresh milt was collected from bullheads by Lahnsteiner et al. 
(1997) to study sperm morphology and motility, but nowhere was it noted that 
spermatid masses were evident. 
 
One of the effects of endocrine disruption caused by WwTWs effluents is delayed 
spermatogenesis, with germinal tissue consisting mainly of spermatogonia instead of 
spermatocytes (Kidd et al., 2007). All bullhead testes examined from sites on the Tamar 
showed all four stages of maturation, including large numbers of spermatocytes (as 
shown in plate 3.3.4), normal for the time of year they were collected, according to 
Quinitio et al. (1988). Bullheads fit the model of early-recrudescence well, as described 
by Quinitio et al. (1988), which defines early recrudescence as having a GSI of between 
0.26 and 1.36 %, and germ cells of all stages filling the seminal lobules. This was 
further evidence that bullheads are not adversely affected by any low level exposure to 
oestrogens in the Tamar catchment. 
 
The Tamar is a rural catchment, with the majority of land given over to farming cattle 
and sheep. Although oestrogen activity was particularly low in the rivers, another source 
of EDCs to the aquatic environment, other than effluent discharge from WwTWs and 
industry, is run-off from agricultural operations, particularly those that fertilise with 
animal manure (Nicholls et al., 1997). Orlando et al. (2004) sampled indigenous 
populations of fathead minnow living upstream and downstream of a cattle grazing site 
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and a high density feedlot. Fish were found to have an increased GSI and decreased 
testicular testosterone synthesis in males, whereas females showed a decreased 
oestrogen to androgen ratio. But, reproductive stages of gonads in both sexes were not 
affected, nor were any intersex evident of the gonads in exposed fish. The impact on 
reproduction, therefore, was unclear. To determine whether any endocrine effects 
caused by animal manure on bullhead populations in the catchment exist, sampling 
oestrogenic activity in the water and sampling bullhead populations close to known feed 
stations close to the river, may give some insight into how important this kind of input 
is in the Tamar catchment. One of the schemes introduced in the Tamar catchment to 
reduce run-off into rivers are phosphate buffer zones, and, although aimed at reducing 
phosphates reaching the aquatic environment, the zones will also help to reduce the 
level of EDCs from animal manure and cattle grazing sites reaching the rivers.  
 
3.4.6. Analysis of caged bullheads and trout: Plasma concentrations of VTG  
 
Because it was not known from sampling the wild populations of bullheads whether 
VTG induction had occurred (plasma VTG levels reached levels in some fish at 990 ng 
bh-VTG mL
-1
), and baseline levels were not known, a controlled caged exposure was 
necessary to assess the relative levels of oestrogenicity in two key WwTWs effluent 
discharges and to determine the response sensitivity of the bullheads to those effluents. 
 
The controlled exposure of bullheads to the effluent discharge plume of two WwTWs 
was carried out in combination with an exposure of rainbow trout. Different species of 
fish vary in their responsiveness to oestrogenic effluents, and rainbow trout have long 
been known to be susceptible to VTG induction when in the presence of oestrogenically 
active water/effluent (Tyler et al., 2005). Plasma VTG levels in the male bullheads from 
the caged exposure were within a similar range (126 to 934 ng bh-VTG mL
-1
) to that of 
the wild populations throughout the Tamar, while the range of plasma VTG 
concentrations in the trout was between 60 and 892 ng rt-VTG mL
-1
. Rainbow trout are 
normally known to respond to the level of oestrogen activity found in the St Leonards 
and Lifton WwTWs at the time of the controlled exposure. Effluent from St Leonards 
WwTWs had a two-fold higher oestrogenic activity (7.6 ng E2 EQ L
-1
) than that of 
Lifton WwTWs (3.7 ng E2 EQ L
-1
) at the time of the exposure. According to Tyler et 
al., (2005), this is enough to induce a four- to 18-fold induction in male and female 
rainbow trout, respectively, where the oestrogenic activity of one WwTWs effluent 
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discharge was between 4.1 and 6.8 ng E2 EQ L
-1
. In this study, there was no VTG 
induction in the caged trout. This may have been a result of the chemical composition of 
the effluent. Routledge et al. (1994) reported that 10 ng L
-1
 of E2 was the threshold 
concentration for induction of the vitellogenin response in male rainbow trout, whereas 
0.1 ng L
-1
 of EE2 is sufficient to cause a significant increase in the concentration of 
plasma VTG after a relatively brief exposure. The nature of the chemicals giving rise to 
oestrogenic activity in the effluents is a significant factor when trying to predict the 
effect of an estrogenic effluent on fish populations (Tarrant et al., 2008). For example, 
when measured oestrogenic activity using the YES screen, EE2 and E2 are equipotent, 
although in terms of a VTG response, EE2 is an order of magnitude more potent than E2 
(Metcalfe et al., 2001; Thorpe et al., 2003). The increased potency of EE2 in vivo is 
dependent on the 17-ethinyl functional groups, which increases the persistence of EE2 in 
organisms by reducing its rate of metabolism. Other fish species have different 
thresholds to VTG induction; in a study by Nagae et al. (2010), oestrogenic activity 
measuring 1.67 ng E2 EQ L
-1
 (E2 = 1.4 ng L
-1
)
 
in the Nagayo River estuary, caused the 
induction of VTG in 10 % of fish sampled, whereas in the estuary of the Ohmuta River, 
oestrogen activity measured 4.6 ng E2 EQ L
-1
, with E2 accounting for 4.1 ng L
-1
 of this, 
and caused the induction of VTG in 88 % of fish sampled. With reference to those 
levels of oestrogenic activity, it would seem likely that there would be VTG induction 
in the rainbow trout, although this was not the case. 
 
In conjunction with data from the rainbow trout, it can be deduced that no VTG 
induction had occurred in any of the fish exposed to the WwTWs effluents. Plasma 
VTG levels in fish from all sites were significantly lower than the baseline samples 
taken at the start of the exposure. Baseline VTG samples may have been artificially high 
due to the fish’s diet while at the fish farm, prior to exposure. Matsumoto et al. (2004) 
examined commercial fish feed and detected oestrogenic activity in all of the feed 
tested. They concluded that there was a possibility that oestrogenic compounds in 
commercial feed could affect the results of assays detecting VTG production in fish. 
The trout in this study were obtained from a fish farm and as such would have been fed 
a commercial feed, almost certainly causing these high baseline VTG levels. 
  
The rainbow trout used were immature females, with a mean plasma VTG baseline level 
of 56,901 ng rt-VTG mL
-1
. The immaturity of the fish and the huge variation of baseline 
plasma VTG concentrations between individuals (6,017 to 163,912 ng rt-VTG mL
-1
) 
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may be the reason for this. When base-levels of VTG are this high and variation this 
wide, a much higher level of oestrogenic activity (than that measured in the effluent at 
the two sites) would be required to produce a noticeable increase in plasma VTG levels. 
Under normal circumstances, when baseline levels are close to zero and male fish are 
used, oestrogen activity at the levels found in the Tamar effluents is enough to cause 
VTG induction. Bullheads may not have responded to the oestrogenic activity in these 
effluents due to a lower sensitivity to oestrogens than the trout, or due to stress 
associated with the caged exposure. Another factor worth considering is a possible 
inability of the bullheads to feed during the exposure. Bullheads, as demersal feeders, 
are usually found within shallow water riffles. The cages were placed in water at a depth 
of over 1 m, which rose to over 2 m when the rivers flooded. This may have meant that 
feeding during this time was difficult. It is also likely that there were large variations in 
the basal levels of plasma VTG in the male bullhead (between non-detectable and 990 
ng bh-VTG mL
-1
 in this study), which as previously discussed can lead to a difficulty in 
VTG induction. 
 
The bh-VTG ELISA proved a useful tool in the determination of plasma VTG levels in 
both male and female fish. Exposing the bullheads to E2 and EE2 did not appear to 
induce VTG in the male bullhead in the laboratory. This may have been because they 
are not especially responsive to E2 or EE2, or the laboratory maintenance may have 
stressed the fish, or possibly a combination of both. Therefore, to develop the bh-VTG 
ELISA, the plasma from female vitellogenic bullheads was used. The lack of a 
measurable response in the exposed males may be due to the method of purification 
used, i.e. GFC, or a lack of sensitivity to oestrogens at the ER.  
 
This lack of sensitivity and the difference between sensitivity to oestrogens in different 
species has been demonstrated in marine fish including the Atlantic cod Gadus morhua, 
the Atlantic salmon Salmo salar, and the goldsinny wrasse Ctenolabrus rupestris 
(Hylland & Haux, 1997). Of these three fish species, the cod and salmon responded to 
oestrogen treatment in the fashion observed for other fish species, for example, the 
rainbow trout and carp (Jobling et al., 1993; Gimeno et al., 1996). In both the cod and 
salmon, there were obvious increases in plasma VTG following injection of either E2 or 
4-NP. In the third species, the goldsinny wrasse, an injection of 4-NP appeared to 
decrease plasma VTG levels, possibly acting as an anti-oestrogen, and when injected 
with E2, two individual male wrasse responded with increased plasma VTG 
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concentrations, but in the other three individuals there was no change. The differences 
observed in male wrasse to the E2 injection were either due to individual differences in 
ER level or an injection artefact (Hylland & Haux, 1997). Knowing that differences in 
sensitivities to oestrogens at the ER exist between different fish species, it is possible 
that bullheads are not especially responsive to oestrogens and may in part account for 
the lack of response in the wild populations and caged bullheads.  
 
Because of the lack of, or low levels of, oestrogenic activity in the catchment surface 
waters and the water quality data based on the kick sampling of macroinvertebrates as 
discussed in Section 2.4.7, Chapter Two, it can be reasonably assumed that the sites 
throughout the Tamar in which bullheads were sampled can be characterised as ‘very 
good quality’, with no, or very low levels of, oestrogen activity, leading to a lack of any 
responsive indicators of exposure in the bullheads. 
 
3.4.7. Conclusion 
 
There was no evidence for endocrine disruption in wild populations of bullheads 
throughout the Tamar catchment, as discerned by measurement of plasma VTG and 
gonadal histopathology, although sample numbers were limited. Controlled exposures 
of bullheads to a WwTWs effluent that was oestrogenic (albeit relatively weakly so) 
found no responses in plasma VTG in bullheads suggesting a lack of sensitivity for 
VTG induction. This was supported by the inability to induce VTG in fish held in the 
laboratory when treated with steroidal oestrogens. However, for the effluent exposures 
it was also found that rainbow trout showed no significant induction of VTG, a species 
normally sensitive to oestrogens. These findings may indicate that the fish were highly 
stressed due to the river being in spate and the movement of the cages during the 
controlled exposures. It is also the case, however, that the use of immature female 
triploid fish with a highly variable baseline plasma VTG concentration may prevent any 
detection of a response, as previously discussed. 
 
Data provided by the EA from fisheries surveys over the last 10 years have shown that 
populations of bullheads in the Tamar remain constant. The data overall for the work on 
wild bullheads, would indicate that the effluents from the targeted WwTWs are not 
impacting (with respect to their oestrogenicity) on those populations. 
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The utility of the bullhead for use in studies on oestrogenic chemicals in the 
environment has not been fully established from these studies. In the course of this 
work, however, a bh-VTG ELISA has been developed that has good sensitivity and can 
be applied to future studies on the reproductive biology of the bullhead and studies on 
oestrogenic EDCs.  
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CHAPTER FOUR: ASSESSING THE LEVEL OF CONTAMINANT LOADINGS 
AND SPERM NUMBER IN THE EGGS OF THE DIPPER CINCLUS CINCLUS, 
IN RELATION TO EDC CONCENTRATIONS IN THE TAMAR CATCHMENT 
 
4.1. INTRODUCTION 
 
Bird populations, whether from terrestrial or aquatic habitats, are exposed to a wide 
range of pollutants, and it is now well established that many environmental 
contaminants, including organochlorine pesticides (OCPs), polychlorinated biphenyls 
(PCBs), and polybrominated diphenyl ethers (PBDEs), have caused impaired 
reproduction in species of fish eating birds from many areas (Brunström et al., 2003).  
 
Pollutant effects on wild birds were first documented in the 1960s, based on work on the 
decline in populations of the osprey Pandion haliaetus, where it was hypothesised that 
detectable levels of DDT and its metabolites were responsible for hatching failure 
(Ames & Mesereau, 1964). In 1967, Ratcliffe reported on broken eggs in the nests of 
the peregrine falcon Falco peregrinus, the sparrowhawk Accipiter nisus, and the golden 
eagle Aquila chrysaetos, in the UK, proving to be the result of eggshell thinning. This 
eggshell thinning was synchronous, rapid and widespread throughout the UK and was 
finally linked to the pesticide DDT and its metabolite p,p’-DDE. Population level 
impacts of DDT, particularly on fish eating birds and raptors, led to many more studies 
on the toxicology of DDT and DDE in avian species (Peakall, 1967; Jeffries & French, 
1969; Ratcliffe, 1970; Ottinger et al., 2002; Falk et al., 2006). Other adverse effects of 
DDT, such as localised impairment of reproductive performance (Tillitt et al., 1992), 
and anatomical defects have continued (Giesy et al., 1994). Further studies have 
demonstrated that DDT and its metabolites can also disrupt sexual development in birds 
through them acting as environmental oestrogens (Fry, 1995). 
 
Although DDE is the only compound that has been shown to cause significant eggshell 
thinning at environmentally realistic exposures (Peakall & Lincer, 1996), many other 
contaminants, including PCBs and PBDEs, have been shown to possess reproductive 
toxicity to avian species as a result of endocrine disrupting effects. Both lab and field 
studies have shown that EDCs and other environmental contaminants can influence the 
reproductive system, with effects including  diminished reproductive behaviour and 
morphological abnormalities of the reproductive organs, and altered sex ratio (Fry, 
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1995). Behaviour abnormalities in the herring gull Larus argentatus have been observed 
in populations from the Great Lakes, USA. Aberrant parental behaviour has included 
failure to sit on eggs or defend nests (Fox et al., 1991), and it was suggested that high 
levels of chemicals in these birds were responsible for these abnormal behaviours. 
 
Controlled dosing of the ring dove Streptopelia risoria, administered with DDE and 
PCBs, resulted in altered hormone levels and reproductive behaviour in adults 
(McArthur et al., 1983). Dosing with a mixture of PCBs (Aroclor 1254 at 0, 10 and 40 
ppm) produced females that failed to respond to male courtship behaviours in the 
normal manner, resulting in severe impairment of reproductive success (Tori & Peterle, 
1983). Studies with the Japanese quail Coturnix japonica and the zebra finch 
Taeniopygia guttata have provided substantial evidence that sexual behaviour 
differentiation in birds is sensitive to oestrogens and androgens, and that hormonal 
disturbances can have a profound and permanent change in the reproductive behaviour 
of both sexes (Adkins, 1979; Simpson & Vicario, 1991; Adkins-Regan et al., 1998). 
Although this forms the basis whereby environmental contaminants may modulate 
behaviour, causative agents and underlying mechanisms responsible for changes in 
reproductive behaviour in birds are generally unknown. 
 
Developmental abnormalities have also been known to occur after exposure to OC 
contaminants. These abnormalities include cross-bill syndrome, which has been 
particularly evident in the double-crested cormorant Phalacrocorax auritus in the Great 
Lakes, USA. This abnormality correlated positively with concentrations of PCBs in the 
birds eggs (Fox et al., 1991). The expression of this syndrome was the result of the 
deposition of coplanar PCBs in eggs by maternal accumulation of the compounds 
(Gilbertson et al., 1991). Declines in concentrations of PCBs and DDT in the Great 
Lakes have been associated with increasing populations of herring gulls and double-
crested cormorants and other fish eating birds (Ludwig et al., 1995). 
 
4.1.1. EDCs and the dipper  
 
Many studies on fish have linked WwTW’s effluents and the EDCs they contain to 
reproductive effects, such as VTG induction and intersex (Jobling et al., 1998; Tyler et 
al., 1998; Jobling et al., 2002; Ishibashi et al., 2004; Jobling et al., 2006; Jobling et al., 
2009). Many studies on birds have found environmental contaminants, such as PCBs 
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and PBDEs, in eggs and linked these with a range of adverse health outcomes, however, 
few have related them to effluent discharges from WwTW’s. This part of the thesis 
investigated load of specific contaminants (PBDE congeners 28, 47, 66, 85, 99, 100, 
138, 153, 154, 183, PCB congeners 28, 52, 101, 118, 138, 153, 180, HCB, p,p’-DDE, 
p,p’-TDE, o,p’-DDT, p,p’-DDT, E1, E2 and EE2) ,and oxidative damage in dipper eggs, 
and assessed sperm quantity and morphology as a measure of  male fertility, in relation 
to the levels of endocrine activity in the Tamar catchment. A standardised approach to 
the egg collection process was adopted where the first egg laid egg (where possible) was 
collected from each of the dipper nests. One whole clutch of eggs was collected to 
determine intra-nest variability in contaminant concentration, and to determine whether 
laying order had an effect on contaminant loadings in the eggs. 
 
4.1.1.1. Bioconcentration and bioaccumulation of contaminants 
 
The contaminants of interest in this thesis (PBDEs, PCBs, and OCPs) are persistent 
organic pollutants, compounds that have sufficiently long half lives in living organisms 
to bioconcentrate, bioaccumulate and thus pass through food chains and undergo 
biomagnification in the higher trophic levels. The concern about bioconcentration, 
bioaccumulation and biomagnification comes mainly from experience with chlorinated 
compounds, especially OCPs and PCBs, and their deleterious effects on vulnerable 
species, including birds and fish (Fatemi & Baher, 2009). Bioconcentration is the 
increase in concentration of a chemical or contaminant in an organism resulting from 
tissue absorption levels, which exceeds the rate of metabolism and excretion. 
Bioconcentration occurs through uptake and retention of a substance from water, 
through gill membranes (in fish) or other external body surfaces, and also via dietary 
intake. The tendency of chemicals to bioconcentrate in biota is generally expressed as a 
bioconcentration factor (BCF), defined as the ratio of the chemical concentration in 
biota to that in its environment at steady state (Dimitrov et al., 2002). BCFs are used to 
relate pollutant residues in aquatic organisms to the pollutant concentration in ambient 
waters. Many chemical compounds, especially those with a hydrophobic component 
partition easily into the lipids and lipid membranes of organisms. However, animals are 
exposed to contaminants by other routes in addition to passive partitioning from water. 
For instance, fish and birds can take up chemicals from the food they eat. It has been 
noted that for certain chemicals, the observed BCF is significantly greater than the 
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theoretical BCF, based on log Kow, and this indicates that the chemical has accumulated 
to a greater extent than its equilibrium concentration.  
  
Bioaccumulation occurs within a trophic level and is the increase in concentration of a 
contaminant in certain tissues due to absorption of the contaminant, either from the 
environment or from food. The vast majority of chemicals that bioaccumulate are 
lipophilic, aromatic organic compounds, particularly those with chlorine substitutes. For 
organic compounds, the mechanism of bioaccumulation is thought to be the partitioning 
or solubilisation of chemical into the lipids of the organism. The tendency for a 
substance to bioaccumulate in an organism is known as the bioaccumulation factor 
(BAF), and is the concentration of a substance in an organism relative to the 
concentration of that substance in food.   
 
If contaminants are not metabolised as fast as they are consumed, there can be 
significant magnification of potential toxicological effects. This is defined as 
biomagnification and has been documented in aquatic animals, including fish, shellfish, 
seals and sea lions, whales, and otters, as well as in birds, mink, rodents, and humans in 
both laboratory and field studies (Fraser et al., 2002 [seals]; Hope, 2003 [fish]; 
Strandberg et al., 1998 [harbour porpoise]; Kelly et al., 2007 [humans]; Lundstedt-
Enkel et al., 2005 [guillemot eggs]; Tillitt et al., 1996 [mink]; Voorspoels et al., 2007 
[great tits, wood mice, bank voles, buzzards, sparrowhawks and foxes]).   
 
The mechanism of biomagnification is not completely understood. To achieve a 
concentration of a chemical greater than its equilibrium value indicates that the 
elimination rate is slower than for chemicals that reach equilibrium. Transfer 
efficiencies of the chemical would affect the relative ratio of uptake and elimination 
(Dimitrov et al., 2002). There are many factors that control the uptake and elimination 
of a chemical from the consumption of contaminated food, and these include factors 
specific to the chemical as well as factors specific to the organism. The chemical 
properties include solubility, log Kow, molecular weight and volume, and diffusion rates 
between organism gut, blood, and lipid pools. The organism properties include the 
feeding rate, diet preferences, and assimilation rate into the gut, the rate of chemical's 
metabolism, rate of egestion, and rate of organism growth. It is thought that the 
chemical's properties control whether biomagnification will occur, and that it is the 
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transfer rate from lipid to blood that allows the chemical to attain a lipid concentration 
greater than its equilibrium value.  
 
The rate of excretion for unmodified PCBs is generally very slow, although small 
amounts are excreted into the eggs of birds, and presumably transported there by 
lipoproteins (Walker, 2009). Highly lipophilic compounds, such as PCBs, PBDEs, and 
OCPs, tend to be stored in fat deposits, reaching concentrations 10-50 times higher in 
fat than in brain, liver, muscle or other metabolically active tissues. Although storage in 
fat can protect an organism in the short term, it may prove damaging in the long term. 
Rapid mobilisation of fat deposits, as a consequence of starvation, especially in birds on 
migration, can lead to rapid release of stored contaminants and to delayed toxic effects 
(Walker, 2009). In the Netherlands, wild female eider ducks (Somateria mollissima) 
experienced delayed neurotoxicity caused by dieldrin. The ducks had laid down large 
reserves of fat before breeding, which were run down during the course of egg laying. 
Dieldrin concentrations in the brain quickly rose to lethal levels, an occurrence that did 
not occur in male eider ducks, as no body fat was mobilised (Koeman, 1972). Delayed 
toxicity effects can also occur in the developing embryo, as observed with DDT and 
dieldrin.   
 
A study by Antoniadou et al (2007) investigated bioaccumulation patterns of PCBs 
from water through prey to the eggs of the great cormorant Phalacrocorax carbo, the 
great crested grebe Podiceps cristatus, the grey heron Ardea cinerea, the little egret 
Egretta garzetta, and the night heron Nycticorax nycticorax, in Greek lakes. Results 
showed that the PCB pattern changed with trophic position, from prey to birds, with a 
decreasing contribution of low chlorinated congeners and an increasing contribution of 
the more persistent compounds (higher chlorinated PCBs). This reflected the different 
biomagnification degree of the congeners, and was also dependant on the organisms’ 
physiology with respect to metabolism of the PCB congeners, and the congener’s 
physicochemical properties. The determined BAF and biomagnification factors (BMFs) 
provided some understanding of the relationships between PCB burdens in prey species 
of piscivorous birds and PCBs incorporated into their eggs. 
 
Contaminant analysis was not carried out on any of the dippers dietary prey species 
(macroinvertebrates and small fish/fry). There simply was not enough time given all of 
the other elements of work in this thesis and therefore bioaccumulation and 
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biomagnification factors of the EDCs studies were not assessed. BCFs were determined 
for those contaminants that were above the limit of detection in the dipper eggs (as 
assessed in Chapter Two).  
 
4.1.1.2. Contaminant burden of eggs 
 
There have been a number of studies in birds where contaminant loadings in eggs have 
been analysed, without necessarily linking them to any biological effect in those species 
(Dauwe et al., 2009; Jaspers et al., 2006; Dauwe et al., 2006; Antoniadou et al., 2007; 
Dell’Omo et al., 2008; Van den Steen et al., 2009). The dipper Cinclus cinclus is one 
such bird. In 1990, a study by Ormerod & Tyler suggested the potential for using the 
eggs of the dipper as a medium for monitoring the contamination of upland rivers by 
persistent OCs. Dippers occupy linear territories of 0.4 to 2.5 km (Ormerod & Tyler, 
1986), seldom disperse more than 20-30 km from their birthplace (Tyler et al., 1990), 
and are non-migratory (Cramp, 1988; Jonsson, 1999). Their diet of aquatic 
macroinvertebrates and small, non-migratory stages of fish reflect local conditions 
(Ormerod & Tyler, 1987), and so any contaminant burden can thus be acquired only in a 
reasonably defined area. While the 1990 study by Ormerod & Tyler revealed levels of 
contaminants in dipper eggs to be lower than the level expected to cause pronounced 
toxicological reactions in birds, it was suggested that dipper eggs could provide an 
indication of conditions which may influence other ecosystem components, for example 
the otter Lutra lutra.  This thesis work considered whether oestrogenic contaminants 
from effluent discharging into the Tamar catchment were able to bioaccumulate in 
dipper eggs via the food chain, but it did not assess toxicological reactions to these 
contaminants in dippers. 
 
Since the 1990 investigation by Ormerod & Tyler, there have been further studies on 
OC loadings in dipper eggs, some with reference to individual PCB congeners and DDE 
(Ormerod & Tyler, 1992; 1993; 1994; O’Halloran et al., 1993; 2003). These studies 
looked at dipper eggs from Wales, Scotland, and south western Ireland. The catchments 
studied in Wales and Scotland were predominantly upland sheep pasture, with very little 
industry. The Tamar has similar land use to these catchments studies in Wales and 
Scotland, predominantly sheep and cattle farming. Egg content in the dippers in Wales 
and Scotland was analysed for DDE and PCB congeners 52, 101, 118, 138, 153 and 
180. PCB 153 was found to be the most abundant, whereas PCBs 118 and 180 generally 
CHAPTER FOUR 
 
233 
had the most widespread incidence in the eggs of dippers. The study by O’Halloran et al 
(2003) examined the contaminant burden of eggs from south western Ireland over a 
period of 10 years, from 1990 to 1999. All contaminants concentrations in eggs were 
less in 1999 than in 1990, although levels did increase between the years 1990 and 1994 
for DDE and PCB congeners 101, 138, 153 and 180.  
  
Maternal transfer is responsible for the majority of contaminants in eggs (Bargar et al., 
2001). In most birds, large amounts of the lipids are mobilised during the breeding 
season due to egg production. As most organic contaminants are very lipophilic, their 
distribution and dynamics within an organism are very dependent on the distribution 
and the dynamics of the lipids (Matthews & Dedrick, 1984). It is assumed that the first 
laid egg will likely have the highest contaminant burden, due to maternal transfer, and 
so there will be a laying order effect on contaminant concentrations. Stores of lipids, 
however, are mobilised throughout the period of egg and yolk synthesis, thus it is 
possible that no such effect exists in the dipper.  
 
Where the effects of contaminants or EDCs on avian species have previously been 
investigated, historically, it has usually been in laboratory exposure experiments on the 
Japanese quail Coturnix japonica, a non-native, non-aquatic, non-passerine species. 
These are domesticated fowl that lay eggs on a daily basis throughout the year. The 
dipper, a wild passerine has only one breeding season per year, during which 
approximately five eggs are laid. A study by Bargar et al (2001) investigated the 
maternal transfer of PCBs in domestic fowl G. domesticus, and concluded that if the 
chickens were to only lay five eggs per breeding season (similar to the dipper), then 
maternal contaminant body burdens were likely to have increased throughout the year as 
there would have been fewer opportunities to excrete any contaminants. As a result, a 
greater percentage of the contaminants may be passed into the eggs, and therefore 
contaminant concentrations in eggs would be higher.  
 
The maternal transfer of PCBs has been studied in different non-passerine species, with 
rates varying from 2% of the maternal body burden in the ring-necked pheasant 
Phasianus colchicas (Nosek et al., 1992) and Adelie penguin Pygoscelis adeliae 
(Tanabe et al., 1986), to 10% in the Arctic tern Sterna paradisaea and the herring gull 
Larus argentatus (Lemmetyinen et al., 1982; Bargar et al., 2001). From these results it 
is obvious that maternal transfer of contaminants varies greatly between non-passerine 
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birds. Transfer rates are less studied for smaller, passerine species in the wild, but birds 
that have a large contaminant body burden and which may lay fewer eggs may in turn 
excrete a relatively greater amount of contaminants into their eggs.  
 
A series of studies has shown that there appears to be a relationship between the order 
of egg laying and the burden of some organic contaminants. Van den Steen et al (2006; 
2008; 2009) studied PBDEs in two passerine species, the blue tit Cyanistes caeruleus 
and the great tit Parus major. The 2008 study looked at maternal transfer of 
organohalogens (OHPs), including PBDEs and PCBs in blue tits, while the 2009 study 
discussed using the great tit as a biomonitoring tool, for the same contaminants, in the 
European environment. Maternal transfer of OHPs in blue tits was shown to be highest 
in first and second laid eggs, with a gradual decrease the later the egg was laid. This 
laying order effect has also been shown in great tits for PCBs and OCPs (Winter & 
Streit, 1992), Arctic terns Sterna paradisaea for DDT (Lemmetyinen et al., 1982), 
herring gulls Larus argentatus for DDT (Mineau, 1982), the kestrel Falco tinnunculus, 
and great crested grebes Podiceps cristatus for DDT (Lukowski, 1978). Van den Steen 
(2006), in contrast to the study by Winter & Streit (1992), did not find this laying order 
effect in great tit eggs when analysing for PCBs, OCPs and PBDEs. Other passerines 
studied include the starling Sturnus vulgaris and the prothonatory warbler Protonaria 
citrea (Reynolds et al., 2004), both of which also showed no effect of laying order in 
relation to concentrations of p,p’-DDE.  
 
While more and more research is being carried out on PBDEs, no research has been 
published, to date, on PBDEs within dipper eggs. PBDEs have been shown to have 
endocrine disrupting effects, and are now known to interact as antagonists or agonists at 
the oestrogen, progesterone, and androgen receptor (Meerts et al., 2001; Legler et al., 
2003; Hamers et al., 2006; Darnerud, 2008; Legler et al., 2008; Costa et al., 2008). 
Stoker et al., (2005) showed that most PBDEs had anti-androgenic activity in vitro and 
in vivo, with tetra- to hexaBDEs having potent oestrogenic activity in vitro, and hepta-
BDE and 6-OH-BDE-47, a metabolite of BDE 47, have anti-oestrogenic activity 
(Hamers et al., 2006; Hamers et al., 2008). DE-71 (a mix of tetra-penta-, and hexa- 
congeners) has been proven to be mildly oestrogenic in mice, with DE-71 increasing 
liver weight independently of oestrogen receptor-α, although some mice were more 
susceptible to oestrogen targeted effects than others (Mercado-Feliciano & Bigsby, 
2008). Reproductive toxic effects of PBDEs have also been reported. Prenatal exposure 
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to BDE 99 was found to reduce sperm counts in adult rats (Kuriyama et al., 2005). BDE 
99 has also been shown to alter the ultrastructure of the ovary cells in the females 
(Talsness et al., 2006). Similar findings in the female reproductive system were also 
seen with BDE 47 (Talsness et al., 2004), which caused a decrease in ovarian weight 
and alterations in folliculogenesis and serum oestradiol concentrations (Talsness et al., 
2008).  
 
For an assessment of male fertility in the dipper, the egg was used and the number of 
spermatozoa trapped in the perivitelline membrane (PVM) determined.  
   
4.1.2. Spermatozoa analyses 
 
In behavioural ecological studies, and also in poultry research, a number of techniques 
have been developed and used to determine the sperm quality of birds non-invasively, 
and an interesting, indirect measure of sperm quality is the number of spermatozoa in 
the perivitelline membrane (PVM) of the egg (Birkhead 1989, Wishart 1997). In this 
study, contaminant levels in eggs were used as a surrogate to measure contaminant 
exposure in males (as well as in females). This was then used to assess linkages with 
sperm number and quality (morphology), as well as contaminant loading to the next 
generation (F1) via the female.  
 
A reproductive trait unique to birds is physiological polyspermy; the ability of multiple 
spermatozoa to penetrate the egg without rendering it non-viable (Birkhead et al., 1989. 
Sperm that fail to enter the egg cytoplasm become trapped under the outer perivitelline 
membrane (PVM), a proteinaceous fibrous mesh laid down around the yolk shortly after 
fertilization, which becomes part of the yolk membrane (Wishart, 1997; Bobr, 1964, 
cited in Malecki & Martin, 2003). Spermatozoa trapped in the PVM provide an estimate 
of numbers present or near the ovum during fertilization and have been found to be 
good predictors of male fertility (Török et al., 2003; Wishart, 1997). It is also likely that 
the number of sperm trapped in the PVM gradually declines with each successively laid 
egg as each successive insemination releases fewer spermatozoa than the previous 
(Colegrave et al., 1995; Michl et al., 2002).  
 
Avian spermatozoa show significant morphological variation. Although the sperm of 
few species has been described in detail, it is clear that many differences exist between 
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passerines and non-passerines (Immler & Birkhead, 2005; Koehler, 1995). Passerine 
sperm are relatively long; the head is a helical keel that is continuous from the pointed 
acrosome to the midpiece, leading into the tail (Immler & Birkhead, 2005; Vernon & 
Woolley, 1999). Dipper sperm has not previously been characterised.  
 
Environmental contaminants have also been shown to reduce sperm quantity and quality 
in a number of different species. Few studies, however, have examined the effects of 
contaminants on avian sperm, especially passerines. One study exposed Japanese quail 
(Coturnix japonica) embryos at day one of incubation to either 20 or 40 µg DDE. It was 
found that although DDE accelerated onset of puberty in females and reduced male 
reproductive behaviours, gonadal morphology and sperm motility appeared to be 
unaffected, though sperm number was not assessed (Quinn et al, 2008). In another study 
on the Japanese quail, the fungicide epoxiconazole was administered to adults for three 
weeks at dietary levels of 10, 50, and 500 ppm. Administration resulted in a 
significantly decreased number of spermatids in the 50- and 500-ppm dose groups 
(Grote et al., 2008).  
 
There are many more studies in the literature on the effects of contaminants on sperm in 
mammals. A study by Chou et al (2002) determined that sperm production was reduced 
in mice that were fed diets containing levels of contaminants similar to that found in the 
Great Lakes, USA (2,500 µg kg
-1
 total PCBs and 300 µg kg
-1
 p,p’-DDE). An 
organochlorine mixture (at concentrations of 10.5, 14.7, and 21 µg mL
-1
 PCBs) was 
shown to reduce sperm motility and viability in the pig. A metabolised extract of this 
organochlorine mixture (at relative concentrations of 0.9, 1.8, 2.7, 3.6, and 4.5 µg mL
-1
 
OH-PCBs) tended to decrease only sperm motility (Campagna et al., 2009). 
Contaminants have also been shown to affect the quality of human sperm. A study by 
Mocarelli et al (2008) demonstrated that infants who were exposed to the dioxin TCDD 
at concentrations ≤ 15 ppt had reduced sperm concentration and motility as an adult, 22 
years later.  
 
Studies have also shown that the morphology of sperm can also be affected by 
environmental contaminants (Dawson et al., 1998; Moorman et al., 1998; Ackerman et 
al., 1999). Dauwe et al (2004) focussed on the length, breadth, weight, and sperm 
number of the blue tit C. caeruleus in relation to heavy metal exposure from a non-
ferrous smelter in Antwerp, Belgium. Results suggested that the exposure had a 
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negative effect on the sperm counts of male blue tits. However, counting the number of 
sperm on the PVM is an indirect measure of fertility and sperm quality, although the 
number of sperm in eggs reflects the total number of sperm in the entire oviduct (Lifjeld 
et al., 2000). Previous studies have found that the number of sperm on the PVM 
correlated positively with the number of sperm transferred to the female (Bramwell and 
Howarth, 1992) and with the number stored in the female (Brillard and Bakst, 1990). 
Thus, several male characteristics (i.e. ejaculate size, copulation frequency, sperm 
motility, viability of sperm, and proportion of malformed sperm) may determine the 
amount of sperm that reaches the infundibulum and that are subsequently incorporated 
into the egg membranes (Dauwe et al., 2004). Several experimental studies, mainly on 
mammals, have found that heavy metal exposure can cause a reduction in sperm 
motility, viability and an increase in the number of malformed spermatozoa (Dawson et 
al., 1998; Moorman et al., 1998; Ackerman et al., 1999). 
 
4.1.3. Aims 
 
The aims of this chapter, as stated in Section 1.10 of Chapter 1 were to explore the 
effects of chemical discharges from WwTWs on the dipper, a top predator in its riverine 
environment. To pursue this aim, the following hypotheses were tested: 
 
1. Higher oestrogenic activity in the surface waters correlate with a lower number 
of sperm in the PVM of the dipper eggs 
2.  Higher concentrations of the EDC contaminants (PCBs, PBDEs, OHPs) in 
dipper eggs are associated with proximity to WwTWs effluent discharges   
3. Dipper egg contamination is correlated with sperm number in the PVM.   
 
To address these hypotheses, effluent and surface water samples were collected and 
analysed for oestrogenic activity, as described in Chapter Two. The results from 
Chapter Two were then used alongside the results of this chapter.  
 
Dipper eggs were collected over three breeding seasons in 2006, 2007 and 2008, under 
four consecutively running licenses (English Nature/Natural England; no’s 20052699, 
20060463, 20070541 and 20080023), in a study area that included the Tamar tributaries 
of the Inny, Lew, Lyd, Thrushel, and Wolf. From up to 12 nests in each season, one egg 
was taken to determine contaminant load and oxidative damage in the yolk, and for 
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assessments on sperm quantity and quality, as determined by sperm trapped in the 
PVM. Additional morphometric analyses on egg length, breadth, weight, volume and 
egg shell index (ESI) were undertaken. In addition, one whole clutch of dipper eggs was 
collected during the 2007 breeding season to determine intra-nest variability in 
contaminant loadings and sperm number. A number of eggs from nests in Wales were 
also analysed and a comparison was made between sperm quantity and quality, and 
morphometric measurements and the eggs from the Tamar catchment and the study area 
in south and mid Wales. Collectively these data were used to assess the level of 
contaminant loadings, and sperm number, in the eggs of the dipper cinclus cinclus, in 
relation to EDC concentrations in the Tamar catchment, as determined by LC/TOF-MS 
analysis, as described in Chapter Two.  
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4.2. MATERIALS AND METHODS 
 
4.2.1. Identification of nesting sites, and collection and measurement of eggs  
 
Dipper territories and subsequent nesting sites were determined by detailed physical 
surveys for each tributary between the months of February and May, in the years 2005, 
2006, 2007, and 2008. Whenever a dipper was observed, it was watched and followed 
for at least 1 hour. During this time, it could be ascertained whether the dipper had a 
mate and whether any nesting activity was ongoing. Nesting activity was obvious and 
involved the bird flying to and from a particular place along the river with nesting 
material (moss, grass or leaves) in its bill. Having established that a dipper was nesting, 
the specific nest site was located, once again by watching where the dipper was taking 
the nesting material. Once nest locations were known, the sites were monitored twice a 
week to ascertain when the first egg would be laid. Nest sites for the three years (2006 
to 2008) of study are shown in Figure 4.1.  
 
 
 
 
Figure 4.1. Location of dipper nests from which eggs were collected during the 2006, 2007 and 2008 
breeding seasons (  = 2006 only,   = 2007 only,   = 2008 only,    = 2006 and 2007,   = 2006 and 2008, 
  = 2007 and 2008,   = 2006, 2007 and 2008).  
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All nests found were situated at a height of 1 to 2 m above the water height of the river 
(when not in spate); all were positioned above open water. Nest sites were located either 
on the vertical side of the river bank, within upturned tree roots or on, or within, man-
made structures, including pipes, walls bridges, and ledges under bridges. The dipper 
nests from which eggs were collected provided the locations for sampling of the river 
water, using spot and passive sampling methods, as detailed in Chapter Two of this 
thesis. The distances of these river sampling sites and nests from WwTWs effluent 
discharges are shown in Table 2.3, Chapter Two. 
 
Dipper territory surveying and subsequent nest watching was organised and carried out 
on a daily basis for between three and four months of each year by the candidate during 
each breeding season (2005 to 2008). Precautions were taken while observing to avoid 
undue disturbance and ensure that nest abandonment by the dipper did not occur. Nests 
were observed using binoculars from a distance of over 20 m, and camouflage clothing 
was worn. The 2005 season yielded no eggs, but was useful in allowing the candidate to 
get to know the catchment, identify possible nesting sites and make relevant local 
contacts.  This was an important part of the study as little data were available on where 
dippers were nesting. One study performed by the EA in the summer of 1998 showed 
that dippers were present in the catchment, but only sightings or dipper song were 
recorded, although NGRs were provided. Although only 16 nests were identified 
throughout the whole study, these were not the only dippers within the catchment. On a 
number of occasions, days were spent following one or two dipper pairs or searching 
the river banks for quite a few kilometres, without success in finding a nest. Frequently 
dipper nests were destroyed by heavy rainfall and rising river water. 
 
During the period of nest building each nest was checked by the candidate every three 
days to assess advancement. Egg laying was assumed to be imminent if the nest was 
lined with dry leaves. The first egg was collected in order to standardise the collection 
process across the different nests for the chemical burden and sperm analyses. This was 
not always possible due to the discovery of nests once laying was already underway, 
other time constraints, and whether the river was in spate, which sometimes meant that 
it was not possible to reach nests. For each nest the number of eggs in the nest (if more 
than one) was counted, and date, time, and location (NGR) were recorded. From the 
time the egg was collected, the assumed incubation, brooding and fledging times were 
calculated (Tyler & Ormerod, 1994). The first egg was taken from each nest, wherever 
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possible, and each nest was subsequently checked (without disturbing the nesting 
dippers) to ensure that further eggs were laid. When a whole clutch was collected, the 
nest was monitored on a daily basis, and, when each egg was laid, it was numbered and 
returned to the nest until there was a full clutch. A full clutch was determined when no 
more eggs were laid with three days of the last laid egg (eggs had been laid on a daily 
basis). In this way, laying order could be determined. 
 
Again, every precaution was taken to avoid abandonment of the nest by the dipper. All 
nests were checked after assumed hatch dates. Only one nest was perceived to have 
been abandoned during the whole of this study; nest BMT on the River Inny. This nest 
still contained three eggs after the presumed hatch date, with one egg containing no 
yolk. Because of this, it cannot be concluded that taking an egg from this nest caused 
the abandonment, but it may have been a contributing factor. When eggs were taken 
from nests, including first laid eggs, the dippers continued to lay and each nest gave rise 
to a clutch of between three and five nestlings; this was confirmed by watching each 
nest for nestlings or observing the fledglings. 
  
Each fresh egg was weighed on a balance, and the mass was determined to the nearest 
0.01 g. Length and breadth was measured to the nearest 0.1 mm. Volume was calculated 
according to Hoyts (1979), and could be determined by: 
 
V (mm
3
) = 0.51*L*B
2
 
 
Where V is volume, L is length in mm, and B is breadth in mm. Egg shape index (ESI) 
was calculated according to Altuntaş & Şekeroğlu (2008), and was determined by: 
 
ESI (%) = B/L*100 
 
Eggs occur in different shapes and can be differentiated using the ESI. The shapes most 
often encountered are sharp, normal/standard, and round eggs, which are enumerated on 
the ESI as <72, 72–76, and >76, respectively. ESI values relates to how strong an egg is. 
Eggs with normal ESIs (72–76) are deemed the most resistant to cracking and it has 
been demonstrated that these shape eggs can withstand greater compression than those 
eggs with an ESI of less or greater value (Altuntaş & Şekeroğlu 2008).  
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4.2.1.1. Management of eggs for analysis 
 
Eggs were stored at 4 °C for a maximum of 28 days. Each egg was used for a variety of 
measurements and analyses. For the eggs collected (10 in 2006, 12 in 2007, and 11 in 
2008), each was carefully broken open, and the albumin drained off into a solvent rinsed 
vial. The yolk was placed carefully into phosphate buffered saline (PBS) and any gel 
around the yolk was removed and added to the albumin. The PVM was then removed 
from around the yolk of the eggs collected and placed in Hoescht solution (as described 
in section 4.2.4). The yolk and albumin were recovered, homogenised, and stored in 1.5 
mL eppendorf tubes at -80 °C until required for contaminant analysis (as described in 
section 4.2.2). The work detailed above and all PVM analysis work was carried out by 
the candidate.  
  
4.2.2. Analyses of dipper egg yolks 
 
The dipper yolks were homogenised with the albumin (minus the PVM – see Section 
4.2.4) and stored at -80°C for between two and 24 months, prior to chemical analysis. 
Yolk contents were analysed for PBDEs, PCBs and OPE’s, and steroidal oestrogens 
using gas chromatography mass spectrometry (GCMS) and liquid chromatography 
time-of-flight mass spectrometry (LC/TOF-MS), respectively. All GCMS and LC/TOF-
MS analyses were carried out by the National Laboratory Service (NLS) of the 
Environment Agency (EA). All methods were validated using quail eggs before work 
commenced on dipper eggs. Basic methods follow in the next two sections. 
 
 4.2.2.1. Gas chromatography mass spectrometry (GCMS) analysis of dipper eggs 
for PBDEs, PCBs and OPEs 
 
Concentrations of PBDE congeners 28, 47, 66, 85, 99, 100, 138, 153, 154, 183, and 
PCB congeners 28, 52, 101, 118, 138, 153, 180 were determined by GCMS analysis on 
all eggs from 2006, 2007 and 2008. In addition to this concentrations of 
hexachlorobenzene (HCB), p,p’-DDE, p,p’-TDE, o,p’-DDT and p,p’-DDT were 
determined by GCMS analysis in eggs from 2007 and 2008. All analyses were 
conducted by the NLS. All egg samples were lyophilised, and 
13
C-BDE-47 and PCB-
204 were added as internal standard for the PBDEs and PCBs, respectively. Dried 
samples were subject to enhanced solvent extraction (Dionex ASE 200; CA, USA).  
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Samples then underwent acidic silica supplemental clean-up (56 g of silica treated with 
44g of sulphuric acid [H2SO4; 95 % to 97%]), followed by gel permeation 
chromatography (GPC). GPC removed interfering compounds with a molecular mass 
significantly different from the contaminants, including triglycerides and similar fatty 
compounds. Once this had been carried out, samples were loaded onto a gas 
chromatograph, with an on-column injection port coupled to a mass spectrometer (GC-
MS) with electron impact or chemical ionization and appropriate reactant gas (e.g. 
CH4). The detection range for this method was 0.3 ng g
-1
 to 25 ng g
-1
 for tetra- to 
octabromo congeners. Recoveries ranged between 59 % and 85 %. 
 
4.2.2.2. Liquid chromatography with mass spectrometer time of flight (LC/TOF-
MS) detection of E1, E2 and EE2 in dipper eggs  
 
Concentrations of E1, E2 and EE2 were determined by LC/TOF-MS analysis, conducted 
by the NLS. The method used was as a follows: All egg samples were lyophilised and 
deuterated oestrogen was added as a standard for assessment of recoveries. The egg 
extracts then went through an extensive clean-up process comprising GPC fractionation 
to assist removal of fats/oils (compounds with a molecular mass significantly different 
from the contaminants, including triglycerides and similar fatty compounds), normal 
and reverse phase LC fractionation. Aqueous interferences were then partitioned into 
water, followed by solvent extraction using dichloromethane. By the use of aqueous 
partitioning after GPC fractionation, recoveries were much improved for deuterated 
oestrogens. These extracts were then quantified against non-extracted calibration 
standards and the recoveries were assessed. Deuterated oestrogen recoveries were 
between 72.8 and 95.2 % for E1, 87.5 and 95.8 % for E2, and 81.8 and 99.2 % for EE2. 
Limits of detection were 1 ng g
-1
 yolk for E1, 0.150 ng g
-1
 yolk for E2, and 0.280 ng g
-1
 
yolk for EE2. 
 
4.2.3. Bioconcentration Factor (BCFs) 
 
Bioconcentration factors (BCF), calculated as the contaminant concentration in the 
dipper eggs divided by the contaminant concentration in the river water, at equilibrium, 
was determined for only the most commonly detected contaminants in both the river 
water and dipper eggs, those being BDEs 47, 99, 100, 153 and 154. This was assuming 
that all contaminants came from the water alone, rather than via any dietary intake. A 
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high potential BCF was classified as >1000; a moderate potential BCF was between 250 
and 1000, and a low potential BCF was <250. Biomagnification factors (BMF’s) and 
bioaccumulation factors (BAFs) could not be calculated as contaminant concentration of 
the dippers diet was not determined in this study. 
 
4.2.4. Preparation of egg for yolk extraction and collection of perivitelline 
membrane (PVM) for sperm analysis  
 
All dipper eggs collected over the three breeding seasons were used for PVM analysis. 
Eggs were stored at 4°C for a maximum of 28 days before analysis of the spermatozoa, 
for sperm number and morphology. For each of the eggs collected, the number of sperm 
trapped in the PVM was counted and dipper sperm morphology was assessed. Each egg 
was carefully broken open, and the albumin drained off into a solvent rinsed vial. The 
yolk was placed carefully into phosphate buffered saline (PBS) and any gel around the 
yolk was removed and added to the albumin. The PVM surrounding the yolk was 
carefully cut open. Once cut, the PVM was teased away from the yolk and cut into two 
halves.  
 
At this point the all the egg yolks were placed with the albumin in a solvent rinsed vial, 
and stored at -80 °C for chemical analyses (see Sections 4.2.2.1 and 4.2.2.2). 
 
Fluorescent dye, Hoescht 33342 (B2261; Sigma, UK), made up to 1 mg mL
-1
 in PBS, 
was used to stain the sperm nuclei DNA. Each half of PVM was immersed in the 
Hoechst dye for 5 min in the dark. After this, both halves of the PVM were removed, 
placed onto separate glass slides, and stretched out to remove as many folds as possible. 
A further 20 µL of Hoescht was added to each slide and a cover slip was overlaid, 
getting rid of all air bubbles and sealed with nail varnish. The slides were then stored in 
the fridge in a moist environment to avoid drying out for up to 2 days before analysis. 
At 400 x magnification, using a fluorescent light microscope, the sample was scanned 
systematically by moving slowly from one end of the cover slide to the other until the 
whole area of the PVM was examined and each sperm was counted and photographed. 
Each PVM took between 1 and 2 h to examine. Length of the spermatozoa was 
measured using the inbuilt camera and scale on the microscope.  
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4.2.5. Welsh dipper eggs 
 
To provide a comparison to eggs collected from the Tamar catchment, eggs collected 
from sites in South Wales were kindly supplied by Christy Morrissey of University of 
Wales Cardiff. These eggs came from 16 different rivers in south and mid-Wales; 
dipper nests were located on tributaries throughout the upper reaches of the dominantly 
rural catchments of the rivers Wye (52°01′ N, 03°17′ W) and Tywi (51° 55′ N, 03° 54′ 
W) in Wales, United Kingdom. The tributaries within these catchments varied in their 
water chemistry due to the geology of the bedrock and soils from which the rivers drain 
thereby altering macroinvertebrate communities (Ormerod & Edwards, 1987). The pH 
and hardness (mg CaCO3 L
-1
) were measured at each dipper nest site during summer 
baseflow (maximum pH/hardness) and winter high flow (minimum pH/hardness) before 
averaging measurements. Average total hardness and pH were positively correlated (r = 
0.93, p < 0.0001) but hardness was used as a proxy for categorising streams as 
circumneutral (range 43.3-101.4 mg CaCO3 L
-1
), intermediate (range 11.4-39.8mg 
CaCO3 L
-1
) or mineral-poor (range 5.8-10 mg CaCO3 L
-1
) based on data from Edwards 
et al. (1990). River quality in these rivers also varied in relation to WwTW's effluent 
discharges.  
  
Length, breadth, weight, volume, and ESI were determined. An assessment of sperm 
quantity and quality was also made (Section 4.2.4). These data were used as a 
comparison for eggs collected from sites on the Tamar catchment.   
 
4.2.6. Data analyses 
 
All statistical analyses were carried out using MINITAB
®
 Release 14 or PRIMER 
v5.2.4. Variables analysed by MINITAB were Box-Cox transformed to ensure 
normality where possible. Data analysed by PRIMER was not transformed. Statistical 
significance was accepted at p<0.05 for all comparisons. For the purposes of statistical 
analysis concentrations below the limit of detection for each method (LC/TOF-MS and 
GCMS) were assigned a value of half of that detection limit. 
 
Any relationship between variables (including sperm number, contaminants and MDA) 
in eggs from different nest-sites was tested using a regression or a Pearson’s correlation, 
as appropriate. Differences in parameters were tested using a General Linear Model 
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(GLM) or a nested ANOVA. To visualise any differences between the contaminant 
contributions within eggs, a multidimensional scaling (MDS) and cluster analysis was 
used on all contaminant concentration data, river and year were used as factors (Mumby 
et al., 2004). Tests for significant variation between contaminants in each egg were 
conducted using a two-way nested analysis of similarities (ANOSIM) on untransformed 
contaminant data (Harborne et al., 2008). The output statistic (R) in ANOSIM equals 
unity when the factor ‘river’ or ‘year’ divides the data into tight, non-overlapping 
groups (Mumby et al., 2004). When R is closer to 1 then eggs from each site within one 
river are more similar to each other than to those from sites in other rivers. The 
discriminating contaminants were determined using Similarity Percentage (SIMPER) 
analysis (Harborne et al.,, 2008) in order to examine ANOSIM results further. A 
principal component analysis (PCA) was used to determine any correlation of 
contaminants between eggs. To test whether there was a relationship between the 
contaminants in the eggs and the contaminants in the water at each of the nest-sites, a 
multiple regression was used. River water contaminant data were determined in Chapter 
Two. 
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4.3. RESULTS 
 
4.3.1. Numbers and locations of dipper nesting (egg collection) sites 
 
From the nesting dippers, 33 eggs were collected over the three years of study; 10 eggs 
were collected from 10 different nests in 2006, nine (with a whole clutch of four eggs 
collected from nest-site B20, making a total of 12 eggs) were collected in 2007, and 11 
were collected in 2008. Some eggs were collected from the same nest-sites in different 
years, and others were collected from new nest-sites (Figure 4.3.1). Although eggs were 
taken from the same nests or nest-sites in subsequent years, it cannot be confirmed that 
these eggs were from the same breeding pair, although this it is likely the case as 
dippers show fidelity to nest sites, and many are used in successive seasons (Tyler & 
Ormerod, 1994). More dipper pairs were seen feeding in the catchment, especially on 
the Lyd, the Lew and the Thrushel, than for the number of nest-sites located. 
 
4.3.2. Egg morphometrics 
 
Table 4.1 shows the site, date, river, NGR, how many eggs were in the nest when an egg 
was collected, and length, weight, breadth, volume, egg shape index (ESI), and sperm 
number for each egg. For the 2006 analysis, eggs collected from sites BB, B2, B3, B20, 
B17 and BMW were the first laid. In 2007, first laid eggs were collected from sites B3, 
B20, B17, HK and GM. A whole clutch of four eggs was taken from site B20. During 
the breeding season of 2008, first laid eggs were collected from sites BB, B20, HK, TM 
and SCB. Unfortunately in the 2008 breeding season, the nest selected for a whole 
clutch to be taken was twice washed away by high water when the Tamar was in spate 
during a period of heavy rainfall. Eggs had already been collected from other nest-sites 
by this time. 
 
Egg length ranged between 23.4 mm and 27.3 mm (mean 25.65 mm ± 0.06 SE; Figure 
4.2A). Breadth ranged between 17.5 mm and 19.1 mm (mean 17.99 mm ± 0.08 SE; 
Figure 4.2B). Egg weight ranged between 4.06 g and 5.30 g (mean 4.70 g ± 0.18 SE; 
Figure 4.2C). Volumes ranged between 3504.26 mm
3
 and 4882.91 mm
3
 (mean 4216.47 
mm
3
 ± 54.99 SE; Figure 4.2D). The ESI ranged from 66.54 % to 76.11 % (mean 
70.23% ± 0.44 SE; Figure 4.2E). Of the 33 eggs collected, the majority of eggs had an 
ESI <72 %, = ‘sharp’. Eight eggs had an ESI >72 % = ‘normal/standard’, and one egg 
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had an ESI >76 = ‘round’. Egg length, weight, breadth, volume and ESI did not differ 
significantly between the nest-sites (P>0.05 in all cases).  
  
4.3.2.1. Welsh dipper egg morphometrics 
 
Length, weight, breadth, volume and ESI were measured for the 24 eggs collected from 
all sites (Table 4.2). Length of Welsh eggs ranged from 24.22 mm to 27.74 mm, with a 
mean of 25.81 ± 0.22 SE. Egg weight ranged between 3.83 g and 5.09 g, with a mean of 
4.53 ± 0.07 SE. Egg breadth was in the range of 18.12 mm – 19.48 mm, mean breadth 
was 18.70 ± 0.07 SE. Egg volume ranged from 4057.33 mm
3
 to 5349.17 mm
3
, mean 
volume was 4604.33 ± 59.11 SE, and ESI ranged between 66.91 % and 76.85 %, with a 
mean of 72.53 ± 0.59 SE. When compared with the eggs collected from the Tamar, and 
using year as a covariate, Welsh eggs proved to be significantly broader (GLM, 
P<0.001; Figure 4.3A), and significantly larger in volume (GLM, P<0.001; Figure 
4.3B). Length, weight and ESI were not significantly different (GLM, P>0.05).  
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TAMAR 2006              
SITE DATE RIVER NGR 
DISTANCE 
(KM)* EGG NO. 
LENGTH 
(mm) 
WEIGHT 
(g) 
BREADTH 
(mm) 
VOLUME 
(mm3) 
ESI 
(%) SPERM NO     
                      NORMAL ABNORMAL TOTAL 
BB 28-Mar-06 Lyd SX380840 2.1 1st 26.4 5.3 19.1 4882.91 72.35 84 31 115 
B2 10-Apr-06 Lyd SX397849 5.5 1st 26.3 4.79 18.1 4368.38 68.82 2 1 3 
B3 21-Mar-06 Lyd SX409850 3.8 1st 26.2 4.96 18.2 4399.99 69.47 67 42 109 
B20 01-Apr-06 Lyd SX486840 3.4 1st 24.4 4.41 17.8 3919.56 72.95 51 22 73 
B6A 10-Apr-06 Wolf SX402861 4.1 1 of 4 25.5 4.81 18.3 4329.63 71.76 118 58 176 
B17 30-Mar-06 Lew SX442835 9.7 1st 25.4 4.73 17.9 4126.18 70.47 41 21 62 
HK 30-Mar-06 Thrushel SX427873 4.6 1 of 3 27.1 5.12 18.2 4551.14 67.16 37 29 66 
BMT 18-Apr-06 Inny SX371776 2 1 of 3 23.4 4.06 17.5 3633.29 74.79 13 17 30 
BMW 07-Apr-06 Inny SX350770 4.7 1st 26.3 4.11 17.5 4083.57 66.54 45 143 188 
RM 10-Apr-06 Inny SX306785 7.2 1 of 2 26.4 4.87 17.9 4288.62 67.80 47 15 62 
Mean    4.71  25.74 4.72 18.05 4258.33 70.21 50.50 37.90 88.40 
SE       0.74   0.35 0.13 0.15 108.91 0.86 10.55 12.67 18.73 
              
              
TAMAR 2007              
SITE DATE RIVER NGR 
DISTANCE 
(KM)* EGG NO. 
LENGTH 
(mm) 
WEIGHT 
(g) 
BREADTH 
(mm) 
VOLUME 
(mm3) 
ESI 
(%) SPERM NO     
                      NORMAL ABNORMAL TOTAL 
B2 28-Mar-06 Lyd SX397849 5.5 1 of 3 23.9 4.13 17.5 3710.92 73.22 0 0 Non-viable 
B3 02-Apr-06 Lyd SX409850 3.8 1st 24.9 4.45 17.8 3999.88 71.49 134 38 172 
B20 (1) 04-Apr-07 Lyd SX486840 3.4 1st 25.8 4.50 18.1 4285.34 70.16 46 31 77 
B20 (2) 05-Apr-07 Lyd SX486840 3.4 1 of 2 26.1 4.58 17.6 4098.96 67.43 34 27 61 
B20 (3) 06-Apr-07 Lyd SX486840 3.4 1 of 3 26.2 4.43 18.4 4497.23 70.23 40 22 62 
B20 (4) 08-Apr-07 Lyd SX486840 3.4 1 of 4 26 4.60 17.9 4223.64 68.85 27 25 52 
B17 01-Apr-06 Lew SX442835 9.7 1st 25 4.88 18.2 4198.47 72.80 8 15 23 
HK 24-Mar-06 Thrushel SX427873 4.6 1st 25.3 4.80 17.5 3928.30 69.17 23 15 38 
BMB 02-Apr-06 Inny SX358770 5.5 1 of 3 27.3 5.14 18.3 4635.25 67.03 49 31 80 
TM 30-Mar-06 Inny SX340769 3.3 1 of 2 24.2 4.01 16.9 3504.26 69.83 9 6 15 
RM 30-Mar-06 Inny SX306785 7.2 1 of 2 27.2 4.79 18.2 4567.93 66.91 36 22 58 
GM 07-Apr-06 Inny SX241833 14.7 1st 26.9 4.97 18.1 4468.04 67.29 90 78 168 
Mean       6   25.73 4.61 17.88 4176.52 69.53 41.33 25.83 73.27 
SE       1   0.32 0.10 0.13 100.51 0.63 10.67 5.42 14.98 
              
Table 4. 1. Data on all dipper eggs collected from nest-sites within the Tamar catchment for years 2006, 2007 and 2008. Eggs collected from site B20 in 2007 come 
from the whole clutch and numbers (1 – 4) relate to laying order. Egg no. relates to whether the first egg was collected or how many other eggs were in the nest at the 
time of collection. 
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TAMAR 2008              
SITE DATE RIVER NGR 
DISTANCE 
(KM)* EGG NO. 
LENGTH 
(mm) 
WEIGHT 
(g) 
BREADTH 
(mm) 
VOLUME 
(mm3) 
ESI 
(%) SPERM NO     
                      NORMAL ABNORMAL TOTAL 
BB 21-Apr-08 Lyd SX378838 2.4 1st 24.3 4.732 17.5 3773.03 72.02 56 32 88 
B2 03-Apr-08 Lyd SX397849 5.5 1 of 3 24.1 4.337 17.9 3914.99 74.27 11 10 21 
B20 03-Apr-08 Lyd SX486840 3.4 1st 25.2 4.353 17.5 3912.77 69.44 16 19 35 
B17 17-Apr-08 Lew SX442835 9.7 1 of 4 25.8 5.124 18 4238.11 69.77 22 11 33 
HK 30-Mar-08 Thrushel SX427873 4.6 1st 24.7 4.734 18 4057.42 72.87 13 10 23 
TM 26-Mar-08 Inny SX340769 3.3 1st 25.9 4.925 18.6 4542.90 71.81 35 23 58 
RM 26-Mar-08 Inny SX306785 7.2 1 of 4 26 4.954 17.8 4176.58 68.46 22 16 38 
GM 09-Apr-08 Inny SX241833 14.7 1 of 3 24.7 5.089 18.8 4426.09 76.11 68 55 123 
LB 17-Apr-08 Inny SX224835 12 1 of 5 26.8 5.040 18.3 4550.35 68.28 15 12 27 
SCB 10-Apr-08 Inny SX205841 9.3 1st 26.1 4.801 18.3 4431.50 70.11 6 7 13 
TB 17-Apr-08 Inny SX194849 7.7 1 of 4 26.6 4.728 18.1 4418.21 68.05 40 12 52 
Mean       7.25   25.47 4.80 18.07 4222.00 71.02 27.64 18.82 46.45 
SE       1.18   0.28 0.08 0.12 82.89 0.79 6.00 4.22 9.92 
 
 
 
Table 4. 1. Cont… Data on all dipper eggs collected from nest-sites within the Tamar catchment for years 2006, 2007 and 2008. Eggs collected from site B20 in 2007 
come from the whole clutch and numbers (1 – 4) relate to laying order. Egg no. relates to whether the first egg was collected or how many other eggs were in the nest 
at the time of collection. 
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Figure 4.2. Mean egg length for years 2006 to 2008 (A), mean egg weight for years 2006 to 2008 (B), 
mean egg breadth for years 2006 to 2008 (C), mean egg volume for years 2006 to 2008 (D), mean ESI for 
years 2006 to 2008, for all sites. 
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WALES 2008            
SITE DATE RIVER 
LOCATION 
(NGR) 
LENGTH 
(mm) 
WEIGHT 
(g) 
BREADTH 
(mm) 
VOLUME 
(mm3) ESI (%) SPERM NO     
                  NORMAL ABNORMAL TOTAL 
W1 20-Mar-08 Afon Tarell SN996259 25.70 4.4363 18.82 4642.40 73.23 - - - 
W2 25-Mar-08 Afon Bran SN808417 24.23 4.2403 18.12 4057.33 74.78 18 10 28 
W3 29-Mar-08 Afon Gwyndderig SN823335 26.10 4.6817 18.82 4714.66 72.11 - - - 
W4 01-Apr-08 Afon Lwynor SN813428 24.22 4.4982 18.66 4300.98 77.04 - - - 
W5 07-Apr-08 Cyniffiad SN907523 25.16 4.4721 18.62 4448.77 74.01 25 28 53 
W6 07-Apr-08 Cyniffiad SN907523 24.88 4.3368 18.24 4221.53 73.31 28 19 47 
W7 07-Apr-08 Gwenffryd SN764452 25.48 4.8926 19.22 4800.39 75.43 37 27 64 
W8 07-Apr-08 Gwenffryd SN746465 27.74 5.0610 18.56 4873.41 66.91 14 7 21 
W9 10-Apr-08 Irfon SN850515 24.82 4.5333 18.82 4483.44 75.83 - - - 
W10 10-Apr-08 Irfon SN853526 27.40 4.7971 18.44 4751.63 67.30 28 7 35 
W11 14-Apr-08 Cammarch SN927503 25.48 4.6652 18.74 4563.61 73.55 - - - 
W12 17-Apr-08 Afon Bran SN807422 24.72 3.9193 18.00 4084.73 72.82 36 26 62 
W13 17-Apr-08 Gwenffryd SN746465 27.68 4.8993 18.88 5032.00 68.21 - - - 
W14 21-Apr-08 Camddwr SN762576 26.90 4.4540 18.26 4574.29 67.88 41 19 60 
W15 24-Apr-08 Cyniffiad SN898524 26.08 4.7532 18.50 4552.20 70.94 22 16 38 
W16 01-Apr-08 Rhondda Fawr SS928991 27.64 5.0965 19.48 5349.17 70.48 21 15 36 
W17 01-Apr-08 Bargoed Taf ST098966 25.92 4.3227 18.58 4563.48 71.68 - - - 
W18 03-Apr-08 Afon Tarell SO010270 25.02 3.8315 18.84 4529.18 75.30 - - - 
W19 07-Apr-08 Bargoed Taf ST104988 26.44 5.0169 18.88 4806.57 71.41 - - - 
W20 08-Apr-08 Cilieni SN909329 25.16 4.0654 18.80 4535.20 74.72 - - - 
W21 28-Apr-08 Honddu SO006405 25.32 4.3694 18.50 4419.54 73.06 - - - 
W22 28-Apr-08 Bargoed Taf ST104978 26.16 4.2344 18.74 4685.40 71.64 - - - 
W23 05-May-08 Cilieni SN897346 24.80 4.6807 19.06 4594.81 76.85 - - - 
W24 14-May-08 Irfon SN853526 26.44 4.5914 19.10 4919.24 72.24 - - - 
Mean    25.81 4.5354 18.70 809.72 414.23 27 17.4 44.4 
SE       0.22 0.0695 0.07 16.31 5.97 1.79 1.61 3.07 
 
 
Table 4.3.2. Data on all dipper eggs collected from Welsh nest-sites in 2008. Where no value exists for sperm number, sperm could not be counted due to 
incubation of the egg. 
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4.3.3. Chemical analysis of Tamar dipper egg yolks 
 
4.3.3.1. Liquid chromatography with mass spectrometer time of flight (LC/TOF-
MS) detection of E1, E2 and EE2 in eggs 
 
Analysis by LC/TOF-MS for E1, E2 and EE2 revealed that concentrations were below 
the limit of detection of 1 ng g
-1
, 0.15 ng g
-1
, and 0.28 ng g
-1
 respectively, for all egg 
extracts, for all years.  
Figure 4.3. Comparison between the mean breadth (A) and mean volume (B) for eggs collected from the 
Tamar catchment and in Wales. Box plots show the 25 % median and 75 % confidence intervals. 
Whiskers represent 95 % and 5 % confidence intervals. Outliers are shown as asterisks (*). 
A 
 B 
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4.3.3.2. Gas chromatography mass spectrometry (GCMS) detection of PBDEs, 
PCBs and OCPs in eggs 
 
Egg extracts were analysed for 10 different PBDE congeners, seven different PCB 
congeners (Table 4.3), plus hexachlorobenzene (HCB), p,p’-DDE, p,p’-TDE, o,p’-DDT 
and p,p’-DDT (Table 4.4). BDE congeners 28, 66, 85, 138 and 183, PCB congeners 28, 
52, 101, 118 and 180, HCB, pp-TDE, op-TDE, and pp-DDT were all below the limit of 
detection of 0.64 ng g
-1
 for PBDEs, and 1 ng g
-1
 for all other contaminants. Eggs 
collected in 2006 were not analysed for HCB, p,p’-DDE, pp-TDE, op-TDE, and pp-
DDT. All measurements are ng g
-1
 lipid. 
 
The contaminant profile for all eggs in all years was dominated by BDE congener 99, 
found at a mean concentration of 8.12 ± 1.21 SE ng g
-1
. BDE 99 also had the greatest 
range; 0.65 ng g
-1
 to 25.16 ng g
-1
. BDE 47 was also dominant, with a mean for all eggs 
of 4.99 ± 0.67 SE ng g
-1
. The PCB congener profile was dominated by PCB 153, with 
an overall mean of 1.53 ± 0.23 SE ng g
-1
. The concentration of p,p’-DDE was also high 
in all eggs from 2007 and 2008, with a mean concentration of 3.29 ± 0.68 SE ng g
-1
, 
p,p’-DDE was not measured in eggs collected in 2006 (Figure 4.4).   
 
 
 
 
 
 
Figure 4.4. Mean concentration of dominant contaminants (BDEs 47, 99, 100, 153 and 154, PCBs 138, 153, 
180, and p,p’-DDE) measured in all egg samples.  
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In 2006, the egg collected from nest-site BB showed the highest level of contaminants, 
with a total concentration, of all contaminants above the limit of detection (BDEs 47, 
99, 100, 154, and PCBs 138, 153), of 51.95 ng g
-1
. This profile was dominated by BDE 
99 (25.16 ng g
-1
) and BDE 47 (14.85 ng g
-1
). All other contaminants ranged from below 
the limit of detection to 6.54 ng g
-1
 (BDE 100). In 2007, the egg from the B17 nest-site 
had the highest concentration of contaminants measured (BDEs 47, 99, 100, 153, 154, 
PCBs 138, 153, 180, and p,p’-DDE) with an overall concentration of 66.66 ng g-1. This 
egg also contained relatively high concentrations of BDE 99 (21.54 ng g
-1
) and BDE 47 
(14.29 ng g
-1
), plus p,p’-DDE (14.1 ng g-1). For all other contaminants concentrations 
ranged from below the limit of detection to 5.49 ng g
-1
 (BDE 100). In 2008, the egg 
from nest site TB had the highest concentration of contaminants (BDEs 47, 99, 100, 
153, 154, PCBs 180, and p,p’-DDE), with a total concentration of 49.74 ng g-1 for all 
contaminants. Once again, the contaminant profile was dominated by BDE 99, BDE 47, 
and p,p’-DDE (25 ng g-1, 8.12 ng g-1, and 6.35 ng g-1, respectively). All other 
contaminants ranged from below the limit of detection to 5.85 ng g
-1
 (BDE 100) (Figure 
4.5).  
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Figure 4.5. Total concentration of all contaminants (ng g-1) found in eggs collected at each site 
(concentration for nest-site B20 in 2007 is the mean of all four eggs collected). 
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SITE 
BDE 
28 
BDE 
47 
BDE 
66 
BDE 
85 
BDE 
99 
BDE 
100 
BDE 
138 
BDE 
153 
BDE 
154 
BDE 
183 
Detection            
limits (ng g
-1
) 0.64 0.64 0.64 0.64 0.64 0.64 0.64 0.64 0.64 0.64 
2006                     
BB <LOD 14.85 <LOD <LOD 25.16 6.04 <LOD <LOD 1.44 <LOD 
B2 <LOD 0.96 <LOD <LOD 1.41 <LOD <LOD <LOD <LOD <LOD 
B3  <LOD 4.93 <LOD <LOD 5.32 1.26 <LOD <LOD <LOD <LOD 
B20  <LOD 4.78 <LOD <LOD 4.53 1.53 <LOD <LOD <LOD <LOD 
B6A <LOD 2.18 <LOD <LOD 3.86 0.80 <LOD <LOD <LOD <LOD 
B17  <LOD 5.11 <LOD <LOD 6.46 1.74 <LOD <LOD <LOD <LOD 
HK  <LOD 4.96 <LOD <LOD 7.63 1.66 <LOD <LOD <LOD <LOD 
BMT <LOD 3.89 <LOD <LOD 6.53 1.27 <LOD <LOD <LOD <LOD 
BMW <LOD 12.22 <LOD <LOD 16.92 3.53 <LOD 1.04 0.87 <LOD 
RM <LOD 9.56 <LOD <LOD 16.76 3.30 <LOD 1.32 0.92 <LOD 
           
2007                     
B2  <LOD 2.47 <LOD <LOD 4.35 1.09 <LOD <LOD <LOD <LOD 
B3  <LOD 9.14 <LOD <LOD 14.32 4.10 <LOD 1.89 0.80 <LOD 
B20  1 <LOD 1.45 <LOD <LOD 1.82 0.64 <LOD <LOD <LOD <LOD 
B20  2 <LOD 0.68 <LOD <LOD 0.64 1.08 <LOD <LOD <LOD <LOD 
B20  3 <LOD 1.33 <LOD <LOD 1.35 <LOD <LOD <LOD <LOD <LOD 
B20  4 <LOD 9.39 <LOD <LOD 11.29 3.36 <LOD 0.88 0.73 <LOD 
B17  <LOD 14.29 <LOD <LOD 21.54 5.49 <LOD 1.73 1.06 <LOD 
HK  <LOD 2.37 <LOD <LOD 3.36 1.00 <LOD <LOD <LOD <LOD 
TM  <LOD 7.93 <LOD <LOD 14.61 3.45 <LOD 1.10 0.70 <LOD 
RM <LOD 5.11 <LOD <LOD 14.07 2.96 <LOD 1.49 <LOD <LOD 
GM  <LOD 2.60 <LOD <LOD 3.37 1.15 <LOD <LOD <LOD <LOD 
           
2008                     
BB  <LOD 3.47 <LOD <LOD 8.53 2.03 <LOD 0.98 1.72 <LOD 
B2  <LOD 5.00 <LOD <LOD 6.81 1.69 <LOD 0.84 <LOD <LOD 
B20  <LOD 3.08 <LOD <LOD 2.81 0.93 <LOD <LOD <LOD <LOD 
B17  <LOD 4.79 <LOD <LOD 7.45 7.45 <LOD 0.75 <LOD <LOD 
HK  <LOD 1.94 <LOD <LOD 3.29 0.89 <LOD <LOD 1.24 <LOD 
TM  <LOD 1.96 <LOD <LOD 3.38 0.81 <LOD <LOD 1.00 <LOD 
RM  <LOD 5.63 <LOD <LOD 9.23 2.49 <LOD 0.89 <LOD <LOD 
GM  <LOD 1.29 <LOD <LOD 1.25 <LOD <LOD <LOD <LOD <LOD 
LB  <LOD 1.75 <LOD <LOD 2.75 0.84 <LOD 0.65 1.00 <LOD 
SCB  <LOD 2.47 <LOD <LOD 4.04 1.01 <LOD 0.65 1.48 <LOD 
TB  <LOD 8.12 <LOD <LOD 25.00 5.85 <LOD 2.19 1.20 <LOD 
Mean <LOD 4.99 <LOD <LOD 8.12 2.22 <LOD 0.80 0.74 <LOD 
SE - 0.67 - - 1.21 0.33 - 0.08 0.06 - 
 
 
 
 
 
 
 
 
Table 4.3. Concentration of BDE congeners (ng g
-1
) analysed by GCMS for all eggs collected from nests 
during the 2006, 2007 and 2008 breeding seasons. Detection limits are noted for each congener, <LOD = 
below limit of detection for that congener. 
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SITE 
PCB 
28 
PCB 
52 
PCB 
101 
PCB 
118 
PCB 
138 
PCB 
153 
PCB 
180 HCB  
p,p’-
DDE 
p,p’-
TDE 
o,p’-
DDT 
p,p’-
DDT 
Detection              
limits (ng g
-1
) 1.00 1.00 1.00 1.00 1.00 1.00 1.00 1.00 1.00 1.00 1.00 1.00 
2006                         
BB <LOD <LOD <LOD <LOD 1.43 2.53 <LOD <LOD - <LOD <LOD <LOD 
B2 <LOD <LOD <LOD <LOD <LOD 0.99 <LOD <LOD - <LOD <LOD <LOD 
B3  <LOD <LOD <LOD <LOD <LOD 1.42 <LOD <LOD - <LOD <LOD <LOD 
B20  <LOD <LOD <LOD <LOD 2.19 4.17 <LOD <LOD - <LOD <LOD <LOD 
B6A <LOD <LOD <LOD <LOD <LOD 1.28 <LOD <LOD - <LOD <LOD <LOD 
B17  <LOD <LOD <LOD <LOD 1.28 2.37 <LOD <LOD - <LOD <LOD <LOD 
HK  <LOD <LOD <LOD <LOD 1.46 2.69 <LOD <LOD - <LOD <LOD <LOD 
BMT <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD - <LOD <LOD <LOD 
BMW <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD - <LOD <LOD <LOD 
RM <LOD <LOD <LOD <LOD <LOD 1.26 <LOD <LOD - <LOD <LOD <LOD 
             
2007                         
B2  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 1.75 <LOD <LOD <LOD 
B3  <LOD <LOD <LOD <LOD <LOD 1.16 <LOD <LOD 3.28 <LOD <LOD <LOD 
B20  1 <LOD <LOD <LOD <LOD 3.2 1.67 <LOD <LOD 2.18 <LOD <LOD <LOD 
B20  2 <LOD <LOD <LOD <LOD 1.56 1.23 <LOD <LOD 3.24 <LOD <LOD <LOD 
B20  3 <LOD <LOD <LOD <LOD <LOD 1.54 <LOD <LOD 2.47 <LOD <LOD <LOD 
B20  4 <LOD <LOD <LOD <LOD 2.8 5.66 1.13 <LOD 8.1 <LOD <LOD <LOD 
B17  <LOD <LOD <LOD <LOD 2.28 4.54 1.63 <LOD 14.1 <LOD <LOD <LOD 
HK  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 3.18 <LOD <LOD <LOD 
TM  <LOD <LOD <LOD <LOD 1.54 2.59 <LOD <LOD 5.63 <LOD <LOD <LOD 
RM <LOD <LOD <LOD <LOD 1.26 2.59 1.38 <LOD 5.66 <LOD <LOD <LOD 
GM  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 
             
2008                         
BB  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 1.47 <LOD <LOD <LOD 
B2  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 3.77 <LOD <LOD <LOD 
B20  <LOD <LOD <LOD <LOD 2.03 3.78 <LOD <LOD 3.85 <LOD <LOD <LOD 
B17  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 2.28 <LOD <LOD <LOD 
HK  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 2.43 <LOD <LOD <LOD 
TM  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 1.41 <LOD <LOD <LOD 
RM  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 2.14 <LOD <LOD <LOD 
GM  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 
LB  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 
SCB  <LOD <LOD <LOD <LOD <LOD <LOD <LOD <LOD 1.88 <LOD <LOD <LOD 
TB  <LOD <LOD <LOD <LOD <LOD <LOD 1.03 <LOD 6.35 <LOD <LOD <LOD 
Mean <LOD <LOD <LOD <LOD 0.98 1.53 0.60 <LOD 3.29 <LOD <LOD <LOD 
SE - - - - 0.13 0.25 0.05 - 0.68 - - - 
Table 4.4. Concentration of PCB congeners and OCPs (ng g
-1
) analysed by GCMS for all eggs collected from 
nests during the 2006, 2007 and 2008 breeding seasons. Detection limits are noted for each congener, 
<LOD = below limit of detection for that contaminant. 
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4.3.3.2.1. Contaminant profiles for eggs analysed by GCMS 
 
Analysis of contaminant concentrations in eggs revealed clustering based on 
contaminant profiles for each site (Figure 4.6). Clustering was evident for three of the 
four eggs of the single clutch (B20 B 1, B20 B 2, and B20 B 3) collected from the B20 
nest-site (Group 1), meaning that the contaminant loadings were consistent between the 
eggs in one clutch, and that no intra-clutch variation existed with reference to laying 
order (>0.05). The last egg from this clutch (B20 B 4) had a different contaminant 
profile and was not clustered. Various sites from different rivers clustered together, 
based on their contaminant profiles. These were eggs from nest-sites TM (2008), GM 
(2007), LB (2008), SCB (2008) on the River Inny, Site B6A (2006) on the River Wolf, 
Site B2 (2007) on the Lyd, and Site HK (2007 and 2008) on the Thrushel (Group 2). 
These sites had relatively low levels of all contaminants measured. Group 3 shows a 
clustering of contaminant profiles in eggs from nest-sites B17 for years 2006 and 2008, 
RM, BB and B2 from 2008, HK, B3 and BMT from 2006. The eggs from nest-sites BB, 
B17, and TB had the highest concentration of total contaminants in years 2006, 2007 
and 2008, respectively, and as such are clustered away from all other sites (Group 4).   
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 4.6. Multidimensional scaling ordination of the contribution of each contaminant analysed from 
the dipper eggs (measured by the Bray-Curtis dissimilarity coefficient) for each site. Data were not 
transformed. 
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Any difference between the contaminant profiles in each egg was tested by a two-way 
nested ANOSIM. This showed that there was no significant difference between the 
contaminants within the eggs (R = 0.31, P>0.05) from the different sites on different 
rivers for each year. There was no significant difference when the contaminant loading 
of each egg from sites on two rivers were compared to each other i.e. Lyd vs. Lew, Lyd 
vs. Thrushel, Lyd vs. Wolf, Lyd vs. Inny, Lew vs. Thrushel, Lew vs. Wolf, Lew vs. 
Inny, Thrushel vs. Wolf, Thrushel vs. Inny, Wolf vs. Inny (P>0.05). 
 
To characterise any differences between contaminant profiles and to determine average 
dissimilarity contribution of the different contaminants to each egg sampled, a SIMPER 
analysis was performed. This confirmed which contaminants were the driving forces 
behind site differences. 
 
Differing concentrations of BDE 99, BDE 47 and p,p’-DDE were identified as the 
driving force for any dissimilarity between contaminant communities of the Lyd and the 
Wolf, the Lew and the Thrushel, the Wolf and the Inny, the Thrushel and the Inny, the 
Lew and the Inny, the Lyd and the Inny, the Lyd and the Thrushel, and the Lyd and the 
Lew. Respective cumulative contributions of the three contaminants to the dissimilarity 
were 71.80 %, 66.35 %, 75.82 %, 75.83 %, 69.30 %, 72.68 %, 69.36 % and 68.34 %. 
The dissimilarity between the Wolf and the Thrushel was driven by the differing 
concentrations of p,p’-DDE, BDE 99 and PCB 153, with a cumulative dissimilarity 
contribution of 69.81 %. For the Lew and the Wolf, the dissimilarity was driven by the 
differing concentrations of BDE 99, BDE 47 and BDE 100, with a cumulative 
contribution of 68.79 %. 
 
A principal components analysis (PCA) plot was used to visualise the levels of 
correlation between the contaminant concentrations found in all eggs from each of the 
sites (Figure 4.7). That is, do contaminants show similar concentrations, relative to the 
overall concentration of the contaminant, in egg samples from the same river? Each data 
point on the plot represents a different contaminant. The more closely positioned 
contaminant plots are to each other the more the concentrations of the two contaminants 
correlate with each other.  
 
The PCA produced three principal components (PCs) with eigenvalues >1 (174.33, 
9.85, and 2.0 – the size of the eigenvalue indicating the importance of the component in 
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explaining the total variance in the data). The first two components, accounting for 91.3 
% and 5.2 % of the total variance in the data respectively, identified the relationships 
between contaminants the most accurately. The first principal component grouping 
(Group 1 on Figure 4.7) relates to the correlation between contaminants that were below 
the limit of detection, i.e. E1, E2, EE2, HCB, p,p’-TDE, o,p’-DDT, p,p’-DDT, BDE 
congeners 28, 66, 85, 138 and 183, and PCB congeners 28, 52, 101, 118, and 180. 
These contaminants were also situated close to zero for both of the principal component 
measurements, indicating that little of the variation seen for these contaminants can be 
explained using the principal components of the analysis.  
 
The two contaminants situated to the left of this group are BDE 100 and PCB 153.  
These contaminants are present in the dipper eggs at mean concentrations of 2.22 ± 0.33 
SE ng g
-1
 and 1.53 ± 0.25 SE ng g
-1
 (Tables 4.3 and 4.4) and, according to the PCA plot, 
correlate with each other to a high degree (Figure 4.7). The three outliers from this 
group are BDE congeners 47 (with a PC1 value of -27.59), BDE 99 (with a PC1 value 
of -52.88), and p,p’-DDE (with a PC1 value of -7.78 and a PC2 value of -14.11). The 
separation of these three congeners suggests that there are other factors which influence 
to a degree the relative concentrations of BDE 47, BDE 99, and p,p’-DDE in dipper 
eggs.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 4.7. Component score plot from principal component analysis: distribution of contaminants 
from different sites based on concentration (ng g
-1
 yolk). Group 1 contains all other contaminants 
analysed, as listed in Tables 4.3 and 4.4). 
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4.3.4. The relationship between contaminants in dipper eggs and contaminants in 
the environment 
 
Chapter Two assessed the level of contaminants in the river water collected close to 
each nest-site. A comparison of the loading of contaminants in the dipper eggs collected 
and the concentrations of these contaminants measured in the river at sites close to the 
dipper nest-sites is shown in Figure 4.9. There was a clear distinction between 
contaminant loadings in dipper eggs and loadings in river water. One exception to this 
was for the river sample TM where contaminant loading of BDE 47 (ringed in red) 
correlated with the loading of BDE 47 found in the eggs from nest-sites TM (2007 and 
2008), BMW (2006) and B3 (2006 and 2007), as ringed in blue. 
 
 
 
 
 
 
When the most commonly detected contaminants in both the river water samples and 
the dipper eggs were analysed by multiple regression, there was no significant 
relationship (P>0.05).  
 
4.3.4.1. Bioconcentration factor (BCF) of contaminants in dipper eggs 
 
Bioconcentration was determined in the eggs based on contaminants in the water 
column of the Tamar, and does not take into account bioconcentration from sediment or 
the food chain, as these contaminant concentrations were unknown. BCF values here 
Figure 4.9. Multidimensional scaling ordination of contaminant loadings found in river water samples 
and dipper egg samples (measured by the Bray-Curtis dissimilarity coefficient) at each site. Blue ring 
shows eggs from sites TM (2007 and 2008), BMW (2006) and B3 (2006 and 2007), red ring shows site TM 
(water sample). Data were square root transformed. 
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will be artificially high due to bioaccumulation, and biomagnification of contaminants 
up the food chain. The BCF of the various contaminants in the dipper eggs differed, 
with BDE 99 showing the highest BCF, with a mean of 181.16 ± 31.17 SE. The lowest 
BCF of the contaminants analysed was for BDE 153, with a mean of 7.24 ± 1.17 SE. 
BCF results for the contaminants analysed are shown in Table 4.5. BCF assessment was 
limited to the contaminants listed in the table, as all other contaminants were below the 
limit of detection in either the egg samples, the river water sample, or both, and so could 
not be determined. All mean BCF’s had a low potential BCF (<250, though some 
individual samples had a moderate potential BCF (250 – 1000; nest-sites BB and RM in 
2006 for BDE 99; B17, B20 and RM for BDE 99, and B17 for BDE 100 in 2007; and 
nest-sites B2 for BDE 99 and B17 for BDE 100 in 2008). There was a statistically 
significant relationship between the mean BCF and the mean concentration of 
contaminants in the eggs and the mean concentration of contaminants in river water 
samples when analysed by a regression (P=0.03).  
 
CONTAMINANT MEAN BCF SE RANGE 
BDE 47 
38.21 7.35 
1.17 - 
178.63 
BDE 99 181.16 31.71 6.5 - 718 
BDE 100 64.66 20.27 1.23 - 366 
BDE 153 7.24 1.17 2.13 - 26.03 
BDE 154 25.22 4.01 3.56 - 86 
 
 
 
 
4.3.5. Analyses of sperm trapped in the PVM of dipper eggs 
 
The results from the sperm analysis showed varying numbers of spermatozoa from site 
to site, and from year to year, and ranged between 3 and 188 individual spermatozoa. 
The mean number of sperm for all three years was 68.78 ± 8.78 SE per PVM (Figure 
4.10). Surface area for each PVM surrounding the yolk, and therefore the ovum itself, 
was determined by 4πr2. Each yolk radius was between 5 and 6 mm, giving surface 
areas of between 314.16 mm
2
 and 452.40 mm
2
.  
 
 
 
Table 4.5. Bioconcentration factors (BCF) for contaminants BDEs 47, 99, 100, 153, 154. Range is over all 
nest-sites.    
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4.3.5.1. Inter- and intra- river, and intra-nest analysis of sperm number  
 
An inter- and intra-river analysis of sperm numbers for the eggs collected over the three 
years of study is shown in Figure 4.10. All sites (on the same river and across rivers) 
clustered together, except for the egg collected at nest-site B2 in 2006 (as ringed on 
Figure 4.11). Sites clustering to the left of the figure had low numbers of sperm, while 
those clustering to the right had higher numbers. The egg collected from nest-site B2 in 
2007 was not used in this analysis as the yolk (and PVM) of this egg had stuck to the 
inside of the eggshell. The PVM, therefore, could not be removed in a suitable state to 
allow analysis, and so sperm number could not be determined. There was also no 
significant difference in the number of sperm analysed in the eggs from one clutch at 
site B20 in 2007. 
 
Any differences in sperm number between each nest-site were tested by a two-way 
nested ANOSIM, with year nested within river (Clarke & Gorley, 2001). This showed 
that there was a significant difference between rivers when all nest-sites within that 
river were considered collectively, i.e. there was an inter-river variation (R=0.278, 
P=0.04). Pairwise data for rivers (as a whole) were also analysed, but showed no 
significant difference between any of the rivers (P>0.05). 
Figure 4.10. Total sperm number for each egg 
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4.3.5.2. Sperm morphology 
 
Analysis by microscope revealed that the head of each sperm was similar to those 
previously described in other passerines, having a relatively long, helical head, 
approximately 5-10 µm in length, with the flagellum usually doubling this length, when 
visible. Many of the sperm identified were of this type and so were classed as ‘normal’ 
(Plates 4.1A and 4.1B). Several were found to have slight aberrations and thus were 
classed as ‘abnormal’. Assessment of abnormalities were subjective as a detailed analysis 
could not be undertaken; a detailed analysis would require fresh dipper sperm (rather than 
sperm trapped in the PVM) to be analysed by scanning electron microscopy (SEM). 
Abnormalities ranged from a slight kink in the sperm head to a complete folding of the 
sperm head; these were deemed ‘abnormal’ as they differed from the normal ‘helical’ 
appearance (Plates 4.2A and 4.2B). These abnormal sperm may have been due to how the 
sperm entered the PVM and at which angle, and how the sperm and PVM are fixed to the 
microscope slide, or this may have been part of their morphology. The proportion (%) of 
normal versus abnormal sperm, per egg, per year is shown in Figure 4.12. Percentage of 
abnormal sperm showed no statistically significant correlation with the main 
contaminants (BDEs 47, 99, 100, PCB 153, and p,p’-DDE) found within the eggs, when 
analysed by a regression (P>0.05). Data were Box-Cox transformed to ensure normality. 
Figure 4.11. Multidimensional scaling ordination of the contribution of sperm number (measured by 
the Bray-Curtis dissimilarity coefficient) at each site. Data were not transformed. 
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  Plate 4.1A. Dipper sperm classified as ‘normal’, stained with Hoescht 33342. Note the helical heads.  
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  Plate 4.1B. Dipper sperm classified as ‘normal’, stained with Hoescht 33342. Note the helical heads. 
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   Plate 4.2A. Dipper sperm showing different levels of abnormality, stained with Hoescht 33342. Note  
   the aberration from the ‘normal’ helical heads. 
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  Plate 4.2B. Dipper sperm showing different levels of abnormality, stained with Hoescht 33342. Note  
   the aberration from the ‘normal’ helical heads. 
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 Figure 4.12. Proportion (%) of sperm classified as normal or abnormal, for the years 2006, 2007 and 2008 
(eggs collected from the Tamar catchment). Values are actual sperm numbers.  
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4.3.5.2.1. Welsh dipper sperm number and morphology 
 
Of the 24 eggs collected in Wales, in 14 of these, brood incubation had already been 
initiated, and it was possible to analyse sperm from only 10 of these samples. The 
number of sperm found on the PVM of the 10 Welsh eggs ranged from 21 to 64 per 
PVM, with a mean of 44.4 ± 3.07 SE, which was lower than the mean number for sites 
on the Tamar. Figure 4.13 shows sperm number and the proportion (%) of sperm 
classified as ‘normal’ and ‘abnormal’.  
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4.3.5.2.2. Analysis on sperm number in relation to nest-site location and distance of 
nearest WwTW's effluent discharge 
 
The distance of the nest-site and the nearest WwTW's effluent discharge or industrial 
input ranged from 0 to 14.7 km (mean 6.1 km ± 0.18 SE). There was no significant 
relationship between sperm number or number of ‘abnormal’ sperm and the location of 
the discharge. 
 
 
Figure 4.13. Proportion (%) of sperm classified as normal or abnormal, for the Welsh dipper eggs. Values 
are actual sperm numbers.  
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4.4. DISCUSSION 
 
The finding of at least 16 breeding pairs of dippers throughout the lower half of the 
Tamar catchment suggests that the dipper is relatively common along the River Tamar 
and its triburaries. Breeding dippers were concentrated in the central catchment, and this 
was in agreement with data supplied by the EA from a survey carried out in 1998; 
though, as mentioned above, this survey only recorded sightings of dippers rather than 
known nests. North and east of 50°39’9”N 4°13’6”W and north and west of 50°38’2”N 
4°33’3”W (within the catchment) breeding dippers were scarce. There are certain 
criteria as suggested by Ormerod et al., (1985), that are related to abundance of 
breeding dippers. These criteria include; altitude and gradient of river – dippers usually 
nest at altitudes between 50 and 300 m, though altitude may be immaterial if gradient is 
between 2.5 to 20 m km
-1
 (Marchant & Hyde, 1979); water depth and area of riffles – 
dippers prefer to feed in riffles and river margins, where shallow water passes over 
stones and small rocks, this is also closely dependent on gradient; nest and roost site – 
where banks are low and riverside trees are absent, man-made walls and bridges become 
important (Tyler & Ormerod, 1994); food supply in terms of quality, quantity and 
availability - dipper abundance is partly determined by availability of food, which itself 
can be dependent on physographic features, including gradient and riffles (Tyler & 
Ormerod, 1994).  
 
4.4.1. Nest-sites and prey availability in the Tamar catchment 
 
It had been suggested that the presence or absence of breeding dipper pairs is, at least in 
part, a function of food availablilty, with abundance of dippers on rivers during the 
breeding season related to the abundance of stream invertebrates known to be important 
prey to dippers (Ormerod et al., 1985; Ormerod et al., 1986; Tyler & Ormerod, 1994). 
Mason & Macdonald (1982) proposed that broad leaved tree cover was not only 
important for providing nesting sites (Shaw, 1978), but may also enhance the supply of 
terrestrial prey items. Large areas of river margins and riffles are known to provide high 
quality feeding habitat for dippers (Ormerod et al., 1985). The absence of dippers in the 
northern part of the Tamar catchment was probably a consequence of a number of the 
factors set out above. There was poor availability of nesting areas as this region was 
dominated by open farmland, low banks and little riparian tree cover, and in many of 
the areas surveyed, there were few riffles. The EA carry out fish and invertebrate 
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surveys on an annual basis and these surveys suggest that bullheads are abundant all 
over the catchment, as are invertebrates, though data on individual invertebrate species 
was not available. This would imply, therefore, that nesting dippers are absent in these 
areas due to poor nest-sites and lack of suitable feeding areas, i.e. riffles, rather than a 
lack of appropriate prey. Areas in the lower half of the catchment had high banks, a 
large number of riffles and broad leaved tree cover providing excellent habitat for 
breeding dippers. Some areas, especially stretches of the rivers Inny and Lyd, also had 
an abundance of man-made structures. TB, SCB, LB, GM, and RM nest-sites on the 
Inny are all located under old granite bridges. Apart from nest-site RM, the nests were 
found in cracks in the pointing where the granite slabs meet. The nest at site RM was on 
a ledge built specifically for dipper nests. All of the sites where eggs were collected had 
riparian tree cover, usually stretching along both sides of the bank, and a large number 
of riffles within that dipper pairs territory. Although altitude and gradiant were not 
measured, rivers were fast flowing and provided the breeding dippers with suitable nest-
sites and prey. 
 
Macroinvertebrate sampling of the lower Tamar and its tributaries, as discussed in 
Chapter Two, proved the catchment to have a highly diverse macroinvertebrate 
community, providing good feeding grounds for the dipper at all sites sampled. The diet 
of dippers in Norway has been investigated by faecal analysis (Ormerod et al., 1987). 
Adult and nestling diets were similar, consisting mainly of the nymphs and larvae of 
Baetidae (Ephemeroptera; mayflies), Leuctridae, Nemouridae (Plecoptera; stoneflies), 
Hydropsychidae, Limnephilidae, and Rhyacophiladae (Trichoptera; caddisflies). 
Although faecal analysis was not carried out for dippers on the Tamar, the 
macroinvertebrate species associated with the dippers diet in Norway were very similar 
to those kick-sampled at the different sites around the Tamar catchment. Horváth (2002) 
studied the diet of dippers in the Aggtelek Karst, Hungary, again by faecal analysis. 
Dippers here are rare, endangered and highly protected, and many rivers are extremely 
polluted, causing invertebrate wildlife to become extremely poor. The majority of the 
diet consisted of mainly Gammarus spp (42 – 78 %) and Trichoptera spp (5 – 35 %). 
Gammarus and the Trichoptera species found in the Aggtelek Karst are more indicative 
of polluted waters, scoring low on the BMWP system (4.7 and 6.6, respectively). There 
were large numbers of Gammarus and different Trichoptera species found at all sites 
within the Tamar catchment, as well as Ephemeroptera and Plecoptera species. This 
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suggests that the diet of dippers from the Tamar are similar to that of dippers in both 
Hungary and Norway.  
 
 4.4.2. Environmental contaminants in dipper eggs 
 
The contaminant profile for all dipper eggs analysed from the Tamar catchment were 
dominated by five main contaminants; BDE 99, BDE 47, BDE 100, BDE 153 p,p’-
DDE, and PCBs 153, 138 and 180.  
 
4.4.2.1. PBDEs 
 
This study shows for the first time the presence of PBDEs in the eggs of dippers from 
the South West of England. The results revealed the presence of a very specific PBDE 
profile, dominated by BDEs 99, 47 and 100. BDE 99 was the dominant congener, with a 
mean for all years of 8.91 ± 1.21 SE ng g
-1
 lipid. The mean concentration of BDE 47 
was 4.99 ± 0.67 SE ng g
-1
 lipid, and the mean concentration of BDE 100 was 2.22 ± 
0.33 SE ng g
-1
 lipid.   
 
The results showed that in the dipper eggs BDE 99 was found in higher concentrations 
than BDE 47, and BDE 100 was 70 % lower than BDE 99. This is an unusual result, 
especially in aquatic fauna. In commercial ‘penta-BDE’ mixtures (associated with the 
manufacture of polyurethane foam; Hale et al., 2003), these three congeners are in the 
following proportions: BDE 99 = 48 %, BDE 47 = 36 %, BDE 100 = 10 %, but once in 
the aquatic environment, due to its mobility, it is the congener with fewer bromine 
molecules that dominates, i.e. BDE 47 (Hites, 2004). This was demonstrated by the 
results of PBDE analyses in the surface waters of the Tamar catchment, where levels of 
BDE 47 were consistently 200 % higher than levels of BDE 99. BDE 100 levels in the 
Tamar catchment were also slightly higher (20 %) than levels of BDE 99.  
 
There are few studies that have demonstrated higher levels of BDE 99 (than BDE 47) in 
aquatic fauna. A study by Morrissey et al. (2010) measured these same BDE congeners 
in the eggs of dippers from various sites in South Wales and eggs from the American 
dipper Cinclus mexicanus from various sites in Western Canada. Interestingly, 
American dipper eggs also showed higher levels of BDE 99 (3.3 ng g
-1
) than BDE 47 
(2.5 ng g
-1
), whereas results from the eggs of the dipper in Wales showed a profile 
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dominated by BDE 47 (10.8 ng g
-1
), although BDE 99 was lower (9.3 ng g
-1
), but not 
significantly so. Morrissey et al. (2010) concluded that egg contaminant accumulation 
patterns were associated with stream hardness and acidity, as a result of the available 
prey (as assessed using stable isotope analysis), as well as contaminant loadings in the 
environment. 
 
BDE 99 has also been found in slightly greater proportions than BDE 47 in the zebra 
mussel Dreissena polymorpha (37 and 36 %, respectively). When other species, 
including the carp, the eel and the gibel carp Carassius auratus gibel carpio, from same 
sites were examined, BDE 47 was the dominant congener (63–82%) followed by BDE 
100 (9–24%). BDE 99 was present, but only a much lower proportion (6 %; Covaci et 
al., 2005). 
 
In most studies, BDE 47 is usually found in much greater concentrations than both BDE 
99 and 100, primarily due to significant debromination in the organism, where BDE 99 
is converted to BDE 47. Also of importance is the difference in the bioavailability of the 
BDE congeners and differences in their ability to be metabolised (Stapleton & Baker, 
2003). It was demonstrated in marine organisms from Bohai Bay that BDE 47 
dominated all of the fauna studied, and that the concentration ratios between congeners 
(BDE 99/BDE 100 and BDE 99/BDE 47) were found to decrease with increasing 
trophic levels. This suggests that trophic-level-dependent concentrations ratios between 
BDE 99 and BDE 100 were contributed to by trophic level-dependent biotransformation 
between BDE-99 and BDE 47. This therefore resulted in the dominance of BDE 100 
over BDE 99, and the high trophic magnification of BDE 47 in the marine food web 
(Wan et al., 2008). Suspected debromination has also been suggested in trout from Lake 
Michigan, as these trout were depleted in BDE 99 relative to dissolved phase 
concentrations. This was in contrast to what was expected from the PBDE congener 
patterns when a regression of the log BAFs and log Kow indicated that there was a 
positive relationship for PBDE congeners. BDE 99 did not follow the same trend, 
giving a further indication that BDE 99 is subject to biotransformation (Streets et al., 
2006). Indeed, Stapleton et al (2004) proposed that debromination of PBDEs occurs 
within fish tissues leading to appreciable accumulation of less brominated congeners, 
and suggests that PBDE body burdens can reflect both direct uptake from exposure and 
debromination of more highly brominated congeners. 
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In a study by Hites (2004) it was determined that in aquatic fauna including marine 
mammals, birds from the Great Lakes, USA, and fish from Europe and North America, 
it was BDE congener 47 that clearly dominated, although BDE 99 was the second most 
prolific congener determined. However, in a study by Polder et al (2008), it was found 
that concentrations of BDE 99 were the most abundant in the eggs of the sacred ibis 
Threskiornis aethiopicus, explained by the habit of this wading bird to forage in waste 
dumps. Other sources of food are fish and insects, similar to that of the dipper.  
 
BDE 99 also dominates congener profiles in terrestrial predators. Jaspers et al (2005) 
determined in eggs of the little owl Athene noctua, the PBDE profile was dominated by 
congener 99, and suggested that as this profile differed from the profile of piscivorous 
birds, that birds living in a terrestrial environment may be more exposed to higher 
brominated BDE congeners than aquatic birds. The little owls diet comprises mainly of 
insects, earthworms and mice, with passerines only hunted occasionally. The proportion 
of BDE 99 in the dippers eggs, in relation to the proportion of BDE 47 was also similar 
to that of the peregrine falcon in a study by Law et al (2003), although in Law’s study 
BDE 99 did not dominate the profile. Profiles where BDE 99 concentrations are higher 
than BDE 47 are generally in the eggs of birds of prey that feed on other birds, for 
example, the peregrine falcon. Even in birds of prey with similar diets there are 
differences in congener profiles, as the BDE 47 dominated profile of the sparrowhawk 
demonstrated (Law et al, 2003).  
 
The BDE 99 dominated profile of the dippers in this study is hard to explain, especially 
considering the dippers aquatic lifestyle. There would appear to be no specific point 
source of BDE congener 99 as similar proportions were measured in all eggs throughout 
the Tamar catchment, and levels in the surface waters were also consistent throughout. 
These results show the importance of the trophodynamics and biotransformation of 
these contaminants in aquatic food webs. Further investigation into the contaminant 
profiles of the dippers prey, i.e. macroinvertebrates and small fish/fry would be 
invaluable in determining exposure routes and bioaccumulation and biomagnification. 
This would also be an important criterion for assessing the ecological risk of these 
contaminants. 
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4.4.2.2. p,p’-DDE and PCBs  
 
No derivatives of DDT other than p,p’-DDE were found in dipper eggs, and indeed, 
p,p’-DDE was found to be the most common organochlorine, with a mean concentration 
of 3.29 ± 0.68 SE ng g
-1
, measured in all eggs from 2007 and 2008 (2007 mean = 4.55 ± 
1.15 SE ng p,p’-DDE g-1, 2008 mean = 2.03 ± 0.54 SE ng p,p’-DDE g-1). In comparison 
to other studies on dipper eggs, where mean concentrations ranged between 680 ng g
-1 
(O’Halloran et al., 1993) and 3.54 µg g-1 (Ormerod and Tyler, 1992), these 
concentrations were very low. The use of DDT based pesticides was banned in Europe 
in the 1980s, and concentrations in the environment are becoming less and less. But 
p,p’-DDE is very persistent and very resistant to metabolism, so p,p’-DDE is still 
present at detectable concentrations due to bioaccumulation and biomagnification. One 
of the most recent studies on contaminants in dipper eggs (Morrissey et al., 2010) found 
levels of p,p’-DDE at 129 ng g-1. Though much lower than the studies by O’Halloran et 
al. (1993) and Ormerod and Tyler (1992), these concentrations are still nearly 40 times 
higher than those found in this study.  
 
A further study in south western Ireland by O’Halloran et al (2003), demonstrated that 
p,p’-DDE loadings in dipper eggs remained fairly constant at approximately 1 µg g-1, 
between the years 1990 and 1999. In dipper eggs from the Tamar, there was a decline 
seen in the concentration of p,p’-DDE between the years of 2007 and 2008, although 
this was not statistically significant (ANOVA, P>0.05). In general, however, there has 
been a significant long term decline in p,p’-DDE concentrations reported for many 
European bird species, with the steepest declines occurring before 1990 (Newton et al, 
1993; Fasola et al, 1998). At the time of the O’Halloran et al study in 2003, it was 
theorised that concentrations of p,p’-DDE at 1 µg g-1, were likely to represent persistent 
background levels for that area of Ireland. The levels of p,p’-DDE in this study are 
likely to represent persistent background levels for the Tamar catchment.  
 
Of the PCB congeners measured, PCB 153 was the most abundant (mean for all three 
years 1.55 ± 0.24 SE ng g
-1
). However, this was quite low in comparison to other studies 
where mean concentrations of PCB 153 in dipper eggs were found to be as high as 57.1 
ng g
-1
 on the lower stretches of the River Mule, Wales, (Ormerod et al., 2000) and 34.1 
ng g
-1
 in dipper eggs from Norway (Kallenborn et al., 1998), and in 2010, Morrissey et 
al. found PCB 153 at a mean concentration of 13.6 ng g
-1
 in dipper eggs from 
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catchments of the Wye and Tywi. O’Halloran et al (2003), in a study which examined 
the PCB concentrations in eggs over a period of 10 years, found PCB 153 to be the most 
dominant PCB congener, with levels in the range of 1 µg g
-1
, though there was a 
consistent decline in levels between 1994 and 1999. Levels of PCB 153 in dipper eggs 
remained fairly constant throughout the three years of this study, with mean 
concentrations of 1.77 ± 0.37 SE ng g
-1
 for 2006, 2.04 ± 0.51 SE ng g
-1
 for 2007, and 
0.80 ± 0.30 SE ng g
-1
 for 2008, with no statistically significant difference between years 
(ANOVA >0.05).  
 
PCB 153 is also the most frequently abundant congener in other bird species. A survey 
on PCB congeners in the eggs of six different species of raptor found mean 
concentrations of PCB 153 at concentrations of 12.9 ng g
-1
 in the barn owl Tyto alba, 
16.27 ng g
-1
 in the long-eared owl Asio otus, and a mean of 17.21 ng g
-1
 in eggs from 
the kestrel Falco tinnunculus, the marsh harrier Circus aeruginosus, the black kite 
Milvus migrans, and the imperial eagle Aquila heliaca (Kubistova et al., 2003). This 
PCB has also been found in the eggs of the little owl Athene noctua, at a mean 
concentration of between 0.78 and 23 µg g
-1
 (Jaspers et al., 2004; 2005). These birds are 
all top predators feeding mainly on terrestrial prey.  
 
These studies also showed high levels of PCBs 138 and 180 in the eggs of birds (means 
of 9.08 ng PCB 138 g
-1
 and 7.48 ng PCB 180 g
-1
 in barn owl eggs, and means of 9.87 ng 
PCB 138 g
-1
 and 9.68 ng PCB 180 g
-1
 in eggs from the kestrel, the marsh harrier, the 
black kite, and the imperial eagle). These congeners are present in the environment 
because of the use of commercial products with higher content of high-chlorinated 
PCBs (PCB 138, 153 and 180). The elevated levels of these higher chlorinated 
congeners in the eggs of raptors and other bird species (compared to lower chlorinated 
biphenyls), are due to the tendency of higher chlorinated biphenyls to bioaccumulate 
and biomagnify due to their persistence in the environment. PCB 138 was also detected 
in dipper eggs, consistently so in eggs from site B20 over the three years of study (Table 
4.4). This, along with consistent levels of PCB 153 in eggs from this site, would suggest 
an industrial input of some kind, possibly of Aroclor 1260, a common constituent of 
transformer or capacitor oil, upstream of here. The only known input upstream of site 
B20, however, is a small WwTW's (PE = 282), approximately 3.8 km upstream. These 
data, therefore, imply that there may be an unauthorised discharge that remains 
undetected. The input of Aroclor 1260 has also been suggested in other studies where 
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PCB 138 and 153 are dominant constituents of the total PCBs determined in dipper eggs 
(Ormerod et al., 2000; O’Halloran et al., 2003). 
 
While passerines are very effective monitors of pattern and sources of contaminants, 
they reveal no adverse effects to PCBs at concentrations greater than any recorded 
species range (Ormerod et al., 2000). In the glaucous gull Larus hyperboreus, however, 
levels of total PCBs have been measured at between 185.1 ng g
-1
 and 630.8 ng n
-1
 and 
have been shown to have detrimental effect on parental behaviour; the proportion of 
time absent from the nest site when not incubating and the number of absences were 
both significantly related to blood concentration of PCB, possibly as a result of 
endocrine disruption (Bustnes et al., 2001). 
 
While the PCB concentrations revealed by dipper eggs may not cause any 
developmental or behavioural effects, they may be able to indicate exposure of other 
sensitive wildlife to EDCs, such as riparian mammals (Ormerod et al., 2000). In 
addition to trophic level effects, there may also be a potential effect when these 
contaminants are transferred from generation to generation. An effect that has been seen 
to occur in successive generations of oldfield mice, Peromyscus polionotus (McCoy et 
al., 1995) and mink, Mustela vison after consumption of PCB contaminated carp 
(Restum et al., 1998). 
 
Ormerod et al (2000) investigated the effects of PCBs on breeding dippers in Wales, 
and while finding that there was no significant reduction in dipper breeding 
performance, they did suggest that tying contaminants found in their eggs to specific 
locations was possible. This was because eggs are formed from recently ingested lipids, 
and these lipids (via diet) are usually from within the dippers small and discrete home 
range of between 300 and 2500 m, depending on territory. The level of PCBs found in 
the eggs of tree swallows was also found to correlate closely with their local 
environment, and supported this hypothesis (Custer et al., 1998). This could possibly be 
the case for site B20, which had consistent levels of PCBs 138 and 153 detected in eggs 
from that site. But, the widespread occurrence of all other contaminants with no 
apparent trend between the different sites and different rivers, suggests that in the Tamar 
catchment there are no point sources of these pollutants, but rather a widespread, low 
level contamination.  
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PCBs and PBDEs were not measured in the Welsh dipper eggs supplied for this study. 
The previous Welsh dipper eggs studies took place between 8 and 16 years earlier than 
this study. It would therefore be interesting to observe whether any appreciable decline 
in contaminants (PCBs and p,p’-DDE) had taken place during this time, and how 
contaminant concentrations would compare to those found in the Tamar catchment.  
 
Table 4.6 shows a comparison between the results of contaminant measurements in the 
bird eggs of different species, including a number of studies on the dipper. 
 
4.4.2.3. Bioconcentration and biomagnification factors 
 
Analysis revealed that there was no significant relationship between the concentration 
of PBDEs (BDEs 47, 99, 100, 153 and 154) in the river water and those detected in the 
dipper eggs. Because analysis of the river water samples showed levels of many 
contaminants to be below the limit of detection, comparisons with the dipper eggs could 
not be performed. This is not to say that the pollutants in the eggs are only sequstered 
from the ambient water, as a more likely route is via the food chain. In this study, 
analysis of contaminants in prey species was not conducted, so conclusions cannot be 
drawn about bioaccumulation and biomagnification. 
 
While the most commonly detected PBDE in the river water samples was BDE 47, in 
the dipper eggs, it was BDE 99. BDE 47 is a tetra-BDE and has fewer bromines than 
BDE 99, and so is more mobile and as a result, has a tendency to leach into freshwater 
and marine ecosystems. BDE 99 is slightly heavier and although still mobile, and just as 
likely to leach into the environment, biotransformation of BDE 99 to BDE 47 has been 
shown to occur (Stapleton & Baker, 2003; Stapleton et al., 2004; Streets et al., 2006; 
Wan et al., 2008). Higher BDEs, such as BDE 153, 154 and 209 (not tested for here) are 
more likely to become associated with particulate matter of sediments and soils. 
Dippers, as predators, are likely to bioaccumulate contaminants as they biomagnify up 
the food chain (Gama et al., 2006; Whittle et al., 2007).  
 
The study by Morrissey et al (2005) looked at biomagnification of contaminants 
through the food chain, based on the diet of the dipper comprising 67 % 
macroinvertebrates and 33 % salmon fry. This led to a BMF of 73.9 for PCB’ and 12.5 
for p,p’-DDE.  
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Bird species Indicator contaminants (mean ng g-1 lipid)           Source 
  BDE 47 BDE 99 BDE 100 BDE 153 
BDE 
154 
PCB 
138 
PCB 
153 
PCB 
180 
p,p'-
DDE   
Dipper 4.99 8.12 2.22 0.80 0.74 0.98 1.53 0.60 3.29 This study, 2010 
Dipper 
        
680.00 O’Halloran et al., 2003 
Dipper 
      
1000.00 
  
O’Halloran et al., 1994 
Dipper 
        
3540.00 Ormerod & Tyler, 1992 
Dipper 
      
57.10 
  
Ormerod et al., 2000 
Dipper 
      
34.10 
  
Kallenborn et al., 1998 
Dipper 10.80 9.30 3.10 0.80 
 
11.90 13.60 7.00 129.00 Morrissey et al., 2010 
American dipper 2.50 3.30 1.00 0.80 
 
3.80 4.80 2.40 9.40 Morrissey et al., 2010 
Kestrel 
     
10.50 15.80 9.30 
 
Kubistova et al., 2003 
Black kite 
     
6.47 14.97 9.00 
 
Kubistova et al., 2003 
Imperial eagle 
     
17.20 26.30 13.10 
 
Kubistova et al., 2003 
Marsh harrier 
     
11.50 17.70 8.90 
 
Kubistova et al., 2003 
Barn owl 
     
9.08 12.90 7.48 
 
Kubistova et al., 2003 
Little owl* 24.40 33.70 3.30 24.90 3.90 484.00 590.00 338.00 826.00 Jaspers et al., 2005 
African darter 1.20 0.20 3.00 5.20 6.60 
    
Polder et al., 2008 
Reed cormorant 1.80 1.00 2.30 1.80 4.70 
    
Polder et al., 2008 
Cattle egret <LOD 0.10 <LOD 0.20 0.04 
    
Polder et al., 2008 
Sacred ibis 11 46 18 64 18 
    
Polder et al., 2008 
Kelp gull 5.3 1.3 1.4 <LOD 1.1 
    
Polder et al., 2008 
White fronted 
plover 2.6 2.2 0.5 0.5 0.6         Polder et al., 2008 
* All results  for this species are median concentration (ng g-1)       
 
Table 4.6. Mean contaminant concentrations (ng g-1 lipid) in different species of bird. 
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Because contaminant residues were not analysed from proportions of the dipper 
assumed diet (macroinvertebrates and fish), BMF’s could not be determined. BCF’s 
(usually determined in fish due to absorption direct from the water via surfaces such as 
the gills and skin, plus diet), were calculated for the Tamar dippers, and found to have a 
range of between 1.23 and 718, depending on the contaminant. Ranges for BDE 99 
were much higher than BDE 47 due to the relative proportion found in the river water 
and the dipper eggs. 
 
Contaminants enter watercourses through a variety of means, usually from industrial 
discharges and WwTW's. Some studies have hypothesised on atmospheric deposition 
and biological transport (from fish) as a major source of these pollutants.  
 
4.4.2.4. Possible sources of organic pollutants in dipper eggs in the Tamar 
catchment 
 
It has been demonstrated that atmospherically deposited organic pollutants, including 
PBDEs and PCBs, have contaminated freshwater ecosystems (Morrissey et al., 2005). 
Morrissey et al (2004; 2005) identified sources, and the biomagnification of, 
environmental contaminants in the American dipper C. mexicanus from the Chilliwack 
River, Western Canada. Contaminants analysed included PCBs, and p,p’-DDE. PCBs 
138, 153 and 180 showed high levels in the eggs of C. mexicanus, with PCB 153 having 
the highest concentration, contributing up to 30 % of total PCBs. The mean total PCBs 
and p,p’-DDE in the study by Morrissey et al (2005) were found to be 33 times and 300 
times higher, respectively, than the mean totals found in dipper eggs in this study from 
the Tamar catchment. Morrissey et al (2005) concluded that atmospheric deposition, 
brought in by the prevailing winds over the catchment were a major source of these 
contaminants. 
 
The River Tamar receives prevailing westerly’s off the Atlantic Ocean, and although 
atmospheric deposition has been established as one source (Morrissey et al., 2005), 
other sources of contamination by PBDEs and PCBs to the Tamar include domestic and 
industrial discharges into the catchment (point source and diffuse), and the biological 
transport of pollutants. Studies have shown that biological transport of PBDEs and 
PCBs is a potential source to a watershed (Morrissey et al., 2005). In the Pacific NW, 
spawning salmon were identified as potentially important sources of persistent 
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chlorinated hydrocarbons to rivers and lakes (Ewald et al., 1998; Krummel et al., 2003). 
The River Tamar and its tributaries have important populations of Atlantic salmon and 
sea trout (Salmo trutta), suggesting that biological transport by large populations of 
anadromous species, such as salmonids, would be an important source of PBDEs and 
PCBs to the Tamar catchment carried in from the Atlantic Ocean. Migrating salmon 
(Salmo and Oncorhynchus spp), which acquire marine derived nutrients in addition to 
organic contaminants during time at sea, have potential to elevate loads of organic 
pollutants to streams and lakes directly through deposition of roe and decaying 
carcasses (Krummel et al., 2003). Since a considerable proportion of the mass of salmon 
in streams enters the aquatic and terrestrial food chain through direct consumption of 
eggs and flesh, then transfer of contaminants is an important pathway (Naiman et al., 
2002). Because of the persistence and bioaccumulation potential, contaminants are 
rapidly assimilated in tissues and biomagnified up food chains (Kidd et al., 1995).  
 
4.4.3. Spermatozoa number in the PVM 
 
When the quantity of avian sperm trapped in the PVM of eggs has previously been 
assessed (Birkhead et al., 1994; Birkhead and Fletcher, 1998; Malecki & Martin, 2003; 
Birkhead et al., 2006; Birkhead et al., 2007), it has generally not been in relation to 
environmental contaminants. To date, no sperm analysis has been carried out on 
dippers. Number of sperm trapped in the PVM provides an assessment of fertility in 
most birds, giving an estimate of sperm numbers supplied to the egg for fertilisation. 
Technically, only a single sperm is necessary for fertilisation in most organisms, but in 
birds, relatively large numbers are typically associated with the ovum and PVM at the 
time of fertilisation (Birkhead et al., 1994, Steele et al., 1994). The ratio of trapped to 
penetrating sperm of the PVM has been studied by Birkhead et al., (1994) who 
suggested that differences between bird species may be due to species-specific sperm 
penetrating capacity or the thickness of the PVM.   
 
Analysis of the whole PVM surface area of the dipper, which ranged in size from 314 
mm
2
 to 452 mm
2
, showed total sperm counts of between just three and 188, with an 
average of 68.78 ± 8.78 SE for all 33 eggs collected over the three years. These 
numbers correlated well with other passerine species for which sperm numbers have 
been assessed. Török et al., (2003) found that in the collared flycatcher Ficedula 
albicollis, the average number of sperm per whole PVM was between 80 and 90. This 
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result was determined from the first egg laid in the clutch clutch. In 1998, Birkhead and 
Fletcher found that the average number of sperm trapped in the PVM per ovum of the 
zebra finch Taeniopygia guttata was between 30 and 40.  
 
Birkhead et al (1994) conducted a comparative study on the number of sperm trapped 
on the PVM in the eggs of 27 different species of bird. The total number of sperm 
varied between 29 and 164,000 per egg among species and was significantly and 
positively correlated with size of the ovum. Most analysis on sperm number in birds has 
been carried out on non-passerine species, in particular, the domestic fowl Gallus 
domesticus, in relation to its importance in the poultry and egg industry. In 1987, 
Wishart demonstrated that the domestic fowl had as many as 99,000 sperm associated 
with the PVM. Other studies have included the ostrich Struthio camelus, another non-
passerine and the largest species of bird, which was found to have 364 ± 45 SE sperm 
per 1 mm
2
 of PVM over the germinal disc (Malecki and Martin, 2003).  
 
The number of sperm associated with the PVM of avian ova relates positively and 
allometrically with ovum size across bird species (Birkhead et al., 1994). This is 
presumably because on larger ova the GD is a relatively small target and hence 
disproportionately more sperm are necessary to ensure fertilisation (Birkhead et al., 
1994). Therefore, the minimum number of sperm to ensure fertilization, or more 
specifically the number of sperm at which 50% of eggs fail to be fertilised (the 
fertilisation threshold), would be expected to be relatively lower for the eggs of smaller 
species. In the domestic fowl, Wishart (1987) demonstrated that following a single 
insemination of 100 x 10
6 
sperm, the first ovum (surface area: 2828 mm
2
) had 
approximately 99,000 sperm associated with its PVM; successive ova had fewer sperm 
on their PVM, and by the time the number of sperm had fallen to about 200, an ovum 
had only a 50% chance of being fertilised. In the Zebra Finch, with an ovum surface 
area of only 226 mm
2
,
 
there was a 50% chance of fertilisation when <20 sperm were 
present on the PVM (Birkhead & Fletcher 1998).  
 
As previously stated, the ovum in each dipper egg measured between 314 mm
2
 and 452 
mm
2
. Using the principle of Wishart (1987) and Birkhead & Fletcher (1998) to 
determine the 50 % fertilisation threshold, the minimum number of sperm required to 
exceed 50 % fertilisation would be between 22 and 36. Thus, it would appear that 10 % 
of the eggs collected from the Tamar catchment would probably have been unfertilised. 
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In 2006, one egg from site B2 fell below this number, with only three sperm counted. In 
2007, the egg from B2 egg proved non-viable as the yolk and PVM were attached to the 
inside of the shell, and the removal of the PVM for sperm counting was not possible.  
 
The egg from site TM in 2007 had only 15 sperm, all other eggs had sperm numbers 
above the minimum of 22 for 50 % fertilisation. In 2008, two eggs from sites B2 and 
SCB had sperm counts of only 21 and 13, respectively, and were therefore below the 
required limit for 50 % fertilisation. According to this analysis, none of the eggs 
collected from site B2 would have been fertile. Although only one egg was collected at 
this site each year and no other eggs from each clutch were analysed, it is possible that 
this nest may fail each year. After the collection of eggs from each nest, nests were left 
undisturbed for approximately 20 days before being checked again for signs of feeding 
activity. It was noted that although dippers were seen flying up and downstream at site 
B2, there was no activity at the nest, although using known incubation times (Tyler & 
Ormerod, 1994), the chicks should already have hatched. This nest was checked again 
seven days later, and again adult dippers were seen, but there was still no activity at the 
nest, and it was concluded that this nest had failed. The positioning of the nest at site B2 
was approximately 60 cm inside an outflow pipe in the wall of a milk factory, next to 
the factory discharge. The discharge and the surrounding surface waters were analysed 
for total oestrogenic activity, PBDEs, and PCBs, but had very low levels of all three 
(<0.25 ng L
-1
), and so the low sperm numbers at this site cannot be attributed to these 
contaminants. It is possible that the male dipper at site B2 naturally has a low sperm 
count and so is unable to fertilise any eggs.  
 
On assessment of sperm numbers in the Welsh eggs, it was also found that one egg (10 
% of total eggs analysed) fell below the 50 % fertilisation threshold of 22 sperm. This 
result equates well to that of dipper eggs in the Tamar, and it could be suggested that 10 
% of all eggs laid by the dipper will be infertile. Welsh eggs proved to be broader and 
the volume larger. This had no relation to sperm number.  
 
It should be realised, however, that absolute sperm number does not necessarily equate 
with fertilsation success. In the ostrich, Struthio camelus, Malecki and Martin (2003) 
demonstrated that low numbers of sperm in the PVM were not associated with poor 
fertilisation, and that high numbers of sperm show that female ostriches have been over 
supplied with sperm. Having said this, complete lack of sperm in the PVM was 
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associated with lack of fertilisation. Birkhead et al., (2008), using unhatched eggs from 
the zebra finch and the tree sparrow Passer montanus, was able to determine methods 
for discriminating between infertility and early embryo mortality. This included the 
gross appearance of the GD and the presence or absence of sperm on the PVM over the 
GD. During the dissection of the PVM from the ovum of the dipper eggs, each GD was 
given a cursory examination. Most showed both an opaque outer ring (area opaca), and 
a paler inner area (area pellucida), an identifying feature of fertilisation, as shown in 
Birkhead et al. (2008). This was only a cursory check of how the ovum looked, 
however, rather than any method to determine whether the egg was fertile or not and it 
cannot be verified that these eggs were definitely fertile. Sperm over the GD was also 
difficult to determine in the dipper eggs. Once the GD was removed from around the 
ovum, the GD was impossible to make out. When the PVM was mounted onto the glass 
slide and analysed, there was no pattern to the sperm, that is, sperm did not cluster in 
one place and so no area could be identified as the GD.  
  
4.4.4. Sperm morphology  
 
Infertility can be due to insufficient sperm (including, for example, sperm ejection by 
the female; Pizzari & Birkhead 2000), incompatibilities between the sperm and ovum 
(Zeh & Zeh 1997), resulting in biochemical rejection of sperm at the PVM, or some 
defect of the sperm, seen as a function of male health, condition, or age (Brillard 1990, 
Bakst & Cecil 1992). Contamination with toxic substances has also been shown to 
affect sperm morphology (Ackerman et al 1999). 
 
The sperm of other passerines has been extensively studied (Birkhead et al., 2005; 
Birkhead et al., 2006; Birkhead et al., 2007). Typically, passerine sperm consist of a 
helical head, which is complemented by a modification to the midpieces, the 
mitochondrial helix or keel. This helix picks up where the acrosomal structure finishes, 
and spirals distally around the flagellum (Jamieson, 2007). The helix extends only a 
short distance down the tail in some species, but wraps around most of the tail in others. 
Among birds, the number of resulting midpiece curves varies from one in the carrion 
crow Corvus corone to 29.4 in the moustached warbler Acrocephalus melanopogon 
(Birkhead et al., 2006).  One exception to this typical morphology is the bullfinch 
Pyrrhula pyrrhula. Instead of having an elongate, pointed form with a single, fused 
mitochondrion spiraled along the flagellum, as in most passerine birds, the sperm were 
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relatively short, with a rounded head and no mitochondrial helix around the flagellum. 
Analysis of dipper sperm under fluorescent microscopy revealed that dipper sperm 
followed typical passerine morphology, with helical head and midpiece (Plates 4.1 A & 
B). However, ultrastructure analysis of dipper sperm by SEM and TEM could not be 
undertaken because of a lack of fresh sperm. Sperm analysis was performed on sperm 
that were trapped in the PVM.  
 
However, it was noted that some of these sperm didn’t fall into the typical category and 
showed some deviation from the helical form, and were classed as ‘abnormal’ (Plates 
4.2 A & B). Determination of these abnormalities was a purely subjective view via the 
fluorescent microscope at x 400 magnification. Because fresh sperm was not available 
an assessment on motility of normal and abnormal sperm could not be performed. Use 
of the SEM to visualise the ultrastructure would also have been useful. Because of this, 
therefore, no conclusion could be reached as to whether the sperm classed as ‘abnormal’ 
in this study affected fertilisation in any way.  
 
Abnormalities in sperm structure have previously been studied in relation to fertility. 
Ackerman et al (1999) studied sperm abnormalities associated with high levels of 
copper in the impala Aepyceros melampus, in South Africa. Abnormalities found in 
impala sperm (fresh sperm were viewed under scanning electron microscopy [SEM]) 
showed high percentages of sperm with neck vacuoles in areas of high copper loadings. 
These neck vacuoles could be expected to weaken sperm by dislocating the capitulum 
or wedging between the baseplate and the capitulum, leading to possible hampering of 
motility and detachment of the flagella, and possibly resulting in impaired fertilisation.  
 
4.4.5. Relationship between contaminant loadings measured in eggs and sperm 
characteristics 
 
The variation in sperm counts within and between sites was such that it was not possible 
to acsertain whether there was any linkage with contaminant burden, as measured in the 
eggs of females. Sperm numbers are known to equate to male fertility, while 
contaminants in eggs have been excreted from the female. Dippers are very territorial, 
and so it is assumed that males and females will feed in the same areas, especially 
during nest building when dippers are constant companions. Therefore, in the study for 
this thesis, it is inferred that contaminant exposure will be the same in both male and 
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female pairs. Using this principle, analysis showed that there was no significant 
relationship between the proportion of abnormalities seen in dipper sperm and levels of 
contaminants in the same egg, from each nest-site. Abnormalities, however, are known 
to occur in the sperm of organisms that have been exposed to pollutants, whether they 
are organic or inorganic, as the study by Ackerman et al (1999) showed in relation to 
copper exposure. 
 
A study by Hauser et al (2003), demonstrated that PCB 138 showed a strong dose-
response relationship with sperm motility and sperm morphology and a lesser (non-
significant) trend for sperm count. Men with higher levels of PCB 138 were more likely 
to have sperm parameters beneath reference values. PCB levels in eggs from site B20 
were particularly consistent throughout the three years of study, but when analysed 
there was no significant effect of this PCB on the number of sperm (P>0.05). 
 
4.4.6. Conclusions 
 
Dippers are subject to pollution throughout the Tamar, with low levels of PCBs and 
PBDEs, and p,p’-DDE burdens determined in all eggs. Contaminant loadings in the 
dipper eggs were lower than other studies on dippers elsewhere (Ormerod & Tyler, 
1992; 1993; O’Halloran et al., 1993; Ormerod et al, 2000; O’Halloran et al., 2003), and 
unusually, BDE 99 proved to be the most dominant PBDE congener measured. Why 
this was is unclear. BDE 99 is usually in greater proportions in raptors that feed on 
smaller birds, plus BDE 99 usually biotransforms to BDE 47 in an organism. BDE 47 is 
also the most prevalent congener in aquatic ecosystems, as evident in the water samples 
analysed in this Chapter Two. Contaminants were widespread throughout the 
catchment, with no evidence of a point source input. Over the three years of study, the 
eggs collected from one site had relatively high levels of PCB 138, plus relatively high 
levels of PCB 153, a common contaminant in bird eggs, so it was theorised that there 
may be an unauthorised/unknown input of either transformer or capacitor oil.  
 
Further studies to determine contaminant concentrations in the prey of dippers 
(macroinvertebrates and small fish/fry) would be needed to give any real value to the 
data derived from bioconcentration factors, as local environmental conditions (pH and 
river water hardness) apparently alter feeding ecology and exposure pathways 
(Morrissey et al., 2010). Assessing bioaccumulation and biomagnification factors could 
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provide insight into the relatively high levels and domination of the PBDE congener 99 
in the dipper eggs in the Tamar.  
 
There was no pattern of laying order affect in contaminant burdens between the eggs of 
a single clutch, as seen in the eggs of the blue tit (Winter & Streit, 1992). There was 
also no laying order affect evident in the number of sperm trapped in the PVM. This 
result was determined from one single clutch in one year, therefore to conclusively 
determine whether an affect really does exist, many more clutches would need to be 
analysed. The number of sperm in each egg did not correlate well with the levels of 
contaminants in the egg. It must be remembered, however, that contaminant loadings of 
eggs were used as a surrogate to measure contaminant exposure in males, which in turn, 
was used to assess linkages between sperm number and the level of possible exposure. 
This assumption was based on the behaviour of dippers up to and during the breeding 
season, where dippers feed in the same areas, especially while nest building.  
 
In the dipper eggs from the Tamar catchment, there appeared to be no link between the 
contaminants loadings in eggs and breeding success. As previously proposed by 
Ormerod & Tyler in 1990 and subsequently proposed by Ormerod & Tyler (1992; 1993) 
and O’Halloran et al (1993; 2003), there is a potential role for dipper eggs as a tool for 
monitoring local contamination conditions in surface waters by persistent organic 
pollutants. However, to use dippers for this purpose in the Tamar would require further 
investigation into the loading of PBDE congener 99 in dipper eggs. If trends in 
contaminant concentrations are to be correctly inferred by indicator species such as the 
dipper, a sound understanding of the dipper population’s structure and diet would be 
necessary.  
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CHAPTER FIVE: GENERAL DISCUSSION 
 
When ecological risk assessments of wildlife are made, they tend to focus on 
populations and communities (Salice, 2010). When considering potential effects of 
EDCs to wildlife, however, the focus tends to be on the individual (Tyler & Goodhead, 
2010). Linking these individual level effects with effects at the population level is 
challenging due to the limited understanding of how physiological changes in many 
species affect the lifetime trajectory of the individual, or how individual responses 
affect population and communities. The ecological significance of disturbances in 
growth, reproductive output, viability of offspring, altered sex ratio, and of potential 
transgenerational effects is difficult to quantify. Many wildlife species, in comparison to 
laboratory models (zebrafish, fathead minnow, Japanese quail), are, of course, also more 
difficult to sample in a consistent manner. To determine the extent of EDC-induced 
effects on some species of wildlife (population decline, malformation), therefore, 
requires long-term monitoring to provide baseline data on the population of interest. 
This type of research is important when attempting to define the relative risks of EDCs 
from other stressors, such as food shortage, temperature, and the relative health of the 
individual. Given the extent to which wildlife has responded to EDCs in the past, it is 
important to assess the status of wildlife populations in terms of possible effects on 
growth, reproduction and survival. To do this requires the identification of populations 
at risk, as well as those that are not, and a knowledge of the environment in which they 
live.  
 
The principle aim of this thesis was to investigate whether the reproductive biology of 
the bullhead Cottus gobio and the dipper Cinclus cinclus has been impacted by EDCs 
from WwTWs effluent discharges in the Tamar catchment, South-west England and 
whether, as a consequence, populations of these species might be affected. To facilitate 
this, the work in this thesis took a three-pronged approach. Firstly, effluents and surface 
waters of the Tamar were analysed for total oestrogenic activity and for known EDCs 
(namely EE2, PBDEs and PCBs). Secondly, populations of bullheads were sampled 
from a number of sites within the catchment to determine whether signs of sexual 
disruption (VTG induction and gonadal intersex) were evident. Lastly, the sperm quality 
(numbers/morphology) was determined in the PVM of dipper eggs together with the 
levels of oxidative stress and profiles of selected contaminants (known EDCs) in the 
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egg yolk. Both the bullhead and dipper data sets were analysed in relation to the 
presence of oestrogenic activity in the Tamar catchment.  
 
Many previous endocrine disruption studies have focused on industrialised catchments 
where chemical inputs have been well studied (Rivers include the Thames, Lea, Aire, 
Tyne, and Mersey; Environment Agency, 1998), but few rural catchments have had this 
level of focus. The Tamar has great conservation value, and includes areas afforded 
special protection (SSSI, AONB and NNR). It is also one of only three UK rivers 
Indexed by the Environment Agency for its salmon fishery.  The selection of the Tamar 
for a study on endocrine disruption has allowed a predominately rural, but 
conservationally important, catchment to be the focus of an integrative study in 
determining the heath of its ecosystem. 
 
It is now widely accepted that chemicals entering the environment via WwTWs effluent 
discharges can cause endocrine disrupting effects in aquatic organisms. Many of these 
effects appear to be of a feminising nature (VTG induction, intersex), and are associated 
with the high levels of oestrogenic activity in WwTWs effluents (Desbrow et al., 1998; 
Tyler & Jobling; 2008). Measurement of the oestrogenic activity in effluent from three 
WwTWs in the Tamar catchment (St Leonards, Lifton and Trebullett; Chapter Two) 
demonstrated that levels of oestrogenic activity (<LOD – 60 ng E2 EQs L
-1
, mean 20.64 
± 1.97 SE ng E2 EQs L
-1
), were similar to those found in other WwTWs effluents 
worldwide (Desbrow et al., 1998; Pawlowski et al., 2004; Ying et al., 2008). These 
levels fluctuated over a three week period, comparable to that shown in other studies 
(e.g.  Schilirò et al., 2009). The effluents from the WwTWs of St Leonards, Lifton and 
Trebullett also contained anti-androgenic activity at levels from below the limit of 
detection to 430 µg FLUT EQs L
-1
 (mean 180 µg FLUT EQs L
-1
) and the results for St 
Leonards WwTWs effluents are comparable to that found for a previous study on the 
WwTWs (Tyldesley, 2007), as well as a national survey by Jobling et al. (2009).  
 
The two different methods adopted (spot and passive sampling) for measuring total 
oestrogenic activity in the study effluents, were comparable to within 100 – 300 % for 
all measurements. It must be remembered, however, that spot samples measure 
contaminants in the water at a single moment in time, whereas passive samplers 
passively absorb and accumulate contaminants in a similar way to that which might 
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occur in aquatic biota, over a specific time period. Passive samplers are also able to 
monitor transient events which can go undetected using a spot sampling technique. This 
was demonstrated in the sampling regimes in this study, when at day 14, passive 
samples revealed high levels of oestrogenic activity (55 ng E2 EQs SDB
-1
), that will 
have accumulated over the  14  day period, whereas oestrogenic activity in the spot 
samples, taken at day 14  time showed undetectable levels of oestrogen.  
 
As a method of sampling, spot samples were acceptable in the past when the level of 
pollution in many rivers was much higher than they are generally today. In more recent 
times there has also been an increased need/desire to understand the complex chemical 
variations that occur in rivers and effluents. Increasingly studies are focused on making 
assessments on how more subtle levels of contaminants and episodic pollution events, 
impact on wildlife populations. Changes in river flow and anthropogenic practices are 
not adequately taken into account in spot sampling approaches, again making 
interpretations of data form spot samplings difficult.  Changes in river flow can have 
major effects on levels of pollutants, with higher flows generally leading to a chemical 
dilution. However, some pollutants can be at higher concentrations during periods of 
seasonal high flow due to seasonal agricultural application (e.g. pesticides), and this is 
especially so in rural areas, such as the Tamar catchment. The existing monitoring 
framework, set by governing bodies such as DEFRA and the EA, accounts only for a 
small fraction of these fluctuations. Frequently, therefore, the data derived from spot 
sampling are misunderstood and/or misinterpreted, and this can result in a false sense of 
security or indeed for unnecessary concern, especially in relation to transient pollution 
incidents.  
 
It is also the case that some chemical compounds are present at concentrations below 
the limits of detection when derived from spot samples, despite evidence of analyte 
accumulation and endocrine disruption in biota over longer-term life cycles. Passive 
samplers can reflect more realistic exposure scenarios (and thus effects) in wildlife. 
Equally however, bioconcentration and bioaccumulation of selected compounds varies 
with species and their position in the food web, and so one has to take care when 
extrapolating between data derived from passive samples and possible effects in 
wildlife. Essentially, passive samplers are ideal as an initial screening method prior to 
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investigating the impact of chemical mixtures on fish or other selected aquatic 
organisms. 
 
In these studies using passive samplers, a number of problematic issues were identified 
however, that would need to be overcome if they were to be used widely for effective 
quantitative monitoring of aquatic pollutants.  These issues include the requirement of 
the receiving phase and diffusion limiting membrane to be directly relevant with the 
target contaminants, extraction procedures, and calibration dynamics and appropriate 
exposure regimes, including temperature, flow rate and calibration exposure time. 
Perhaps the most important of these issues relates to the issue of appropriate sorbents 
and membranes. In this study, the receiving phase/sorbent used was SDB-XC, and PES 
was used as the diffusion limiting membrane, and while they were appropriate to sample 
polar compounds (E1, E2, and EE2, with log Kow <4), they were inappropriate for the 
absorption and concentration of non-polar chemicals (PBDEs and PCBs, with log Kow 
>4). When the passive sample extracts were analysed for PBDEs and PCBs, not 
surprisingly, none were detected. For PCBs and PBDEs (and other non-polar 
compounds) a C18 receiving phase together with a low-density polyethylene (LDPE) 
membrane would be required.  
 
Samplers that absorb non-polar chemicals are usually set up to contain performance 
reference compounds (PRCs) diluted in n-octanol. These compounds are offloaded into 
the medium they are sampling (effluent or river water), thus uptake versus offloading 
can be determined. The suggested PRCs for use are deuterated PAH’s including 2H10-
biphenyl (D10-BIP), 
2
H10-phenanthrene (D10-PHE), 
2
H12-benz(a)anthracene (D12-BaA), 
2
H10-pyrene (D10-PYR), 
2
H10-fluorene (D10-FLU), which themselves have been found to 
be oestrogenic (Thayer et al, 1937; Petit et al, 1997; Charles et al, 2000; Hirose et al, 
2001; Vondrá ek et al, 2002). Thus, to use PRCs in the samplers would likely give a 
false positive when analysed by the YES, as the YES only measures total oestrogenic 
activity, and cannot differentiate between different contaminants. It is possible that the 
n-octanol itself would also be a problem when sampler extracts are analysed in the YES. 
It has been suggested that n-octanol would form a layer on top of the aqueous phase in 
the YES plate wells, thereby preventing oxygen and carbon dioxide reaching the yeast 
cells, and possibly affecting the functioning of the yeast cells.  Perhaps of even greater 
concern is the possibility of contaminant remaining in the n-octanol phase (due to their 
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lipophilicity), and not partitioning into the aqueous phase, meaning that they would be 
undetected when the extract is then applied to the bioassay (e.g. YES;  Prof John 
Sumpter, pers comm). This lack of partitioning into the aqueous phase is not a problem 
when extracts are analysed by analytical methods, such as GCMS and LC/MS-TOF, as 
in these methods, it is the mass of the analyte that is measured, not the contaminants 
reaction with the ER.  
 
Another point to consider when analysing extracts derived from passive sample in the 
YES is that calibrations cannot be undertaken for total oestrogenic activity, so 
measurement from these extracts is only semi-quantitative. Some for the issues 
highlighted above likely account for the discrepancies in the measurements of anti-
androgenic activity in the effluents from Lifton and St Leonards WwTWs when 
measured by spot sampling versus passive samplers. The above section of discussion 
thus illustrates the benefits of passive sampling as a technique over spot sampling, but 
also the limitations of this technique and these factors need to be taken into 
consideration when comparing data sets derived from the different sampling techniques 
(as done in this thesis) and for extrapolation to possible effects in wildlife populations. 
 
The oestrogenic activity measured in the effluents from WwTWs in the Tamar 
catchment was at concentrations known to be capable of causing biological effects in 
fish, such as VTG induction and intersex (Sheahan et al., 2002; Jobling et al., 2006; 
Jobling et al., 2009; Lange et al., 2009). While the oestrogenic activity in effluents 
proved to be at a level known to affect the biology of fish, the surface waters of the 
Tamar catchment were not. The study sites, at distances greater than 2 km downstream 
of each effluent discharge, had very little oestrogenic activity. Dilution of this activity 
(as discussed in Section 3.4.4, Chapter Three) in the Tamar is high due to the flow rates 
of the rivers (mean velocity between 2 and 16 M
3
 S
-1
). The distance at which effluent 
typically records levels of oestrogenic activity below those seen to be necessary to cause 
an effect are very dependent on the river. The Tamar is a fast flowing river and has 
‘very good’ water quality. This good quality and its fast movement enables pollutants to 
wash away quicker than they would if the river was slow flowing or already containing 
high levels of contaminants. Water quality usually becomes a problem when the 
capacity of a river to absorb and dilute the pollutants has been reached. A body of water 
can take only so much pollution before it becomes a problem, hence the strict discharge 
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consents laid down by the Environment Agency in many river systems (although rivers 
may be historically polluted). This may become more of an issue with climate change 
when less water in the environment reduces the ability of rivers to dilute pollutants, and 
more frequent storms will lead to more short-term pollution incidents as contaminants 
are flushed off land into water (Environment Agency, 2011). 
LC/MS-TOF analysis of spot samples measured for E1, E2, and EE2, demonstrated that 
levels of EE2 in the Tamar catchment were generally below the limit of detection. E2, 
the most potent of the oestrogens, ranged from below the detection limit to 0.09 ng L
-1
, 
and concentrations of E1 ranged between 0.21 and 0.47 ng L
-1
. The total oestrogenic 
activity of the water samples, as assessed by the YES, ranged from below the limit of 
detection to 1 ng L
-1
. Total oestrogenic activity, determined by passive sampling at the 
same sites, produced a similar trend in activity and showed accumulation of oestrogenic 
activity when samples on day 21 of the deployment. 
 
The sensitivity to the induction of VTG as a result of exposure to oestrogenic activity in 
the environment differs between species. Some fish, particularly cyprinids and trout, 
have been shown to be sensitive to oestrogens, as discussed in Section 2.4.3, Chapter 
Two. Little is known about natural levels of plasma VTG in male bullheads naturally (if 
at all), or what levels of plasma VTG induction would be classed as an oestrogenic 
response. It was hoped that this study would be able to determine natural baseline 
levels, as well determining at what concentration plasma VTG induction can be 
characterised. Plasma VTG concentrations in male bullheads collected from different 
sites on the Tamar varied between non-detectable to 990 ng bh-VTG mL
-1
. There was 
also much variability within sites, where for instance, the plasma VTG concentration at 
site B2 ranged from 127 ng bh-VTG mL
-1
 to 989 ng bh-VTG mL
-1
. Such intra-site 
variability in the plasma VTG concentrations was similarly observed by Jobling et al 
(1998) in studies on wild roach, Interpretation on the variability in plasma VTG 
concentrations in male bullheads in wild populations in the Tamar requires an 
understanding of natural levels of VTG in male bullheads and the responsiveness of this 
species to oestrogen. Levels of oestrogenic activity in the surface waters of the Tamar 
were too low to assess for any correlation between the levels of plasma VTG in the male 
bullheads and oestrogen concentrations.  
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Levels of activity within the effluent discharge at the start and end of the caged 
exposure were at concentrations high enough to cause VTG induction in some species 
of fish, including the rainbow trout (as discussed in Section 3.4.4, Chapter Three). 
Rainbow trout were used in the caged exposure in this study, at two of the WwTWs 
effluent discharges where oestrogenic activity was measured at 7.6 ng E2 EQ L
-1
 and 3.7 
ng E2 EQ L
-1
.
 
However, the trout in this study showed no induction, possibly a result of 
stress and varying baseline VTG levels. Bullheads also showed no significant induction 
as VTG plasma levels were in the same range as those detected in from the sites 
assessed downstream of the WwTWs effluents discharges. From these data it can be 
assumed that natural levels of plasma VTG in the male bullhead are at concentrations 
ranging between non-detectable and 9940 ng bh-VTG mL
-1
, and VTG induction can be 
characterised at concentrations greater than 1 µg bh-VTG mL
-1
. 
 
The detection limit of the bh-VTG ELISA developed, however, was good at 10.5 ng bh-
VTG mL
-1
, and can be applied in the future to investigate exposure of this species to 
low level oestrogenic xenobiotics. Our controlled laboratory studies, however, where 
we injected oestradiol into bullheads (to induce VTG synthesis for the development of 
the bh-VTG ELISA) seemed to indicate that the species was not especially sensitive to 
oestrogen exposure and so how valuable the bullhead is/might be for use in monitoring 
environmental oestrogens has not been established. 
 
Disruption of the gonads was not observed in any of the bullheads examined from sites 
in the Tamar catchment (Chapter Three). A national risk assessment on water bodies 
around the UK assessing for the likelihood for intersex in fish (roach) arising from 
exposure to steroid oestrogens in the UK, carried out by Williams et al. (2009) and 
placing rivers in categories of high risk, at risk and no risk (based on E2 EQs predicted 
no-effect concentration threshold) would place the Tamar in a no risk category. These 
data were not available when the work in this study began, but the findings in this study 
concur with the findings by Williams et al. (2009).  
 
In the application of their model, Williams et al. (2009) took into account location of 
discharge outfall, domestic population served, dry weather flow, and type of treatment 
for all WwTWs supplying a river. Influent loads of E1, E2, and EE2 were modelled 
based on the population served by a particular WwTWs, as was removal by the 
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WwTWs, dilution in the receiving water, and biodegradation of the steroid oestrogens, 
including biotransformation of E2 to E1. For each river, the levels of E1, E2, and EE2 
were combined to give E2 EQs. The endpoints for population level parameters were set 
at 1 ng L
-1
 for EE2, which has been shown to reduce fertilisation success in the zebrafish 
(Schafers et al., 2007); 10 ng L
-1
 for E2, which produced 100 % feminisation in the 
medaka (Nimrod & Benson, 1998), and was supported by the lowest observable-effect 
concentration of 9.77 ng E2 L
-1
 for reduced fertility, also in the medaka (Seki et al., 
2005). There was no data available for E1, so a value of 30 ng L
-1
 was given relative to 
its potency in comparison to E2.  
 
Studies on EDCs have focused on only a relatively few species of wildlife (generally 
fish), limiting, therefore, the ability of to assess the ecological relevance of these 
contaminants in the environment. One group of bird species that has been 
underrepresented in studies on endocrine disruption is the passerine birds. This has 
occurred, despite evidence of widespread declines in populations of several passerine 
species. The dipper, a passerine, was chosen for study because of their lifestyle and 
unique association with lotic systems, which may render them susceptible to EDC 
exposure (Chapter Four), although data provided by the EA has shown that populations 
remain stable throughout the catchment. 
 
Dipper eggs collected from nests in the Tamar catchment were not expected to have 
large contaminant burdens, as the Tamar is defined by the EA as having very good 
water quality, and is predicted to have low levels of oestrogenic activity (Williams et 
al., 2009). Also dipper nests were often considerable distances 2 km downstream of the 
nearest WwTWs effluent discharge. In accordance with the above predictions 
oestrogens were below the limit of detection in dipper eggs, suggesting that steroid 
oestrogens do not accumulate in their eggs. Measurement of other organic contaminant 
burdens in the dippers eggs, however,  revealed that while many contaminants in water 
samples were below the detection limit or at low concentrations, they were able to (and 
did) concentrate in the eggs of the resident dipper population. This was especially so for 
PCBs; analysis of spot samples of river water revealed all PCBs to be below the limit of 
detection, but they were evident in the dipper eggs collected from the nests sites, 
especially PCBs 138 and 153. As highlighted in Chapter Four, it is possible that there 
was/is an unauthorised input of these chemicals.  
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The level of PBDEs in dipper eggs were more abundant in all years than any other 
measured contaminant, including PCBs and organochlorine pesticides, such as p,p’-
DDE. There is now an increasing trend for PBDEs to be the most abundant organic 
contaminant found in biota, including fish, birds, and marine mammals. A study by 
Elliott et al (2005), on the Fraser River estuary, Canada, showed that PBDE 
concentrations had increased significantly in eggs of the great blue heron Ardea 
herodias, the double-crested cormorant, and the osprey between 1979 and 2002. In the 
eggs of the great blue heron, BDE 47 increased by 78 ng g
-1
 to 82.8 ng g
-1
 between 1987 
and 2002, while in the same time period, BDE 99 increased by 172 ng g
-1 
to 174 ng g
-1
. 
In the eggs of the double-crested cormorant, BDE 47 increased from 0.11 ng g
-1
 in 
1979, to 53.7 ng g
-1
 in 1998, but by 2002 had decreased to 16.3 ng g
-1
. Similarly to the 
great blue heron, an increase in PBDE concentration was seen in the eggs of the osprey, 
with BDE 47 levels at 3.25 ng g
-1
 in 1991, increasing to 123 ng g
-1
 in 2000. In these 
study species from the Fraser River estuary, while PBDEs were increasing significantly, 
concentrations of total PCBs in eggs of both great blue herons and double-crested 
cormorants had decreased by the late 1970s and have subsequently remained at 
relatively stable levels (Elliott et al., 2005). This stability in the levels of PCB 
contaminants in eggs has also been seen in the dipper, particularly in populations in 
Wales, Scotland, and Ireland (Ormerod & Tyler, 1990; 1992; O’Halloran et al., 1993; 
2003). The levels of PBDEs in dipper eggs from the Tamar are much lower than levels 
seen in other bird species, with mean concentrations of 5 ng g
-1
 for BDE 47, and 9 ng g
-1
 
for BDE 99. PCB 153 (the most abundant PCB congener) was measured in dipper eggs 
at 1.5 ng g
-1
 in this study, and was much lower than levels observed in dipper eggs from 
sites in both Wales and Norway (57 ng g
-1
 and 34 ng g
-1
, respectively).  
 
The catchments studied in Wales have all previously been associated with coal mining 
and industry, a major contributor of PCBs and PBDEs. Contamination of streams by 
PCBs in Norway may possibly be a direct result of weather systems, as has previously 
been seen for sulphur dioxide and the production of acid rain, Winds carry pollutants 
over Norway from more industrialised countries (Germany, Poland, Spain, UK), where 
they eventually fall as acid rain. Over ninety percent of Norway's acid pollution comes 
from other countries (YPTE, 2010), and as such this may be the way in which river 
systems in Norway have become contaminated with PCBs. The Tamar catchment, 
however, is extremely rural with no major industrial inputs and weather systems which 
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predominantly move in from the Atlantic Ocean. Because of this, the Tamar is less 
likely to contain levels of PCBs mirroring those found in Wales and Norway.  
 
Contaminant loadings in the eggs were used as a surrogate for exposure of male dippers 
to these contaminants. Counts of sperm trapped in the PVM (an assessment of male 
dipper fertility) were analysed in relation to these contaminants, but no significant 
association was found. However, results did reveal that sperm number (mean 68.78 ± 
8.78) in the PVM were similar to that of other passerine species, including the collared 
flycatcher (mean 80 sperm per PVM) and the zebra finch (30 to 40 per PVM) (Birkhead 
et al., 1998).   
 
There is now extensive evidence that wildlife has been adversely affected by exposures 
to EDCs. In part, this may reflect that many studies have been conducted in areas where 
it is known that the levels of environmental contaminants are high, such as in the 
immediate proximity of WwTWs effluent discharges, and the Great Lakes in the US. 
These studies have focused predominantly on organisms inhabiting aquatic ecosystems, 
as these environments concentrate, and act as sinks, for many EDCs contaminants. The 
Tamar catchment, in contrast, is an area that is known to have very good water quality 
and to be free of both significant agricultural run-off and significant input from 
WwTWs effluent discharges. The findings of this thesis confirmed that populations of 
bullheads and dippers within the Tamar catchment appeared not to be adversely affected 
by any contaminants within the surface waters.  Plasma VTG levels in male bullheads 
may suggest that VTG induction has occurred, but this needs to be confirmed by more 
detailed studies in this species on its normal reproductive biology (i.e. this may be 
normal for this species). In any case, even if the levels of VTG seen are as a 
consequence of oestrogen exposure, the levels are low and unlikely to affect sexual 
development and/or function. The contaminant loadings in dipper eggs from the Tamar 
were also low in comparison to total burdens found in the eggs of other species in more 
contaminated areas, and are at a level where toxicological or reproductive effects are not 
known to occur. Our analyses on dipper sperm similarly found no convincing evidence 
for any signs of adverse effects as a consequence of contaminant exposure and 
accumulation.  
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While the Tamar catchment has proved to have water of very good quality, and 
bullheads and dippers show little adverse effects to any oestrogenic activity in its 
surface waters, clearly, a better understanding of the impact of EDCs on the physiology 
of wild organisms is required. Furthermore, a better understanding is also needed of the 
actions of these oestrogenic EDCs, and their ability to bioaccumulate and biomagnify in 
different biota, thus giving one the ability to ascertain population-level effects.  
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APPENDIX A – WILD BULLHEAD DATA 
 
 
B6a 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
wt (g) GSI HSI K 
VTG (ng 
mL
-1) 
1 60 2.11 f 0.023 0.058 2.821 1.100 0.98 234423 
2 57 2.25 m 0.047 0.004 0.178 2.138 1.21 213 
3 67 3.40 m 0.050 0.006 0.177 1.493 1.13 ND 
4 72 4.40 m 0.052 0.018 0.411 1.196 1.18 689 
5 58 2.04 f 0.015 0.025 1.241 0.741 1.05 32424 
6 57 2.11 f 0.048 0.017 0.813 2.330 1.14 654757 
7 53 1.56 m 0.032 0.006 0.385 2.089 1.05 454 
8 60 2.13 m 0.050 0.003 0.141 2.403 0.99 125 
9 58 1.96 m 0.039 0.006 0.307 2.032 1.00 565 
10 73 4.24 m 0.158 0.018 0.426 3.870 1.09 54 
11 59 2.01 m 0.031 0.005 0.250 1.569 0.98 688 
12 65 3.01 f 0.102 0.036 1.210 3.505 1.097 423656 
13 58 2.23 f 0.079 0.023 1.044 3.680 1.14 234431 
14 58 1.81 f 0.043 0.017 0.947 2.429 0.93 57668 
15 55 1.75 m 0.036 0.007 0.402 2.104 1.05 ND 
16 62 2.58 m 0.078 0.006 0.233 3.116 1.08 508 
17 56 1.78 m 0.045 0.006 0.338 2.592 1.01 784 
18 62 2.27 m 0.041 0.012 0.532 1.842 0.95 32 
19 73 4.76 f 0.166 0.061 1.300 3.617 1.22 144963 
20 60 2.32 f 0.086 0.025 1.087 3.843 1.08 123324 
21 60 2.23 m 0.041 0.006 0.270 1.874 1.03 434 
22 60 2.62 f 0.121 0.031 1.198 4.846 1.21 59650 
23 55 1.69 m 0.040 0.005 0.296 2.420 1.02 548 
24 53 1.41 f 0.045 0.013 0.929 3.289 0.95 789786 
25 62 3.41 f 0.131 0.035 1.038 3.999 1.43 63786 
26 68 2.03 f 0.055 0.029 1.449 2.785 0.65 323 
27 58 2.06 f 0.041 - - 2.034 1.05 65432 
28 60 2.50 m 0.045 0.005 0.201 1.837 1.16 542 
29 60 2.08 f 0.060 0.010 0.483 2.969 0.96 786876 
30 61 2.38 m 0.055 0.003 0.126 2.371 1.05 464 
31 54 1.67 f 0.067 0.018 1.089 4.177 1.06 243876 
32 52 1.56 f 0.044 0.004 0.257 2.902 1.11 445123 
33 54 1.73 f 0.061 0.021 1.232 3.666 1.10 243435 
34 58 1.97 f 0.073 0.019 0.974 3.850 1.01 32545 
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B2 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 73 4.2 f 0.040 0.030 1.194 1.989 1.08 213748 
2 69 3.8 m 0.075 0.045 0.714 0.952 1.15 349 
3 70 3.8 m 0.083 0.047 1.253 2.213 1.09 842 
4 62 2.7 m 0.034 0.020 0.743 1.264 1.13 438 
5 69 3.4 m 0.037 0.023 0.674 1.085 1.04 ND 
6 67 3.1 f 0.069 0.037 1.209 2.255 1.02 748534 
7 67 3.3 m 0.053 0.026 0.798 1.626 1.08 129 
8 63 3.0 m 0.036 0.032 1.060 1.192 1.21 491 
9 67 3.5 f 0.057 0.056 1.609 1.638 1.16 154309 
10 67 3.1 m 0.049 0.030 0.965 1.576 1.03 739 
11 68 3.0 f 0.054 0.079 2.599 1.776 0.97 354911 
12 60 2.5 m 0.040 0.038 1.538 1.619 1.14 234 
13 64 2.7 m 0.036 0.026 0.981 1.358 1.01 659 
14 61 2.3 f 0.055 0.059 2.532 2.361 1.03 47594 
15 65 3.0 m 0.037 0.025 0.839 1.242 1.09 734 
16 64 2.4 m 0.019 0.028 1.186 0.805 0.90 862 
17 61 2.3 m 0.026 0.025 1.096 1.140 1.00 48 
18 56 1.8 f 0.029 0.038 2.135 1.629 1.01 89330 
19 61 2.1 m 0.030 0.019 0.888 1.402 0.94 233 
20 61 2.3 f 0.069 0.038 1.645 2.987 1.02 86593 
21 62 2.4 f 0.066 0.021 0.879 2.762 1.00 267623 
22 59 2.0 f 0.026 0.023 1.144 1.294 0.98 234444 
23 60 2.2 f 0.035 0.027 1.205 1.563 1.04 65768 
 
 
 
 
HK 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL-1) 
1 75 4.63 f 0.118 0.069 1.513 2.549 1.10 48574 
2 74 4.38 f 0.110 0.082 1.908 2.511 1.08 475 
3 51 1.50 m 0.016 0.015 1.010 1.067 1.13 123 
4 57 1.92 m 0.030 0.017 0.893 1.563 1.04 ND 
5 58 1.91 m 0.018 0.020 1.058 0.942 0.98 859 
6 59 2.13 m 0.018 0.024 1.140 0.845 1.04 50 
7 56 1.61 m 0.020 0.016 1.004 1.242 0.92 393 
8 52 1.51 m 0.015 0.022 1.478 0.993 1.07 479 
9 54 1.43 f 0.017 0.026 1.852 1.189 0.91 548543 
10 54 1.59 m 0.015 0.026 1.662 0.943 1.01 494 
11 53 1.40 m 0.022 0.020 1.449 1.571 0.94 908 
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B17 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 69 3.77 m 0.071 0.025 0.663 1.883 1.15 479 
2 75 4.68 m 0.046 0.038 0.812 0.983 1.11 132 
3 54 2.96 m 0.034 0.014 0.473 1.149 1.89 566 
4 72 4.14 f 0.111 0.040 0.966 2.681 1.11 67712 
5 67 3.86 m 0.069 0.035 0.907 1.788 1.29 887 
6 73 3.92 m 0.034 0.075 1.913 0.867 1.01 35 
7 73 4.05 m 0.038 0.062 1.531 0.938 1.04 ND 
8 77 4.41 m 0.064 0.066 1.497 1.451 0.97 675 
9 70 3.29 f 0.066 0.057 1.733 2.006 0.96 363881 
10 78 4.85 m 0.042 0.081 1.670 0.866 1.02 987 
11 72 3.49 m 0.022 0.052 1.490 0.630 0.94 322 
12 59 1.80 f 0.031 0.049 2.722 1.722 0.88 475823 
13 67 2.81 f 0.050 0.049 1.744 1.779 0.93 54873 
14 64 2.30 f 0.031 0.040 1.739 1.348 0.86 74897 
15 62 2.29 f 0.032 0.057 2.489 1.397 0.96 628362 
16 64 2.67 f 0.045 0.048 1.798 1.685 1.02 268723 
17 64 2.63 f 0.050 0.049 1.863 1.901 1.00 43793 
18 60 2.05 f 0.018 0.030 1.463 0.878 0.95 467235 
19 62 2.22 f 0.044 0.034 1.532 1.982 0.93 90849 
20 63 2.35 f 0.033 0.043 1.830 1.404 0.94 63728 
21 64 2.42 f 0.028 0.030 1.240 1.157 0.92 473970 
22 57 1.85 f 0.033 0.042 2.270 1.784 1.00 758946 
23 57 1.68 m 0.017 0.039 2.321 1.012 0.91 433 
24 59 1.80 f 0.023 0.050 2.778 1.278 0.88 57309 
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B20 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 73 3.87 f 0.064 0.042 1.085 1.654 1.00 497412 
2 71 3.38 f 0.067 0.062 1.834 1.982 0.95 185687 
3 69 3.68 f 0.085 0.072 1.957 2.310 1.12 632459 
4 62 2.34 f 0.035 0.048 2.051 1.496 0.98 880914 
5 60 1.93 f 0.033 0.034 1.762 1.710 0.90 65332 
6 60 1.88 f 0.035 0.030 1.596 1.862 0.87 12496 
7 68 3.15 f 0.043 0.062 1.968 1.365 1.00 47397 
8 70 3.26 f 0.016 0.034 1.043 0.491 0.95 32578 
9 74 3.53 f 0.052 0.084 2.380 1.473 0.87 362911 
10 66 2.62 f 0.030 0.031 1.183 1.145 0.91 97844 
11 66 2.77 f 0.042 0.047 1.697 1.516 0.96 36737 
12 65 2.97 m 0.025 0.035 1.178 0.842 1.08 432 
13 63 2.09 f 0.024 0.039 1.866 1.148 0.84 632882 
14 64 2.26 m 0.030 0.016 0.708 1.327 0.86 231 
15 62 2.03 m 0.022 0.025 1.232 1.084 0.85 ND 
16 62 2.17 m 0.020 0.013 0.599 0.922 0.91 432 
17 59 1.86 f 0.030 0.031 1.667 1.613 0.96 989 
18 66 2.53 m 0.021 - - 0.830 0.88 433 
19 55 1.47 f 0.021 0.023 1.565 1.429 0.88 65532 
20 58 1.67 f 0.015 0.019 1.138 0.898 0.85 87532 
21 62 2.16 m 0.022 0.016 0.741 1.019 0.90 324 
 
 
 
GM 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL-1) 
1 68 3.41 f 0.075 0.050 1.466 2.199 1.08 123324 
2 83 6.59 m 0.084 0.105 1.593 1.275 1.15 433 
3 73 3.93 m 0.034 0.039 0.992 0.865 1.01 767 
4 89 7.75 f 0.161 0.158 2.039 2.077 1.10 374933 
5 68 3.58 f 0.037 0.058 1.620 1.034 1.14 43322 
6 62 2.34 f 0.017 0.029 1.239 0.726 0.98 634535 
7 65 2.84 f 0.066 0.052 1.831 2.324 1.03 78673 
8 67 3.13 f 0.057 0.057 1.821 1.821 1.04 134154 
9 55 1.48 m 0.017 0.022 1.486 1.149 0.89 235 
10 61 2.16 f 0.025 0.032 1.481 1.157 0.95 324367 
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TM 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 81 6.34 m 0.068 0.071 1.120 1.073 1.19 478 
2 77 5.46 f 0.092 0.101 1.850 1.685 1.20 32173 
3 83 7.74 m 0.115 0.141 1.822 1.486 1.35 489 
4 66 2.94 m 0.033 0.024 0.816 1.122 1.02 ND 
5 82 6.89 m 0.058 0.069 1.001 0.842 1.25 211 
6 80 5.38 f 0.084 0.069 1.283 1.561 1.05 65868 
7 68 3.49 m 0.026 0.035 1.003 0.745 1.11 120 
8 77 5.27 m 0.060 0.046 0.873 1.139 1.15 344 
9 70 4.20 m 0.050 0.040 0.952 1.190 1.22 789 
10 66 3.31 m 0.062 0.016 0.483 1.873 1.15 321 
11 71 4.47 f 0.112 0.072 1.611 2.506 1.25 456287 
12 69 4.07 f 0.085 0.056 1.376 2.088 1.24 23454 
13 63 2.89 f 0.049 0.043 1.488 1.696 1.16 784636 
14 69 4.01 m 0.039 0.029 0.723 0.973 1.22 257 
15 58 2.00 f 0.029 0.034 1.700 1.450 1.03 689393 
16 64 2.88 m 0.035 0.017 0.590 1.215 1.10 26357 
17 57 1.88 f 0.032 0.022 1.170 1.702 1.02 64386 
18 63 3.03 m 0.038 0.013 0.429 1.254 1.21 343 
19 63 2.50 f 0.029 0.059 2.360 1.160 1.00 75729 
20 62 2.55 f 0.053 0.048 1.882 2.078 1.07 473883 
21 57 1.98 m 0.022 0.013 0.657 1.111 1.07 ND 
22 62 2.55 f 0.036 0.033 1.294 1.412 1.07 64386 
23 58 2.06 f 0.040 0.030 1.456 1.942 1.06 21311 
24 60 2.38 f 0.035 0.033 1.387 1.471 1.10 29864 
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BMB 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 67 3.23 f 0.050 0.030 0.929 1.548 1.07 42357 
2 72 3.62 m 0.050 0.017 0.470 1.381 0.97 932 
3 79 5.51 f 0.079 0.081 1.470 1.434 1.12 231434 
4 68 3.48 m 0.019 0.011 0.316 0.546 1.11 455 
5 74 4.42 m 0.051 0.012 0.271 1.154 1.09 765 
6 65 3.04 m 0.022 0.031 1.020 0.724 1.11 ND 
7 64 2.88 f 0.053 0.032 1.111 1.840 1.10 191 
8 72 4.08 f 0.105 0.050 1.225 2.574 1.09 336828 
9 63 2.70 m 0.030 0.012 0.444 1.111 1.08 ND 
10 61 2.74 f 0.055 0.012 0.438 2.007 1.21 98973 
11 67 3.20 m 0.046 0.011 0.344 1.438 1.06 648390 
12 58 1.97 f 0.040 0.015 0.761 2.030 1.01 43672 
13 70 3.77 m 0.040 0.027 0.716 1.061 1.10 309 
14 60 2.54 f 0.053 0.019 0.748 2.087 1.18 123267 
15 67 3.32 m 0.038 0.025 0.753 1.145 1.10 583 
16 60 2.43 m 0.025 0.005 0.206 1.029 1.13 267 
17 60 2.20 f 0.046 0.015 0.682 2.091 1.02 237896 
18 55 1.94 f 0.020 0.020 1.031 1.031 1.17 65785 
19 55 2.03 f 0.036 0.019 0.936 1.773 1.22 890737 
20 55 1.76 f 0.040 0.033 1.875 2.273 1.06 94376 
21 59 2.32 f 0.060 0.018 0.776 2.586 1.13 578344 
22 57 1.65 f 0.028 0.016 0.970 1.697 0.89 85947 
23 56 1.56 f 0.022 0.027 1.731 1.410 0.89 123754 
24 56 1.99 f 0.026 0.023 1.156 1.307 1.13 321774 
25 56 1.89 f 0.015 0.016 0.847 0.794 1.08 48730 
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BMT 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 73 4.59 m 0.075 0.050 1.089 1.634 1.18 213 
2 82 6.10 m 0.060 0.067 1.098 0.984 1.11 ND 
3 75 4.85 f 0.075 0.090 1.856 1.546 1.15 754874 
4 69 3.51 m 0.043 0.025 0.712 1.225 1.07 738 
5 75 4.68 f 0.110 0.061 1.303 2.350 1.11 123156 
6 71 4.03 m 0.041 0.025 0.620 1.017 1.13 565 
7 73 4.21 m 0.052 0.031 0.736 1.235 1.08 743 
8 67 3.21 m 0.028 0.028 0.872 0.872 1.07 ND 
9 70 3.67 m 0.050 0.035 0.954 1.362 1.07 341 
10 65 3.50 f 0.090 0.047 1.343 2.571 1.27 242728 
11 72 3.89 f 0.094 0.036 0.925 2.416 1.04 72873 
12 67 3.31 m 0.041 0.003 0.091 1.239 1.10 672 
13 68 3.73 m 0.046 0.038 1.019 1.233 1.19 234 
14 65 2.77 m 0.044 0.017 0.614 1.588 1.01 989 
15 68 3.75 m 0.017 0.030 0.800 0.453 1.19 782 
16 60 2.29 m 0.020 0.012 0.524 0.873 1.06 345 
17 63 2.91 m 0.045 0.014 0.481 1.546 1.16 99 
18 66 3.35 m 0.045 0.026 0.776 1.343 1.17 108 
19 66 2.87 f 0.050 0.032 1.115 1.742 1.00 89284 
20 62 2.84 f 0.059 0.032 1.127 2.077 1.19 674386 
21 67 2.76 m 0.052 0.014 0.507 1.884 0.92 323 
22 61 2.49 f 0.040 0.040 1.606 1.606 1.10 65465 
23 62 2.36 f 0.050 0.016 0.678 2.119 0.99 541874 
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RM 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 80 6.06 f 0.070 0.087 1.436 1.155 1.18 245263 
2 63 2.77 m 0.045 0.004 0.144 1.625 1.11 321 
3 67 3.06 f 0.032 0.039 1.275 1.046 1.02 67438 
4 69 3.59 f 0.048 0.047 1.309 1.337 1.09 97927 
5 66 3.02 f 0.055 0.036 1.192 1.821 1.05 678268 
6 85 7.58 f 0.121 0.054 0.712 1.596 1.23 24233 
7 68 3.66 f 0.078 0.043 1.175 2.131 1.16 45628 
8 74 4.29 f 0.066 0.037 0.862 1.538 1.06 784973 
9 64 2.49 f 0.043 0.036 1.446 1.727 0.95 62872 
10 70 3.89 m 0.023 0.040 1.028 0.591 1.13 757 
11 65 2.73 f 0.034 0.041 1.502 1.245 0.99 212344 
12 58 2.00 f 0.027 0.022 1.100 1.350 1.03 433131 
13 65 2.93 f 0.055 0.055 1.877 1.877 1.07 98683 
14 62 2.37 f 0.048 0.035 1.477 2.025 0.99 57824 
15 60 2.11 f 0.035 0.035 1.659 1.659 0.98 78273 
16 63 2.37 f 0.031 0.036 1.519 1.308 0.95 235622 
 
 
 
BMW 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL-1) 
1 75 4.84 f 0.070 0.062 1.281 1.446 1.15 467272 
2 75 5.14 f 0.127 0.066 1.284 2.471 1.22 78473 
3 62 3.05 f 0.070 0.042 1.377 2.295 1.28 54723 
4 68 3.45 m 0.035 0.011 0.319 1.014 1.10 212 
5 79 5.00 f 0.080 0.111 2.220 1.600 1.01 325446 
6 79 5.87 m 0.070 0.040 0.681 1.193 1.19 646 
7 58 1.90 f 0.037 0.028 1.474 1.947 0.97 324383 
8 69 4.07 m 0.055 0.014 0.344 1.351 1.24 123 
9 74 4.41 m 0.045 0.019 0.431 1.020 1.09 972 
10 69 3.07 m 0.013 0.012 0.391 0.423 0.93 548 
11 64 2.91 m 0.023 0.011 0.378 0.790 1.11 692 
12 68 3.18 m 0.026 0.020 0.629 0.818 1.01 432 
13 73 3.91 f 0.094 0.045 1.151 2.404 1.01 134360 
14 61 2.61 m 0.027 0.013 0.498 1.034 1.15 ND 
15 63 2.85 m 0.048 0.015 0.526 1.684 1.14 ND 
16 60 2.19 m 0.042 0.005 0.228 1.918 1.01 643 
17 48 1.86 f 0.018 0.026 1.398 0.968 1.68 578282 
18 55 1.58 f 0.033 0.020 1.266 2.089 0.95 13207 
19 68 1.98 f 0.028 - - 1.414 0.63 45632 
20 60 2.28 f 0.048 0.031 1.360 2.105 1.06 6783468 
21 60 2.93 f 0.048 0.020 0.683 1.638 1.36 35293 
22 50 1.65 f 0.023 0.022 1.333 1.394 1.32 45222 
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BB 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 73 4.64 m 0.087 0.030 0.647 1.875 1.19 ND 
2 69 3.57 m 0.092 0.021 0.588 2.577 1.09 345 
3 65 3.07 m 0.047 0.025 0.814 1.531 1.12 654 
4 69 3.44 m 0.053 0.030 0.872 1.541 1.05 112 
5 82 6.21 f 0.110 0.113 1.820 1.771 1.13 75387 
6 68 3.05 f 0.040 0.033 1.082 1.311 0.97 123353 
7 63 2.79 m 0.044 0.019 0.681 1.577 1.12 54 
8 71 3.73 m 0.055 0.059 1.582 1.475 1.04 657 
9 63 2.22 f 0.038 0.039 1.757 1.712 0.89 534311 
10 67 2.80 m 0.034 0.025 0.893 1.214 0.93 453 
11 68 3.59 m 0.038 0.035 0.975 1.058 1.14 532 
12 68 3.17 f 0.090 0.043 1.356 2.839 1.01 674534 
13 64 2.78 f 0.060 0.045 1.619 2.158 1.06 431231 
14 69 3.25 m 0.024 0.025 0.769 0.738 0.99 ND 
15 66 2.61 f 0.046 0.036 1.379 1.762 0.91 76765 
16 60 2.37 f 0.072 0.028 1.181 3.038 1.10 435454 
17 65 2.60 m 0.034 0.021 0.808 1.308 0.95 754 
18 63 2.84 f 0.057 0.036 1.268 2.007 1.14 234255 
19 59 2.29 m 0.029 0.019 0.830 1.266 1.12 134 
20 62 2.23 f 0.022 0.034 1.525 0.987 0.94 54354 
21 60 2.17 f 0.062 0.022 1.014 2.857 1.00 312436 
22 57 1.93 f 0.055 0.038 1.969 2.850 1.04 463652 
23 58 1.58 f 0.026 0.028 1.772 1.646 0.81 21343 
24 56 1.68 f 0.029 0.033 1.964 1.726 0.96 65465 
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B3 
        
 
Fish 
no. 
Length 
(mm) 
Weight 
(g) Sex 
Liver 
(g) 
Gonad 
(g) GSI HSI K 
VTG (ng 
mL
-1)
 
1 78 6.18 m 0.070 0.063 1.019 1.133 1.30 758 
2 72 4.53 f 0.114 0.086 1.898 2.517 1.21 187904 
3 68 4.15 f 0.113 0.053 1.277 2.723 1.32 63786 
4 73 4.65 m 0.039 0.031 0.667 0.839 1.20 336 
5 75 4.54 f 0.113 0.086 1.894 2.489 1.08 154768 
6 58 3.40 m 0.040 0.019 0.559 1.176 1.74 937 
7 70 4.10 m 0.063 0.044 1.073 1.537 1.20 552 
8 57 1.84 f 0.037 0.022 1.196 2.011 0.99 12130 
9 68 3.45 m 0.047 0.047 1.362 1.362 1.10 545 
10 69 3.79 m 0.042 0.025 0.660 1.108 1.15 120 
11 60 2.20 f 0.052 0.034 1.545 2.364 1.02 65757 
12 67 3.31 f 0.050 0.031 0.937 1.511 1.10 87542 
13 65 3.21 m 0.050 0.023 0.717 1.558 1.17 ND 
14 62 2.44 f 0.065 0.022 0.902 2.664 1.02 231143 
15 65 4.00 m 0.050 0.032 0.800 1.250 1.46 76 
16 68 3.54 f 0.078 0.067 1.893 2.203 1.13 654321 
17 67 2.75 f 0.059 0.045 1.636 2.145 0.91 12324 
18 59 2.24 f 0.072 0.028 1.250 3.214 1.09 86753 
19 62 2.68 f 0.088 0.084 3.134 3.284 1.12 32467 
20 66 2.72 f 0.059 0.045 1.654 2.169 0.95 177563 
21 61 2.63 m 0.026 0.034 1.293 0.989 1.16 335 
22 51 2.48 f 0.066 0.037 1.492 2.661 1.87 432436 
23 59 1.86 f 0.032 0.032 1.720 1.720 0.91 65544 
24 58 1.90 f 0.055 0.059 3.105 2.895 0.97 98564 
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APPENDIX B – CAGED BULLHEAD DATA 
 
BULLHEADS 
       
Date Fish No. Sex 
Length 
(mm) 
Weight 
(g) Site/River VTG (ng ml-1) K 
24/09/2010 5 M 65 4.08 STL EFF 342 1.49 
24/09/2010 6 M 55 2.14 STL EFF 863 1.29 
24/09/2010 7 M 60 3.33 STL EFF 453 1.54 
24/09/2010 8 M 62 3.83 STL EFF 265 1.61 
24/09/2010 9 M 59 2.81 STL EFF 934 1.37 
24/09/2010 10 M 61 2.82 STL EFF 128 1.24 
24/09/2010 11 M 60 2.66 STL EFF 743 1.23 
24/09/2010 12 M 42 1.12 STL EFF 145 1.51 
24/09/2010 13 M 51 2.36 STL EFF 321 1.78 
24/09/2010 14 M 60 3.02 STL EFF 297 1.40 
24/09/2010 15 M 73 5.21 STL EFF 547 1.34 
24/09/2010 16 F 48 1.76 STL EFF 234980 1.59 
 
BULLHEADS               
Date Fish No. Sex 
Length 
(mm) 
Weight 
(g) Site/River VTG (ng ml-1) K 
24/09/2010 1 M 45 1.40 STL U/S 563 1.54 
24/09/2010 2 M 67 4.09 STL U/S 112 1.36 
24/09/2010 3 M 78 5.67 STL U/S 89 1.19 
24/09/2010 4 M 49 1.88 STL U/S 758 1.60 
24/09/2010 5 M 56 2.36 STL U/S 238 1.34 
24/09/2010 6 M 77 5.67 STL U/S 570 1.24 
24/09/2010 7 M 54 2.21 STL U/S 536 1.40 
24/09/2010 8 M 57 2.44 STL U/S 216 1.32 
24/09/2010 9 M 63 3.39 STL U/S 674 1.36 
 
 
BULLHEADS               
Date Fish No. Sex 
Length 
(mm) 
Weight 
(g) Site/River VTG (ng ml-1) K 
24/09/2010 1 F 71 5.23 LIFTON U/S 167900 1.46 
24/09/2010 2 M 82 7.32 LIFTON U/S 768 1.33 
24/09/2010 3 M 64 3.03 LIFTON U/S 155 1.16 
24/09/2010 4 F 56 2.01 LIFTON U/S 324098 1.14 
24/09/2010 5 F 56 2.28 LIFTON U/S 298075 1.30 
24/09/2010 6 M 68 3.88 LIFTON U/S 234 1.23 
24/09/2010 7 M 70 4.98 LIFTON U/S 302 1.45 
24/09/2010 8 M 62 4.22 LIFTON U/S 578 1.77 
24/09/2010 9 M 64 3.13 LIFTON U/S 66 1.19 
24/09/2010 10 F 51 1.98 LIFTON U/S 249046 1.49 
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BULLHEADS               
Date 
Fish 
No. Sex 
Length 
(mm) 
Weight 
(g) Site/River 
VTG (ng 
ml-1) K 
24/09/2010 1 M 56 2.26 LIFTON EFF 578 1.29 
24/09/2010 2 M 68 3.61 LIFTON EFF 328 1.15 
24/09/2010 3 M 57 2.55 LIFTON EFF 120 1.38 
24/09/2010 4 M 83 7.66 LIFTON EFF 430 1.34 
24/09/2010 5 M 72 5.22 LIFTON EFF 210 1.40 
24/09/2010 6 M 59 2.67 LIFTON EFF 540 1.30 
24/09/2010 7 M 58 2.87 LIFTON EFF 126 1.47 
24/09/2010 8 M 77 5.34 LIFTON EFF 880 1.17 
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APPENDIX C – CAGED TROUT DATA 
 
RAINBOW 
TROUT                           
Date 
Fish 
No. Tag No. 
Length 
(cm) 
Weight 
(g) 
VTG (ng 
ml
-1
) Date 
Length 
(cm) 
Weight 
(g) Site/River 
VTG after 
exposure 
K 
before 
K 
after 
K 
difference 
11/08/2010 36 108002773 19.60 112.83 21381.00 24/09/2010 20.7 121.53 CONTROL 680 1.50 1.37 -0.13 
11/08/2010 29 108004335 22.10 161.23   24/09/2010 23 174.93 CONTROL 138 1.49 1.44 -0.06 
11/08/2010 8 108005573 24.00 195.05 76552.00 24/09/2010 24.4 190.09 CONTROL 2053 1.41 1.31 -0.10 
11/08/2010 43 108005589 22.50 163.77   24/09/2010 23.9 166.59 CONTROL 917 1.44 1.22 -0.22 
11/08/2010 9 108009332 21.40 152.22 11496.00 24/09/2010 22.9 151.68 CONTROL 713 1.55 1.26 -0.29 
11/08/2010 26 108009791 22.10 189.11   24/09/2010 23.5 190.17 CONTROL 78 1.75 1.47 -0.29 
11/08/2010 23 108013298 21.50 140.94   24/09/2010 20.3 122.96 CONTROL 251 1.42 1.47 0.05 
11/08/2010 71 108014580 19.50 110.59   24/09/2010 20.8 119.21 CONTROL 2018 1.49 1.32 -0.17 
11/08/2010 77 108014593 21.90 163.89   24/09/2010 23.3 176.26 CONTROL 336 1.56 1.39 -0.17 
11/08/2010 68 108016887 20.90 131.68   24/09/2010 20 105.76 CONTROL 1146 1.44 1.32 -0.12 
11/08/2010 63 2022286432 23.90 210.10   24/09/2010 24.8 213.63 CONTROL 152 1.54 1.40 -0.14 
11/08/2010 57 2025746265 22.90 187.48   24/09/2010 23.5 180.51 CONTROL 426 1.56 1.39 -0.17 
11/08/2010 1 1F22225944 22.60 161.69   24/09/2010 23.5 170.62 CONTROL 2307 1.40 1.31 -0.09 
11/08/2010 56 2032726D4F 21.90 160.41   24/09/2010 23 169.25 CONTROL 722 1.53 1.39 -0.14 
11/08/2010 58 203360261B 22.00 171.59   24/09/2010 23.1 175.25 CONTROL 824 1.61 1.42 -0.19 
11/08/2010 41 20335D4709 22.50 159.36   24/09/2010 22.1 150.92 CONTROL 1236 1.40 1.40 0.00 
11/08/2010 81 108004045 21.90 152.11   24/09/2010 22 135.29 CONTROL 399 1.45 1.27 -0.18 
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RAINBOW 
TROUT                           
Date 
Fish 
No. Tag No. 
Length 
(cm) 
Weight 
(g) 
VTG (ng 
ml
-1
) Date 
Length 
(cm) 
Weight 
(g) Site/River 
VTG after 
exposure 
K 
before 
K 
after 
K 
difference 
11/08/2010 88 108002554 24.00 210.07   24/09/2010 24.4 179.29 LW EFF 573 1.52 1.23 -0.29 
11/08/2010 79 108003070 21.90 161.06   24/09/2010 21.7 132.22 LW EFF 367 1.53 1.29 -0.24 
11/08/2010 2 108003621 20.60 136.64 58238.00 24/09/2010 20.6 117.29 LW EFF 593 1.56 1.34 -0.22 
11/08/2010 64 108005045 21.40 133.01   24/09/2010 21.5 116.8 LW EFF 140 1.36 1.18 -0.18 
11/08/2010 48 108005121 22.00 149.31   24/09/2010 22.9 134.88 LW EFF 204 1.40 1.12 -0.28 
11/08/2010 85 108006333 24.30 217.40   24/09/2010 25 198.69 LW EFF 296 1.52 1.27 -0.24 
11/08/2010 78 108007301 20.50 121.06   24/09/2010 21 109.74 LW EFF 165 1.41 1.18 -0.22 
11/08/2010 31 108007821 23.10 177.80   24/09/2010 21.7 143.37 LW EFF 216 1.44 1.40 -0.04 
11/08/2010 28 108009013 23.50 178.70   24/09/2010 23.6 155.33 LW EFF 641 1.38 1.18 -0.20 
11/08/2010 62 108009546 22.00 154.19   24/09/2010 21.6 138.44 LW EFF 172 1.45 1.37 -0.07 
11/08/2010 30 108009600 22.30 152.67   24/09/2010 22.8 150.99 LW EFF 220 1.38 1.27 -0.10 
11/08/2010 13 108011029 23.40 180.74 39300.00 24/09/2010 22.8 165.4 LW EFF 564 1.41 1.40 -0.02 
11/08/2010 11 108012830 20.20 121.24 n.d. 24/09/2010 20.5 107.58 LW EFF 366 1.47 1.25 -0.22 
11/08/2010 90 108013292 21.10 144.36   24/09/2010 21 132.95 LW EFF 226 1.54 1.44 -0.10 
11/08/2010 49 108013354 22.70 172.26   24/09/2010 23 150.77 LW EFF 300 1.47 1.24 -0.23 
11/08/2010 86 108014319 23.70 177.04   24/09/2010 22.8 142.14 LW EFF 346 1.33 1.20 -0.13 
11/08/2010 17 108015060 20.70 131.29 59839.00 24/09/2010 20.8 114.97 LW EFF 485 1.48 1.28 -0.20 
11/08/2010 32 2.004E+09 19.70 117.46   24/09/2010 20.2 106.74 LW EFF 217 1.54 1.30 -0.24 
11/08/2010 94 200C374D50 20.20 127.46   24/09/2010 22.5 162.45 LW EFF 427 1.55 1.43 -0.12 
11/08/2010 37 7F7D185F74 22.40 180.54   24/09/2010 22.6 152.08 LW EFF 247 1.61 1.32 -0.29 
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RAINBOW 
TROUT                           
Date 
Fish 
No. Tag No. 
Length 
(cm) 
Weight 
(g) 
VTG (ng 
ml
-1
) Date 
Length 
(cm) 
Weight 
(g) Site/River 
VTG after 
exposure 
K 
before 
K 
after 
K 
difference 
11/08/2010 42 108001570 22.10 162.28   24/09/2010 22.9 137.8 LIFTON U/S 290 1.50 1.15 -0.36 
11/08/2010 95 108003035 21.00 137.87   24/09/2010 21.6 122.36 LIFTON U/S 141 1.49 1.21 -0.27 
11/08/2010 87 108004806 21.80 161.98   24/09/2010 22.3 140.25 LIFTON U/S 892 1.56 1.26 -0.30 
11/08/2010 19 108005339 21.30 153.55 14209.00 24/09/2010 22.4 143.33 LIFTON U/S 160 1.59 1.28 -0.31 
11/08/2010 34 108005873 19.80 111.41   24/09/2010 19.8 96.74 LIFTON U/S 123 1.44 1.25 -0.19 
11/08/2010 65 108006862 21.80 157.05   24/09/2010 22.4 131.41 LIFTON U/S 62 1.52 1.17 -0.35 
11/08/2010 73 108009596 21.80 147.26   24/09/2010 22.6 129.48 LIFTON U/S 244 1.42 1.12 -0.30 
11/08/2010 66 108011064 22.00 153.22   24/09/2010 22.5 125.86 LIFTON U/S 123 1.44 1.10 -0.33 
11/08/2010 14 108012070 24.50 199.34 6017.00 24/09/2010 24.4 176.18 LIFTON U/S 680 1.36 1.21 -0.14 
11/08/2010 10 108012266 20.00 125.36 96002.00 24/09/2010 20.5 106.15 LIFTON U/S 206 1.57 1.23 -0.33 
11/08/2010 92 108012363 22.10 162.31   24/09/2010 22.5 139.22 LIFTON U/S 99 1.50 1.22 -0.28 
11/08/2010 72 108013030 21.70 144.45   24/09/2010 22 125.96 LIFTON U/S 760 1.41 1.18 -0.23 
11/08/2010 82 108014017 23.50 203.20   24/09/2010 24 178.38 LIFTON U/S 391 1.57 1.29 -0.28 
11/08/2010 59 108014607 22.60 175.46   24/09/2010 22.9 148.98 LIFTON U/S 402 1.52 1.24 -0.28 
11/08/2010 93 108015072 22.40 160.75   24/09/2010 22.6 138.15 LIFTON U/S 240 1.43 1.20 -0.23 
11/08/2010 27 108015541 23.50 203.45   24/09/2010 23.4 177.68 LIFTON U/S 111 1.57 1.39 -0.18 
11/08/2010 15 108016308 20.40 124.90 163912.00 24/09/2010 20.9 109.58 LIFTON U/S 77 1.47 1.20 -0.27 
11/08/2010 5 108016381 20.20 130.57 756.00 24/09/2010 20 114.75 LIFTON U/S 60 1.58 1.43 -0.15 
11/08/2010 51 2.001E+09 23.20 187.91   24/09/2010 23.5 164.08 LIFTON U/S 505 1.50 1.26 -0.24 
11/08/2010 47 1F14230525 23.10 189.71   24/09/2010 24 168.88 LIFTON U/S 132 1.54 1.22 -0.32 
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RAINBOW 
TROUT                           
Date 
Fish 
No. Tag No. 
Length 
(cm) 
Weight 
(g) 
VTG (ng 
ml
-1
) Date 
Length 
(cm) 
Weight 
(g) Site/River 
VTG after 
exposure 
K 
before 
K 
after 
K 
difference 
11/08/2010 55 108002825 25.00 206.55   24/09/2010 25.5 175.35 STL EFF 39 1.32 1.06 -0.26 
11/08/2010 75 108003573 21.30 135.53   24/09/2010 21.8 117.78 STL EFF 847 1.40 1.14 -0.27 
11/08/2010 25 108003630 24.20 204.57   24/09/2010 24.8 171.01 STL EFF 143 1.44 1.12 -0.32 
11/08/2010 74 108005019 22.20 166.75   24/09/2010 23.2 148.56 STL EFF 353 1.52 1.19 -0.33 
11/08/2010 18 108005779 22.40 175.20 83721.00 24/09/2010 22.8 152.3 STL EFF 567 1.56 1.28 -0.27 
11/08/2010 21 108006057 22.10 159.06   24/09/2010 23 148.09 STL EFF 264 1.47 1.22 -0.26 
11/08/2010 52 108006326 22.90 158.34   24/09/2010 22.8 132.36 STL EFF 285 1.32 1.12 -0.20 
11/08/2010 70 108008105 22.80 161.75   24/09/2010 23.2 140.71 STL EFF 1553 1.36 1.13 -0.24 
11/08/2010 83 108008256 22.50 160.39   24/09/2010 22.7 139.54 STL EFF 213 1.41 1.19 -0.22 
11/08/2010 54 108009588 21.60 145.90   24/09/2010 22 129.64 STL EFF 13 1.45 1.22 -0.23 
11/08/2010 38 108011364 21.20 154.58   24/09/2010 22.8 143.36 STL EFF 154 1.62 1.21 -0.41 
11/08/2010 96 2.02E+09 21.10 148.50   24/09/2010 21.7 132.76 STL EFF 310 1.58 1.30 -0.28 
11/08/2010 91 2.023E+09 21.20 145.82   24/09/2010 22.4 125.88 STL EFF 299 1.53 1.12 -0.41 
11/08/2010 89 2.024E+09 21.30 139.56   24/09/2010 21.8 123.12 STL EFF 1264 1.44 1.19 -0.26 
11/08/2010 39 2.026E+09 20.10 116.34   24/09/2010 20.8 107.08 STL EFF 455 1.43 1.19 -0.24 
11/08/2010 84 1F141F6A44 20.50 123.63   24/09/2010 21.2 106.1 STL EFF 153 1.44 1.11 -0.32 
11/08/2010 24 1F22207F20 19.50 124.62   24/09/2010 20.3 109.83 STL EFF 448 1.68 1.31 -0.37 
11/08/2010 69 20052C5F50 22.90 176.53   24/09/2010 23.5 158.98 STL EFF 371 1.47 1.23 -0.24 
11/08/2010 61 20262B3C53 23.60 182.15   24/09/2010 24 161.01 STL EFF 49 1.39 1.16 -0.22 
11/08/2010 40 203377694D 24.80 202.25   24/09/2010 25 178.2 STL EFF 275 1.33 1.14 -0.19 
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RAINBOW 
TROUT                           
Date 
Fish 
No. Tag No. 
Length 
(cm) 
Weight 
(g) 
VTG (ng 
ml
-1
) Date 
Length 
(cm) 
Weight 
(g) Site/River 
VTG after 
exposure 
K 
before 
K 
after 
K 
difference 
11/08/2010 20 108002545 21.50 154.45 85341.00 24/09/2010 22.5 138.1 STL U/S 399 1.55 1.21 -0.34 
11/08/2010 33 108002778 20.10 118.99   24/09/2010 20.8 104.43 STL U/S 59 1.47 1.16 -0.30 
11/08/2010 6 108004537 22.00 156.49 39909.00 24/09/2010 22.2 136.75 STL U/S 63 1.47 1.25 -0.22 
11/08/2010 46 108005377 21.00 150.71 n.d. 24/09/2010 22 128.12 STL U/S 36 1.63 1.20 -0.42 
11/08/2010 44 108006345 22.10 174.62   24/09/2010 22.5 144.51 STL U/S 456 1.62 1.27 -0.35 
11/08/2010 22 108006357 21.50 152.67 n.d. 24/09/2010 22.1 125.64 STL U/S 127 1.54 1.16 -0.37 
11/08/2010 50 108007526 21.50 141.76   24/09/2010 22 126.52 STL U/S 34 1.43 1.19 -0.24 
11/08/2010 100 108010831 22.50 166.16   24/09/2010 23 148.34 STL U/S 765 1.46 1.22 -0.24 
11/08/2010 45 108014844 21.40 140.44   24/09/2010 19.9 99.6 STL U/S 353 1.43 1.26 -0.17 
11/08/2010 60 108014853 20.60 128.34   24/09/2010 21.1 109.26 STL U/S 763 1.47 1.16 -0.31 
11/08/2010 97 108014893 20.50 128.53   24/09/2010 21.1 107.38 STL U/S 238 1.49 1.14 -0.35 
11/08/2010 7 108015069 23.10 166.47 83901.00 24/09/2010 23.1 140.91 STL U/S 532 1.35 1.14 -0.21 
11/08/2010 16 108016069 21.20 138.20 37784.00 24/09/2010 21.8 114.8 STL U/S 11 1.45 1.11 -0.34 
11/08/2010 76 108017098 24.60 218.75   24/09/2010 24.5 175.26 STL U/S 46 1.47 1.19 -0.28 
11/08/2010 12 2.023E+09 21.60 141.95 64997.00 24/09/2010 22.1 120.78 STL U/S 785 1.41 1.12 -0.29 
11/08/2010 35 20020F034C 23.40 196.29   24/09/2010 23.8 159.5 STL U/S 1011 1.53 1.18 -0.35 
11/08/2010 4 2005480A09 22.30 164.41 10959.00 24/09/2010 22.8 140.26 STL U/S 435 1.48 1.18 -0.30 
11/08/2010 80 201F5D0064 21.60 173.06   24/09/2010 22 123.89 STL U/S 87 1.72 1.16 -0.55 
11/08/2010 53 202379556F 22.60 158.42   24/09/2010 23.2 136.61 STL U/S 133 1.37 1.09 -0.28 
11/08/2010 67 20263D2459 21.80 152.15   24/09/2010 22.2 128.29 STL U/S 775 1.47 1.17 -0.30 
 
 
 
